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1 INTRODUCTION 

1.1 The plastic as a global environmental issue 

Since the large scale production of plastic began in the 1950s, plastics have become a part of our everyday 

life with very many benefits for society. Despite many technological advances, however, growing plastic 

production, single use plastic utilization and  low-recycling rates are creating an increasingly waste stream 

that is outstripping our capacity for waste management. If current production and waste management trends 

continue, roughly 12,000 million metric tons (Mt) of plastic debris will be in the natural environment by 2050 

(Geyer et al., 2017), anyway, different impacts of plastic pollution are already visible on ecosystems and 

organisms.   

Plastics are a group of synthetic organic polymers mainly synthesized from fossil fuels such as natural gas, oil 

or coal, although biomass sources can also be used as a feedstock to produce bioplastics, which, however, 

are not necessarily biodegradable (UNEP, 2016). Polymers may consist of repeating identical monomers units 

(homopolymers) or different sub-units in various possible sequences (copolymers). Among homopolymers, 

6 main classes dominate the markets of plastic materials, accounting for 80% of globally production: 

polyethylene (PE, high and low density), polypropylene (PP), polyvinyl chloride (PVC), polystyrene (PS, 

including expanded EPS), polyurethane (PUR) and polyethylene terephthalate (PET) (PlasticsEurope, 2018). 

Copolymerization, on the other hand, provides a convenient method of combining desirable properties of 

two or more materials in the same polymer (Cowie, 2013), for example ABS is a thermopolymer with versatile 

applications taking advantages of the thermal and chemical strength of acrylonitrile, the duttility of 

butadiene and the brilliance, easy processing and low cost of styrene (Piergiovanni and Limbo, 2010). 

Moreover, today, the market pressure is so high that producers of plastics need to provide better and more 

economic materials with superior combinations of properties as a replacement for the traditional polymers 

(Parameswaranpillai et al., 2015). So, exploiting over 70 years of research and progress in synthetic chemistry, 

existing polymers are mixing to create new plastics with different physical properties (i.e. blends and alloys) 

(Hope and Folkes, 1993; Ruzette and Leibler, 2005). Plastic polymers are rarely used in products alone (virgin 

resin pellet) and are normally mixed with additive chemicals during the manufacturing process to further 

enhance its performance (GESAMP, 2015). There are several thousand such additives in use, with different 

plastics requiring different formulations dependent on their use (Lithner et al., 2011). Organic fillers, such as 

silica, can impart strength, flame retardants such as polybrominated diphenyl ethers (PBDEs) can improve 

fire resistance, and plasticisers like phthalates can be used to impart flexibility. Colorants can also be used to 

enhance the appearance of the material. In addition, alkylphenol ethoxylates are used as antioxidants and 

organotins as stabilising agents (Lithner et al., 2011). 

As a result, thousands of heterogeneous and novel plastic materials have been produced and continuously 

synthesized to meet the needs of a wide variety of market sectors or of specific applications (Piergiovanni 

and Limbo, 2010) in the field of packaging, building and construction, automotive, electrical and electronic, 

textile, agriculture, sports, health and safety and others (PlasticsEurope, 2018). Only in the European Union 

there are approximately 30,000 different polymer materials registered for use (Horton et al., 2017). Basing 

on the global analysis of all-mass produced plastics performed by Geyer et al., (2017), the total amount of 

products manufactured from 1950 through 2015 was 8300 Mt, that include polymer resins, synthetic fibers 

(polyester, polyamide and acrylic (PP&A)), and additives. Data on fibers and additives production are not 

readily available and have typically been omitted until the cited study. Fibers are, instead, important 

components to consider in order to understand sources and fate of plastic in the environment and additives 

are an environmental concern since they both extend the degradation times of plastic in the environment 

and may, in addition, leach out, introducing potentially hazardous chemicals with the related risk for wild-

life and human health (Cole et al., 2011). 
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Plastics can enter the environment at all stages of their production-use-disposal cycle, although this is 

especially prevalent at disposal due to inadequate waste management and inappropriate discarding (UNEP, 

2016). Once plastics have entered the environment their durability, which gives them such an advantage as 

materials, makes them persistent, pervasive and accumulating global pollutants that resist biodegradation 

(Andrady, 2015). As a result, apart from the proportion of plastic that has been incinerated, it can be argued 

that all of the plastic waste that has ever been produced is still somewhere in the environment today.  

Plastic litter has been found in terrestrial (Rillig et al., 2017; de Souza Machado et al., 2018; Ng et al., 2018; 

Bläsing and Amelung, 2018), freshwater, such as lakes and rivers (Lambert and Wagner, 2018; Driedge et al., 

2015; Horton et al., 2017; Blettler et al., 2018; Wu et al., 2018; Khan et al., 2018), estuarine, coastal and 

marine environments (Barnes et al., 2009; Law, 2017; Willis et al., 2017; Krelling et al., 2017; Gago et al., 

2018) around the world, especially in areas of high anthropogenic influence such as urban, agricultural or 

fishing areas (Horton et al., 2017). However, plastics have been found even in remote sites of the world 

including deep-sea sediments (Van Cauwenberghe et al., 2013; Woodall et al., 2014), submarine canyons 

(Pham et al., 2014) and encapsulated in Arctic sea ice (Obbard et al., 2014), far from any potential land-based 

source. It has even been observed in some locations that plastic debris can fuse together, becoming 

associated with volcanic rocks, sediment and organic materials forming ‘plastiglomerates’, solid rock-like 

substances, that have the potential to become preserved in the fossil record (Horton et al., 2017). Plastic is 

so ubiquitous that it has been suggested as a stratigraphic indicator of Anthropocene (Corcoran et al., 2014; 

Zalasiewicz et al., 2016). In addition, it has to consider that many plastic materials that enter the environment 

will not remain stationary. Instead, they will be transported between environmental compartments (e.g. 

from land to rivers and the sea, and from rivers and sea to land during flooding, storm events or tidal surges), 

with varying residence times in each (Lambert and Wagner, 2018), that depend on many factors, including 

human behaviors, such as littering or recycling, plastics characteristics such as density, shape and size, 

weather and environmental topography and hydrology (Horton et al., 2017). 

1.2 Plastic in the marine environment 

The marine environment represents the major natural environment affected by plastic pollution: it is 

estimated that between 4.8 and 12.7 Mt of plastic debris enter the oceans annually (Jambeck et al., 2015).  

The release of plastics into the marine environment occurs through a variety of pathways, that include 

deliberate or accidental direct inputs from land-based (e.g. mismanage of household, agriculture and 

industrial solid wastes, shoreline littering, coastal tourism) or sea-based sources (e.g. fisheries, aquaculture, 

commercial shipping and offshore industries, tourist cruises, recreational users) and indirect inputs from land 

via rivers, drainage, sewage systems, atmosphere (UNEP, 2016).   

Once plastic materials have entered the ocean they can be distributed throughout the coastline, the surface 

waters, the water column, the seabed and biota: actually, they are identified in all of such compartments, 

representing a global ocean phenomenon (Barnes et al., 2009). The study on plastic distribution in marine 

environment is important to better understand  its environmental fate (Goldstein et al., 2013) and to evaluate 

which organisms should be more affected by their exposure (Andrady, 2017). 

Under the influence of oceanic circulation, floating items tend to accumulate in defined “hot spots” areas 

where they are retained over long time periods (Law et al., 2017) as observed in large-scale subtropical ocean 

gyres (i.e. North Atlantic, South Atlantic, North Pacific and South Pacific, South Indian) defined “garbage 
patches” by Kaiser et al., 2010). In these areas, convergent surface currents can accumulate debris in 

concentrations many orders of magnitude larger than in other regions of the world ocean, reaching densities 

as high as 890,000 pieces/km2 (Eriksen et al., 2014). Moreover, in enclosed seas, such as the Mediterranean, 

surface water is retained for long periods because of limited exchange with the North Atlantic (Collignon et 

al., 2012). In this area, the average density of plastic (1 item per 4 m2) as well as its frequency of occurrence, 
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are comparable to those found in accumulation zones described for the five subtropical ocean gyres (Kaiser, 

2010), resulting in accumulation of floating plastic between 1,000 and 3,000 tons (Cózar et al., 2015).  

As a result of long distance transport by surface currents, plastics can be also driven towards remote regions, 

such as the Poles or ocean islands having low population densities or even inhabited. A citizen-science study 

recently reported the presence of plastics on six beaches of the Svalbard Archipelago (Bergmann et al., 

2017a). Analyses of ice cores collected across the Arctic Circle pointed to a considerable abundance of plastics 

into the sea ice, ranging from 38 to 234 particles/m3, that are several orders of magnitude greater than those 

reported in waters of the North Pacific Subtropical Gyre (0.12 particles/m3) (Obbard et al., 2014). In contrast, 

recent measurements of plastic debris in the Arctic surface waters produced by Cózar et al., (2017) have 

shown low to moderate concentrations ranged between 0 and 27,000 items/km2, with none finding evidence 

of accumulation of the floating plastic on a large scale previously hypothesized (Cózar et al., 2014; Lusher et 

al., 2015; Bergmann et al., 2016). Conversely, plastic is confined in the Greenland and Barents seas with 

concentrations up to 320,000 items/km2, driven by the Thermohaline Circulation, that actively advects warm 

surface water from low to high latitudes across the North Atlantic Ocean to the Arctic (Kuhlbrodt et al., 2012). 

Therefore, the Northeastern Atlantic sector of the Arctic Ocean can be characterized as the single, dominant 

high accumulation zone for floating plastic debris in this area, confirming the long-term predictions provided 

by ocean circulation models in 2013 (van Sebille et al., 2012). Floating litter items are also present in the 

Antarctic Ocean, although densities are low and concentrations have been only estimated as 2-3 orders of 

magnitude smaller than areas of other oceans (Barnes et al., 2009; Isobe et al., 2017). 

An increase in beached debris was recorded on pristine and isolated islands that mirrors the long-term 

accumulation and the increased abundance of debris in our oceans (Ryan et al., 2009; Eriksen et al., 2014; 

Monteiro et al., 2018). In addition, most of these islands are closed to oceanic plastic accumulation zones, 

acting as important sinks for some of the waste accumulated in these areas (Lavers and Bond, 2017). For 

example, on the surface of the beaches of Henderson Island, located on the western boundary of the South 

Pacific Gyre, the density of debris was the highest reported anywhere in the world, up to 671.6 items/m2 and 

approximately 68% of these was buried <10 cm in the sediment (Lavers and Bond, 2017). Similarly, the 

Hawaiian Islands lie on the southern edge of the North Pacific sub-tropical gyre and are particularly 

susceptible to receiving floating debris: beaches in the outer islands contained around 1.2 kg of plastic 

fragments/m3 sediment (McDermid and McMullen, 2004). This is similar to patterns found on Easter Island, 

which adjoins the higher concentrations found in the sub-tropical gyres in the southern Pacific (Hidalgo-Ruz 

and Thiel, 2013). The result is a strong impact on the high biodiversity, for which remote islands have been 

recognized, requiring actions for their conservation (Monteiro et al., 2018). 

Moreover, plastic litter can be transported out of surface waters, downward within water column, until the 

seafloor as ultimate destination (Goldstein et al., 2013; Eriksen et al., 2014; Galgani et al., 2015). Several 

factors potentially influence the vertical distribution of plastics, such as the wind-induced mixing (Kukulka et 

al., 2012), the incorporation into marine aggregates (Long et al., 2015), the biofouling (Fazey and Ryan, 2016), 

the incorporation into faecal matter (Cole et al., 2016), the relative density, size and shape of materials 

(Reisser et al., 2015). For example, for plastic denser than seawater, it was shown that the shape strongly 

defines the character of the settling, along with the near-bottom current velocity magnitude. On the other 

hand, the surface currents direction, windage and turbulence are the main processes conditioning transport 

of buoyant pieces (Bagaev et al., 2017). A model developed by Kukulka et al. (2012) predicted that the largest 

decrease in plastic concentration occurs over the first meters of the water column. This was confirmed by 

Reisser et al. (2015) during a study in the North Atlantic Gyre: actually, the authors observed that plastic 

numerical concentration (pieces/m3) decays at a lower rate than plastic mass concentration (mg/m3), as 

smaller plastics are more susceptible to vertical transport. At now, studies on the distribution of plastics 

throughout the ocean’s water column are still scarce and the processes influencing it, as well as, the rate at 

which sinking occur are poorly understood (Kukulka et al. 2012; Goldstein et al., 2013; Eriksen et al., 2014; 
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van Sebille et al., 2015, Cózar et al., 2014; Bagaev et al., 2017, 2018; Kanhai et al., 2018). Instead, since most 

of the marine organisms inhabit sub-surface waters (Kanhai et al., 2018), it is necessary to improve researches 

on vertical mixing of buoyant plastics for predict interactions with neustonic and pelagic species of the 

world’s oceans (Reisser et al., 2015). 

Plastic debris accumulate also on the seabed which have the potential to highly impact benthic habitats and 

their biota (Galgani et al., 2015). With low light and low temperature in this environment there is little to 

enhance the degradation of plastic debris and so its fate is to be covered and buried in deep sea sediment 

slowly over time (Woodall et al., 2014). Deposition was documented in all seas and oceans with large 

amounts of plastics reported (Galgani et al., 2015), as an example, syntethic fibres was up to four orders of 

magnitude more abundant (per unit volume) in deep-sea sediments from the Atlantic Ocean, Mediterranean 

Sea and SW Indian Ocean than in contaminated sea surface waters (Woodall et al. 2014). Accumulation in 

the seafloor remains, anyway, uncommon in remote areas such as Antarctica and studies focus on 

continental shelves, because research into the deeper seafloor, which forms about half the planet’s surface, 
is restricted by sampling difficulties and cost (Barnes et al., 2009). The geographic distribution of debris on 

the ocean floor is strongly influenced by hydrodynamics, geomorphology and proximity of human activities 

(Pham et al., 2014). The Mediterranean Sea supports particularly high densities of litter on the seafloor, 

owing to the combination of a densely populated coastline, shipping in coastal waters, negligible tidal flow 

and limited water exchange (Galgani et al., 2015). Submarine depressions or channels and smaller scale 

structures (holes, rocks, geological barriers, etc.) favour sedimentation and increase the retention, thus 

representing areas with higher densities of plastic items (Barnes et al., 2009). Relatively high levels of fishing-

related debris were found on ocean ridges and seamounts of European Seas, reflecting the intensive fishing 

activities in those areas (Pham et al. 2014). Among the litter collected from the seabed in four Aegean fishing 

grounds, the 67- 91% is represented by plastics (Papadopoulou et al., 2016). In estuaries, large rivers are 

responsible for substantial input of debris to the seabed and they can also transport waste far offshore 

because of their high flow rate and strong currents (Galgani et al., 2000). 

Therefore, the abundance and spreading of plastic litter show considerable spatial and temporal variability 

in the oceans, based on its physico-chemical properties and the environmental conditions (Galgani et al., 

2015). For this reason, plastic behavior in marine environment have to be considered in a dynamic and 

changing perspective and research have to move for develop more robust temporal and spatial comparisons, 

that allow to address how abundance and composition of plastics vary with depth, location, topography and 

habitat (Avio et al., 2016). 

1.3 Macro and micro components of plastic marine debris 

Plastic marine debris has been reported in sizes ranging from meters (or even kilometers in the case of 

abandoned, lost or discarded fishing gear) to microns in all the oceans compartments (UNEP, 2016). 

The terms macroplastics and microplastics (MPs) are widely used, however they do not have generally 

agreed-upon definition (Law, 2017). Macroplastics conventionally comprise objectives readily visible, 

sometimes classified in mega-debris (>100 mm), macro-debris (>20 mm), meso-debris (20–5 mm) or often 

the term refers simply to debris larger than microplastics (Barnes et al., 2009). Microplastics are particles, 

varying in shapes and colours, most commonly defined as smaller than 5 mm (Arthur et al., 2009), but some 

authors claim it would be more intuitive to follow the International System of Units definition of “micro” and 
thus define the maximum size of microplastics as 1 mm (Browne, 2015; Thompson, 2015). There is a lack of 

clarity also when considering the lower size limit: as pragmatic approach, microplastics are the particles 

retained by plankton nets or sieves with variable mesh sizes during sampling of matrices for analysis of such 

particles (Andrady, 2017). This inconsistency is particularly problematic when comparing data referring to 
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microplastics, making it increasingly important to create a scientific standard (Claessens et al., 2011; Costa 

et al., 2010).  

Anyway, microplastics can be broadly categorized as primary and secondary, basing on sources (i.e. where 

they originate) and pathways by which they enter habitats (Browne, 2015) (Figure 1.1).  

 

 

 

Primary microplastics are specifically manufactured in the micrometer size range to be directly used in a wide 

range of applications. Plastic pellets (cylindrical granules around 5 mm diameter) and powders (less than 0.5 

mm) are used as a feedstock for the production of larger items (Thompson, 2015) and the presence of these 

pellets in the marine environment (also known as nurdles or mermaids tears) has been widely reported as a 

consequence of industrial spillage (Redford et al., 1997; Thompson et al., 2009; Costa et al., 2010; Antunes 

et al., 2013). Small plastic particles typically around 0.25 mm are also widely used as an abrasive scrubber 

from industrial and domestic cleaning products (Browne et al., 2007). For instance, surfaces of buildings, 

machinery and boats can be cleaned using blasting melamine, acrylic, polystyrene, or polyester microplastic 

with other types of granules (e.g. sand) (Cole et al., 2011). Although “media blasting” has been suspected of 
being a source of microplastic to habitats there has been no scientific work to the quantity of particles 

emitted into or found within the environment through this source (Browne, 2015). More work has been done 

for microplastics used as physical abrasives in personal care products, like hand cleansers, toothpastes and 

facial scrubs (also known as microbeads) (Zitko and Hanlon 1991; Gregory 1996; Fendall and Sewell, 2009; 

Napper et al., 2015; Cheung and Fok, 2016). Around 93% of the microbeads used in cosmetics are 

polyethylene (PE), but they can also be made of PP, PE, PET, polymethyl methacrylate (PMMA) and nylon 

(Napper et al., 2015). Microplastics used in cleaning products can enter marine habitats waterways via 

drainage systems (Derraik, 2002), runoff and storm water (Browne, 2015). Despite the capability of some 

sewage treatment works to remove up to 99.9% microplastic particles from wastewater (dependent on the 

processes employed by the treatment plant), the sheer number of particles entering the system may still 

allow a significant number to bypass filtration systems and be released into the environment with effluent 

or with sludges for applications to land (Horton et al., 2017). It is estimated that between 15 and 31% of all 

of the plastic in the oceans could originate from primary sources (Boucher and Friot, 2017). 

Secondary microplastics describe tiny plastic fragments derived from the breakdown of larger plastic debris, 

both at sea and on land, by abrasion, wave-action and turbulence (Ryan et al., 2009; Thompson et al., 2004). 

Besides, more subtle processes of degradation such as the action of light (photolysis), heat and oxygen 

(thermal-oxidation), water (hydrolysis), organisms (microbial biodegradation) (Browne, 2015), may induce 

Figure 1.1 Conceptual diagram of microplastic sources and flows throughout and between anthropogenic, 

terrestrial, freshwater and marine environment (Horton et al., 2017). 
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chemical breakdown of the polymer molecules with consequent change in material properties (Andrady, 

2015). With a loss of structural integrity, these particles are increasingly susceptible to fragmentation into 

progressively smaller pieces (Cole et al., 2011): it is considered that microplastics might further degrade to 

be nanometer-sized, however nanoplastics are, at now, only hypothesized to exist, because no reliable 

method has been developed to detect and identify them in the field (Koelmans et al., 2015). However, among 

the degradation processes, only light-induced oxidation is effective in the ocean environment, just in plastics 

littered on beaches or floating at the sea surface, even if, for the latter, it is considerably slower (Andrady, 

2016). Moreover, floating plastics can be subjected to biofouling, that shields the plastic from the solar 

radiation and increase its density and hence sinking out of the photic zone, preventing further UV-mediated 

degradation. In the aphotic (dark) and cold sediment environment no appreciable degradation is expected 

(Gregory and Andrady, 2003). Slow thermal oxidation of plastics also proceeds in concert with photo-

oxidation, especially on beaches (Andrady, 2015). Biodegradation (and even hydrolysis) does occur at sea 

(Zettler et al., 2013), but the reactions proceed too slowly to result in significant levels of environmental 

degradation of common plastics under outdoor conditions (Andrady, 2016). Even the bio plastics, that are 

often seen as a viable replacement for traditional ones, are subjected to partial and slow decomposition 

under marine conditions and in the absence of terrestrial microbes (Cole et al., 2011). Indeed, their 

degradable components (e.g. starch and vegetable oils) will decompose but times are prolonged; in addition, 

an abundance of synthetic polymers, which are generally present in their formulation, will be left behind 

(Andrady, 2011). Thus, bioplastics too, exactly as traditional plastics, may accumulate in the sea and be a 

source of microplastics (Thompson et al., 2004). 

In addition to fragmentation in the environment, some plastic items can be fragmented and originate 

microplastics as a consequence of everyday usage or cleaning. This is the case of fibers that are released from 

textiles and clothing as a consequence of washing (Browne et al., 2011). In fact, it has been shown that 

laundry washing machines discharge large amounts of microplastics (reaching 1900 fibers in one wash 

(Browne et al., 2011)) into wastewaters and through wastewater effluents into the aquatic environments. In 

addition, during wastewater treatment, synthetic fibers are known to contaminate sewage sludge (Zubris 

and Richards, 2005). It is apparent that a significant number of textile fibers do enter the marine 

environment, being found in relatively large numbers in shoreline and nearshore sediments close to urban 

population centers (Browne et al., 2007; Karlsson, 2015). Although microfibers are secondary particles, they 

will pollute the environment through the same ways of the primary microplastics. In this respect, the fate 

and transport of these fibers may be more closely aligned with that of primary microplastics, based on similar 

release routes (Horton et al., 2017). Recently, it has been hypothesized that the atmospheric compartment 

should not be neglected as a potential source of fibers, after evidences of a significant amount of them in 

atmospheric fallout (Dris et al., 2016, 2017). These fibers could be transported by wind to the aquatic 

environment or through the runoff after deposition on land (Free et al., 2014) but more studies are needed 

to clarify this aspect. It is opportune to point out that only fibers made of petrochemicals are generally 

considered in the literature as microplastics (Dris et al., 2016). However, Song and co-workers (2015) suggest 

that fibers made of a mixture of natural and synthetic materials should be also included in the identification 

of microplastics. In fact, these fibers might also be prevalent in marine and continental environments and 

could cause physical impacts on organisms. Moreover, harmful additives and dyes can be used when 

manufacturing these fibers. Further discussions are necessary to identify if artificial fibers (e.g. rayon), which 

are manufactured by transformation of natural polymers (e.g. cellulose), have to be included in microplastics 

and thus monitored.  

Doubtless, as a collective consequence of these diverse inputs, microplastics are widespread in natural 

habitats: over the past decades they are documented in huge amount on shoreline, seabed, water column 

and sea surface worldwide (Wright et al., 2013; Rezania et al., 2018). 
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Negative impacts on habitats and wildlife have been demonstrated for both macro and microplastics (Avio 

et al., 2016, Rochman et al., 2016; Galloway et al., 2017; Thiel et al., 2018; Rezania et al., 2018) but differently 

sized particles are likely to have different effects (Rochman et al., 2016; Thompson, 2015). 

For example, marine mammals, seabirds, turtles, fishes are the most affected organisms by entanglement in 

macro debris, that commonly involve plastic rope and netting and other components of derelict fishing gear 

but may also be caused by packing or strapping bands (Gall and Thompson, 2015). Entanglement has been 

reported for 344 species and hazards include bodily harm, such as injury to dermal tissue; interference with 

growth, potentially causing deformations; restricted movement affecting swimming, feeding, and the ability 

to escape predators (Law et al., 2017).  

Ingestion of plastic debris is widespread and increasing: it has been documented for 233 marine species and 

the size of the ingested debris is obviously limited by the size of the ingesting organism (Law et al., 2017). 

Larger litter items, such as potato chip bags and cigarette box wrapping, have been found in the stomachs of 

large pelagic fish (Jackson et al., 2000) and very large debris items, including 9 m of rope, 4.5 m of hose, two 

flowerpots, and large amounts of plastic sheeting, were found in the stomach of a stranded sperm whale (de 

Stephanis et al., 2013). The micro-sized plastics are, on the other hand, more likely to interact with a broader 

array of marine organisms (Thompson, 2015), indeed, ingestion has been reported from zooplankton to big 

vertebrates, in pelagic and benthic species, with different feeding strategies (Lusher et al., 2015). Ingested 

items can produce internal injury, such as a perforated gut, ulcerative lesions, or gastric rupture, potentially 

leading to death (Law et al., 2017). They have been hypothesized to cause obstruction of the gut and to 

reduce storage capacity in the stomach (McCauley and Bjorndal, 1999) causing false satiation, that lead to 

reduced appetite (Day et al., 1985). Moreover, microplastics can accumulate in tissues and may affect 

organisms at subcellular level, with a potential to impact across successive levels of biological organization 

(i.e. cells, organs, individual, population, ecosystem) (Galloway et al., 2017). 

Animals that ingest plastic debris may also be at risk of contamination by chemicals associated with plastics 

that are incorporated during manufacture or that are accumulated from contaminated environmental 

matrices such as sediment or seawater (Avio et al., 2016). Many of these substances are known to be 

persistent, bioaccumulative, and toxic, with at least 78% of the priority pollutants identified by the US EPA 

known to be associated with plastic marine debris (Rochman et al., 2013a). In this respect, microplastics can 

efficiently adsorb organic pollutants from surrounding seawater, because of the hydrophobic nature of these 

compounds and the high surface/volume ratio of the small particles (Liu et al., 2016); often the 

concentrations of environmental chemicals on microplastics are orders of magnitude higher than those 

detected in seawater (Ogata et al., 2009). 

Thus, microplastics are nowadays recognized as a serious threat to the marine life, due to the ubiquity in the 

environment and the potential to affect a range of species, combining a physical disturbance with a chemical 

challenge (Rochman, 2015).  

1.4 Interactions of microplastics with marine organisms 

Organisms across many trophic levels interact with microplastics. Microplastics present in the environment 

(water or sediment) elicit direct exposure of organisms, whereas microplastics which have been previously 

ingested by prey items may represent an indirect source of contamination to predators through trophic 

transfer (Lusher et al., 2017a). Organisms might up-take and accumulate microplastics through 

adherence/adsorption on tissues and consumption/ingestion (Kolandhasamy et al., 2018).  

Microplastics bioavailability depends by several biological factors and properties of particles, which, 

moreover, are constantly changing under environmental conditions (Galloway et al., 2017).  

For example, polymers exhibit different densities that affect their buoyancy and behavior on sea surface and 

within the water column. Planktivores, filter feeders and suspension feeders inhabiting the upper water 
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column are likely to encounter positively buoyant, low-density plastics, such as PE (specific gravity 0.91-0.94), 

on the sea surface, while high density plastics such as PET (specific gravity 1.38-1.39) or PVC (specific gravity 

1.35-1.45) are expected to sink, thus becoming available for supra-benthic and benthic suspension/deposit 

feeders as well as detritivores (Paul-Pont et al., 2018). However, it has been demonstrated that once in the 

sea, microplastics are subjected to the formation of a layer of a complex mixture of organic and inorganic 

molecules on the surface (defined as an “ecocorona”) (Galloway et al., 2017) followed by colonization of 

micro- and rafting organisms, in addition they tend to form agglomerates by cohesion  with other particles 

and phytoplankton (i.e. hetero-aggregates) (Long et al., 2015). These interactions have been shown to 

influence MPs vertical distribution, which will inevitably modify their availability for pelagic vs benthic 

organisms (Long et al., 2015). De-fouling in the water column by foraging organisms is, then, a potential 

pathway for microplastic particles to return to the sea-air interface (Andrady, 2011). The seasonal 

flocculation of natural particulates into sinking aggregates is an important pathway for energy transfer 

between pelagic and benthic habitats (Ward and Kach, 2009) and the potential for microplastics to become 

incorporated into marine aggregates may present a further mode of entry into the food chain. Once ingested, 

microplastics could sequentially be egested within fecal matter and suspension feeders and detritivores may 

ingest such egested microplastics (Cole et al., 2016). These cyclic patterns may make microplastics available 

to organisms occupying different depths of the water column at different times (Wright et al., 2013). 

The shape and colour of microplastics too, may potentially contribute to the likelihood of ingestion. Several 

types of MPs can be distinguished according to their morphology: spheres (beads, pellets, and granules), 

fibers, lines, films, fragments, and foams (Karami, 2017). Graham and Thompson (2009) revealed that some 

benthic organisms, like sea cucumber, could preferentially ingest plastic fragments over other shapes. Gray 

and Weinstein (2017) showed a higher retention time of spheres than fragments in the gut of shrimp whereas 

in the gills they observed a hierarchy of retention patterns for fragments > spheres > fibers.  

Some commercially important fish and their larvae are visual predators, preying on small zooplankton, and 

may feed on microplastics which most resemble their prey i.e. white, tan, blue and yellow plastic (Lusher et 

al., 2017a). To further support the influence of color on bioavailability, Carpenter et al. (1972) demonstrated 

that fish from the Niantic Bay area, New England, selectively consumed a white, opaque form of polystyrene 

spherules, even if, also a crystalline, clear form was present in the coastal waters. Microplastic ingestion due 

to food resemblance may also be applicable to pelagic invertebrates, which are visual raptorial predators 

(Wright et al., 2013).  

Alternatively, some organisms exert limited selectivity between particles and capture anything of appropriate 

size (Moore, 2008). Instead, the zooplankton Acartia longiremis and Calanus finmarchicus showed a 

preference for aged microplastics over pristine ones, that is probably linked to the formation of a biofilm 

containing similar microbes to those that copepods feed on in the water column, secreting chemical exudates 

that enhance chemo-detection and particle attractiveness as food items (Vroom et al., 2017). Savoca et al., 

(2016) suggested that plastic detection and consumption can be driven by sensory mechanisms: they 

demonstrated experimentally that marine-seasoned microplastics produce a dimethyl sulfide (DMS) 

signature that is also a keystone odorant for natural trophic interactions. They further demonstrated a 

positive relationship between DMS responsiveness and plastic ingestion frequency using procellariiform 

seabirds as a model taxonomic group. This would imply that some aquatic organisms may also actively search 

out and ingest microplastic particles (Lusher et al., 2017a). 

Possibly, the most likely and, thus, studied interaction is uptake of microplastics through ingestion (Lusher, 

2015), but microplastics can adhere to external appendages, including setae, swimming legs and antennules 

of copepods (Cole et al., 2014, 2015), to gills of crabs and mussels (Watts et al., 2014; Paul-Pont et al., 2016) 

and they are found also on foot of zooplanktons and mussels (Wegner et al., 2012; Setälä et al., 2016; Watts 

et al., 2016; Kolandhasamy et al., 2018). Gill can be regarded as one of important feeding organs in many 

species, foot, however, is not directly related to the feeding process; therefore, Kolandhasamy et al. (2018) 
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suggested that the consideration of adherence way will increase the estimation of bioavailability of 

microplastics to organisms, especially to those non-filtering feeders. Gutow et al. (2016) found that the 

adherence of microplastics to seaweeds would provide a pathway for microplastic from the water to marine 

benthic herbivores. Similarly, the adherence of microplastics to animals would be a novel way for 

microplastics to be transferred in food web. 

A number of experimental studies have explored the mechanisms of biota-microplastic interactions, since in 

laboratory settings it is easier to monitor the uptake, movement and distribution of synthetic particles in 

whole organisms and tissues (e.g. gills, intestinal tract and liver) (Lusher et al., 2017a). Exposure studies have 

confirmed that a diverse array of marine organisms, across trophic levels, can absorb or consume 

microplastics. These include seaweeds (Gutow et al. 2016), phytoplanktons (e.g. Davarpanah and 

Guilhermino, 2015; Zhang et al., 2017; Lyakurwa et al., 2017) protists (Christaki et al., 1998; Lyakurwa et al., 

2017), copepods (e.g. Cole et al., 2013, 2015; Sun et al., 2017), annelids (e.g. Besseling et al., 2013;  Wright 

et al., 2013; Van Cauwenberghe et al., 2015), echinoderms (Della Torre et al., 2014; Kaposi et al., 2014; Nobre 

et al., 2015; Martinez Gomez, 2017), cnidaria (Hall et al., 2015), amphipods (Thompson et al., 2004, Ugolini 

et al., 2013), decapods (e.g. Watts et al., 2014), isopods (Hämer et al., 2014), molluscs (e.g. Avio et al., 2015a; 

Paul-Pont et al., 2016; Magni et al., 2018), fish (e.g. Mazurais et al., 2015; Avio et al., 2015b; Pedà et al., 2016 

Jovanović et al., 2018), and birds (Tanaka et al., 2013; Savoca et al., 2016). It should be noted however that 

the exposure concentrations used to achieve this goal exceed those expected in the field, thus, the results 

should be treated with attention (Phuong et al., 2016). 

A number of field studies have documented the occurrence of microplastics in wildlife (reviewed in Lusher, 

2015; Avio et al., 2016; Phuong et al., 2016): over 220 different species have been found to consume 

microplastic debris in a range of habitats, including the sea surface, water column, benthos, estuaries, 

beaches and aquaculture, as well as the deep sea (GESAMP, 2016; UNEP, 2016). These surveys clearly 

revealed a high variability of MPs ingestion regardless of the trophic level of the fish or shellfish species 

concerned; they also tended to indicate a higher frequency of contamination in pelagic feeders and 

suspension/filter feeders than in other groups (Paul-Pont et al., 2018). The majority of data focus on MPs in 

commercially targeted species like shellfish (bivalves and crustaceans) and fishes (Lusher et al., 2017a), while 

more limited are those available for species not intended for human consumption and particularly for 

benthic/epibenthic organisms (Bour et al., 2018).  

Ingestion rates measured on natural zooplankton communities revealed that 83% of Brown shrimps 

(Nephrops sp.) in the north Clyde Sea (Murray and Cowie, 2011), 63% of shrimps (Crangon crangon) in the 

UK, 3% of the copepod Neocalanus cristatus and 6% of the euphausids Euphasia pacifica in the northeast 

Pacific consumed plastic debris, most of which were fragments or fibers (Desforges et al., 2014; Devriese et 

al., 2015). Studies on fish reported between 2 and 40% of individuals to be contaminated, with a mean 

number of particles detected in the intestinal tract from 1 to 7.2 per individual (Boerger et al., 2010; Foekema 

et al., 2013; Lusher et al., 2013; Avio et al., 2015b). For mollusks, especially mussels, this MP load varied from 

0.2 to 0.5 plastic particles (including fibers) per gram of tissue found in Europe (De Witte et al., 2014; Van 

Cauwenberghe and Janssen, 2014, Van Cauwenberghe et al., 2015). In the same species analysed in 

Newfoundland, Canada, microplastics concentration was about 100 fold higher than the levels measured in 

Europe (Mathalon and Hill, 2014). However, in this last study, ambient particles in laboratory air were very 

high and blank samples indicated that laboratory contamination could contribute to 25 microplastic particles 

per g soft tissue. Adjusting for this background, would lead to contents comparable with those found in 

bivalves from China, that are about 2 particles/g of whole body (Li et al., 2015). Regarding other bivalves: 

0.47 ± 0.16 particles/g were found in the soft tissues of oysters (Crassostrea gigas) with a decrease of 

approximately 25% after 3 days of depuration in clean seawater (Van Cauwenberghe and Janssen, 2014); 

75% of specimens of Perna perna collected in Brazil contained at  least one fragments < 5mm (Santana et al., 

2016); Davidson and Dudas (2016) did not recorded significant difference in microplastic concentrations 
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between cultured clams (Venerupis philippinarum) (1.7 ± 1.2 particles/g) and wild clams (0.9 ± 0.9 

particles/g), fibers represented the dominant microplastic typology. 

MPs can be ingested also by marine mammals, for example, they have been found in the stomachs of harbor 

seals, Phoca vitulina (Rebolledo et al., 2013), beaked whales, Mesoplodon mirus (Lusher et al., 2015), and 

baleen whales, Megaptera novaeangliae (Besseling et al., 2015). Furthermore microplastics were found in 

the scats of fur seals, Arctocephalus spp (Eriksson and Burton, 2003). 

It is important to highlight that studies on microplastics in field organisms were not fully comparable in terms 

of methods of extraction, size limit detection and sample processing, underlying the need of validated and 

standardized techniques for the assessment of plastics in marine organisms (Avio et al., 2016). 

Beside accumulation in tissues, there is growing concern for the possible trophic transfer of microplastics in 

aquatic, benthic and pelagic foodwebs, however only a few studies deal with the potential for microplastics 

to be transferred between trophic levels following ingestion (Phuong et al., 2016). Predatory organisms may 

indirectly accumulate microplastics during the ingestion of microplastic contaminated prey, which may lead 

to bioaccumulation at upper trophic levels. Similarly, predators and detritivores may ingest microplastics 

while scavenging detrital matter containing microplastics (Lusher, 2015). Laboratory experiments have 

established that green crabs fed with blue mussels containing microplastics accumulated particles in their 

digestive tract (Watts et al., 2014; Farrel and Nelson, 2013). Similarly, Nephrops norvegicus-fed fish which 

had been seeded with microplastic strands of polypropylene rope, were found to ingest but not to excrete 

the strands (Murray and Cowie, 2011), further corroborating the potential for trophic transfer. Also, a 

transfer from green algae (Scenedesmus spp.) to the planktonic water flea (Daphnia magna) and then to 

several species of fish: Crucian carp (Carassius carassius), Bleak (Alburnus alburnus), Rudd (Scardinius 

erythrophthalmus), Tench (Tinca tinca), Northern pike (Esox lucius) and Atlantic salmon (Salmo salar) has 

been observed (Cedervall et al., 2012), as well as, transfer of fluorescent polystyrene (PS) microspheres (10 

μm) from zooplankton to the mysid shrimp (Mysis spp.) (Setälä et al., 2014). During field studies, microplastic 

particles approximately 1 mm in diameter were recorded in the scat of fur seals and Hooker’s sea lions 

(McMahon et al., 1999). The presence of plastic coincided with otoliths of the myctophid fish Electrona 

subaspera, suggesting a trophic link. Eriksson and Burton (2003) further investigated the transfer of plastic 

particles in Antarctic fur seals and the authors suggested that microplastics had initially been ingested by the 

fur seals’ prey, the plankton feeding Mycophiids. Contamination of the blubber of the Mediterranean fin 

whale Balaenoptera physalus has been suggested as an indication that microplastic ingestion occurs through 

indirect consumption via planktonic prey (Fossi et al., 2012). 

As mentioned above, microplastics were also detected in species which are consumed by humans and raises 

concerns about the risk of MPs and associated chemicals for the human health. The majority of studies have 

documented that largest quantities of microplastics are contained in the gut of marine organisms, an organ 

that is not generally consumed directly by humans (Galloway, 2015). Similarly, peeling of invertebrates will 

remove most of the digestive tract, the head and the gills together with microplastics, which apparently are 

mainly present in these organs: it was observed by Devriese et al., (2015) in the crustacean species Crangon 

crangon (common shrimp) and Nephrops norvegicus (Norway lobster). However, exception occurs for most 

shellfish such as mussels and clams, some echinoderms and several small species of fish which are eaten 

whole (Lusher et al., 2017a). The amounts of microplastics ingested by humans as a result of consuming 

seafood are poorly quantified: some estimations reported from 1 particle per day (Vandermeersch et al., 

2015) to 30 particles per day (Van Cauwenberghe and Janssen, 2014) depending on seafood consumption 

habits. Despite that, the overall human health risks posed by microplastics in seafood at present appear to 

be low, in the worst case exposure scenario too, as demonstrated by the technical paper “Microplastics in 
fisheries and aquaculture” developed by FAO, IMO, UNEP and GESAMP partnership in 2017. Moreover, no 

data are available on the potential impact cooking and/or processing seafood at high temperature may have 

on the toxicity of microplastics in seafood products (Lusher et al., 2017a). Obviously, further studies are 
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needed to increase understanding of the trophic transfer of MPs within the marine food web and, thus, the 

potential correlation with human health. 

1.5 Biological effects of microplastics in marine organisms 

Evidences of up-take of microplastics by a wide array of marine organisms, both in the field and in 

laboratories, have drawn the attention of ecotoxicologists on toxicity of MPs for biota. Mode of action of 

microplastics to induced adverse effects should be studied thoroughly on two important aspects: the physical 

nature and the chemical moiety of such particles (Anbumani and Kakkar, 2018).  

Three categories of chemical species are known in plastic, that might be bioavailable to organisms and may 

present a toxic hazard to them (Andrady, 2017): i) additives mixed with plastics during their manufacture or 

processing to ensure the functionality of the product (Andrady, 2016); ii) residual monomer, for example, 

polystyrene found in significant quantities in debris, can contain 0.1–0.6 wt% of styrene monomer and 

oligomers, that can be carcinogenic and/or mutagenic, as well as, polyvinyl chloride monomer, used in the 

production of PVC (Lithner et al., 2011), while common plastics found in marine MPs, polyethylene and 

polypropylene do not have any residual monomer (Garrigós et al., 2004; Andrady, 2016); iii) contaminants 

adsorbed by the environment. In this respect, persistent organic pollutants (POPs) present in seawater are 

sorbed very efficiently by MPs; in fact, the equilibrium distribution coefficient K for common POPs in water-

plastic systems ranges from 103 to 105 in favor of the plastic (Teuten et al., 2009), although sorption capacity 

varies by plastic polymers and considered chemicals (Rochman, 2015). Metals also showed a strong 

adsorption capacity to plastic with measured levels up to 300 mg/g for Al, Fe, Cu, Pb and Zn and up to 80 

ng/g for Cd, Cr, Co, Ni in beached pellets (Holmes et al., 2012). Little is known about mechanisms of metal 

adsorption which is higher in weathered compared to virgin plastics, due to an increased polarity of particles: 

environmental conditions like pH, can represent crucial factors for the adsorption of metals onto plastics 

polymer (Turner and Holmes, 2015).  

The result is a complex mixture of chemicals (“cocktail”) associated to microplastics (Rochman, 2013), which 
might be available to organisms. In fact, indirect evidences, that include the use of a thermodynamic 

approach and of models simulating physiological conditions in the gut (Gouin et al., 2011; Tanaka et al., 2013; 

Bakir et al., 2014), suggest that adsorbed pollutants and chemical additives might be released to organisms. 

This hypothesys has been demonstrated by some laboratory exposures, that gave direct observations of a 

transfer of chemical compounds from microplastics to tissues of model animals (Browne et al., 2013; Avio et 

al., 2015a; Paul-Pont et al., 2016).  

However, to date, the real capability of microplastics to transfer such compounds to marine biota is under 

debate, as well as, their relative contribution in respect to other routes of exposure (water, sediments, food 

web). Actually, recent studies have suggested that given the baseline contamination levels of seawater and 

marine organisms and the low abundance of microplastics relative to other suspended particles found in 

oceans (such as organic matter, plankton, detritus etc.), the exposure to organic contaminants via plastic may 

be negligible compared to natural pathways (Bakir et al., 2016; Beckingham and Ghosh, 2017; Koelmans et 

al., 2016; Paul-Pont et al., 2018). 

Various laboratory exposures have explored the biological effects of MPs in different marine species to better 

characterize and predict the potential ecotoxicological risk of particles in the marine environment. Among 

the biological effects, mortality rate, energy budget, loss of weight, feeding activity, embryonic development, 

predation, biomarker responses and alteration of gene expression have been the most investigated (Figure 

1.2). 
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Figure 1.2 Simplified scheme illustrating potential impacts of exposure to microplastic across successive levels of biological 

organization (Galloway et al., 2017). 

The plausible mechanism of microplastics in primary producers is thought to be due to the physical 

adsorption leading to blockage of light and airflow, thereby, impeding photosynthesis (Bhattacharya et al., 

2010). Exposure of polyvinyl chloride (PVC) microplastics of 1 μm size on marine microalgae, Skeletonema 

costatum, effectively inhibits 39.7% growth ratio after 96-h exposure (Zhang et al., 2017); the up- take of PS 

particles by Rhodomonas baltica result in loss of motility (Lyakurwa, 2017). As algae play a key role in aquatic 

food webs, the productivity and resilience of ecosystems could be compromised if high concentrations of 

plastic particles occur (Wright et al., 2013). At the molecular level, microplastics tend to disrupt the synthesis 

of rhamnose and xylose sugars of exopolysaccahride biosynthesis pathway (Lagarde et al., 2016), while in 

invertebrates, microplastics impairs the filtration process that leads to reduced food intake and lethality in 

crustaceans (Jemec et al., 2016). Rist et al. 2016 observed a significant reduction of filtration behavior, 

respiration rate and byssus production in the Asian mussel, Perna viridis exposed to PVC particles (1-50 µm). 

Effects of microplastics on the byssus gland secretion eventually affect mussel colonization and subsequent 

health status (Anbumani and Kakkar, 2018). Upon efficient uptake, PS microplastics exposure leads to 

reduced carbon biomass and feeding activity and fecundity success in marine copepods (Cole et al., 2013, 

2015). Negative effects on reproduction were observed also in oysters exposed to polystyrene microplastics 

(2 and 6 μm size) with the decrease of oocyte number and sperm velocity (Sussarellu et al., 2016). The 

echinoderm Lytechinus variegatus developed abnormal embryos after 24h of exposure to PE pellets (Nobre 

et al., 2015). Likewise, Martínez Gomez et al. (2017) evaluated the effects of virgin, aged and leachate of PS 

and HDPE fluff particles in the sea urchin, Paracentrotus lividus. During the 48-h incubation period, 

fertilization and larval development are impaired to a significant extent. Since the selected microplastic 

particles failed to aggregate in the exposure media, authors proposed that sea urchin embryotoxicity is 

attributed to the chemical leachate of the exposed plastic particles. The exposure of brown mussel, Perna 

perna to PP microplastics leachate showed impairs of larval development and embryotoxicity (Gandara e 

Silva et al., 2016).  

Microplastic have been shown to accumulate in the digestive cavity and tubules of bivalve molluscs that could 

potentially cause blockages and suppressing feeding due to satiation (Wright et al., 2013), moreover they are 

able to pass the biological membranes, taken up into cells and be translocated between different tissues 

through the circulatory system (Browne et al., 2008; von Moos et al., 2012, Avio et al., 2015a; Magni et al., 

2018). Different studies demonstrated that PS and PE microparticles, both virgin and contaminated by 

organic contaminants, affect immune and detoxification system in bivalves, produce genotoxicity, induce 

strong inflammatory responses and enhance the expression profile of genes involved in fundamental 

physiological process like cell cycle growth arrest, apoptosis, and oxidative stress (Anbumani and Kakkar, 
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2018). In some of these studies (Avio et al., 2015a; Paul-Pont et al., 2016), the ability of microplastics to play 

as vector of organic chemicals, like pyrene and fluoranthene, for organisms have been experimentally 

demonstrated. Similarly, Browne et al. (2013) observed increased accumulation of nonylphenol and triclosan 

in the presence of polyvinyl chloride (PVC) leading to impaired immune functions, physiological stress, and 

mortality in the lugworm, Arenicola marina. 

Concerning fish PE microspheres exposure in common goby, Pomatoschistus microps, caused reduction of 

predatory performance (de Sa et al., 2015) and reduction of acetylcholinesterase activity, an enzyme that 

induce neuromuscolar transmission, thereby this effect could affect processes related to physiology (growth 

and reproduction) and behavior (swimming patterns) resulting in dwindled population (Oliveira et al., 2013). 

In the juveniles of the same species, Fonte et al. (2016) investigated the multiple stressor toxicity 

(microplastics, cefalexin, and temperature): as the temperature increases from 20 to 25 °C, microplastics-

induced mortality is noted with predatory performance inhibition whereas coexposure of microplastics and 

cefalexin results in reduced predatory performance and acetylcholine esterase inhibition. 

Effect of PE microplastics exposure were observed also in Oryzia latipes such as downregulation of 

choriogenin, vitellogenin and estrogen receptor (ERa) mRNA gene expression and abnormal germ cell 

proliferation. Severe glycogen depletion and fatty vacuolation were also observed (Rochman et al., 2013b). 

The first reported evidence on the in vitro effects of virgin microplastics are from the findings of Espinosa et 

al. (2018) in Sparus aurata (gilthead seabream) head-kidney leucocytes (HKLs), that showed an upregulation 

of nrf2 gene, which control the production of proteins involved in the detoxification and elimination of 

reactive oxidants, after exposure to PVC and PE microplastics (range size of 40 - 150 μm).  
Aside from physical and chemical impacts, microplastics also have a potential role in providing a new hard-

substrate habitat for rafting communities, which was previously limited to items such as floating wood, 

pumice, and sea shells (Wright et al., 2013). A range of species have been found on plastic debris including 

bryozoans, barnacles, polychaete worms, hydroids and molluscs (Barnes, 2002). Likewise, plastics serve as a 

floating substrate for bacterial (Lobelle and Cunliffe, 2011) and diatoms colonisation (Carson et al., 2013). 

Because plastic debris can be transported long distances in the oceans, there is concern that the growing 

abundance of microplastics could enhance the dispersal of some marine organisms, increasing their range or 

introducing them to areas from which they were previously absent (Kiessling et al., 2015). Alien invasions can 

lead to a significant threat to native biodiversity and significant ecological changes (Molnar et al., 2008). 

However, so far, the establishment of a viable population of an invasive species introduced to a new habitat 

by plastic debris is yet to be demonstrated and as such the ecological impacts of this rafting effect of ocean 

plastics are unclear (Browne et al., 2015). 

The above studies clearly demonstrated that microplastics should not be considered as biologically inert 

materials. Growing scientific evidence corroborates the ecotoxicological hazard of microplastics, whether 

due to a simple mechanical or physical damage induced by these particles, or for a more complex activation 

of molecular, biochemical and cellular pathways. However, more research is required considering that in the 

natural environment, organisms may be exposed to microplastics throughout their lifetime as opposed to 

short experimental durations. Thus, the continual ingestion and accumulation of such particles may incur 

chronic effects. 

1.6 Control and policy making of plastic pollution  

Plastic accumulation in the marine environment is recognized as a worldwide growing pollution problem and 

gives rise to several negative repercussions: from the aesthetic impact of litter and economic costs for beach 

cleaning, to the detrimental effects on economic sectors and the adverse biological and ecological effects 

(Avio et al., 2016). According to last conservative estimates from UNEP, impact of plastics would cause an 
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overall economic damage to marine ecosystems of $13 billion each year, although the true environmental 

costs are difficult to monetarize (Xanthos and Walker, 2017). 

The managements measures to face the problems of plastic litter are, basically, focused on preventive, 

mitigating, removing and behavior-changing actions. The preventive and behavior-changing measures are 

particularly important in addressing marine litter at its root (Chen, 2015). The former includes source 

reduction (e.g. restriction of the use of plastic bags, microbeads in cosmetics and single-use products, or 

development of more environmentally friendly packaged/produced good through eco-design) in addition to 

waste reuse, recycling and waste conversion to energy, following the concept of a circular economy. 

Behavior-changing schemes aim to encourage people to embrace the notion of waste as a resource and 

choose the products that generate lower quantities of litter (preventive), dispose of waste in a more 

environmentally sound way (mitigating) and participate in beach cleanups (removal). Education campaigns 

and activities raising awareness are examples of such measures (Hartley et al., 2015) (many NGOs are 

engaged like The 5 Gyres Institute, The Plastic Soup Foundation, the International Coastal Cleanup, Parley for 

the Oceans and the Ocean Cleanup), as well as, provision of incentives: JPI Oceans launched in 2015 a € 7.5 

million call for proposals to increase the knowledge on microplastics in the marine environment 

(http://www.jpi-oceans.eu/ecological-aspects-microplastics).  

Mitigating actions involve various debris disposal and dumping regulations, that has been employed to 

minimize its adverse impact on the marine environment. Removing measures aim to take away debris already 

present in the marine environment. Beach cleanups are commonly employed for this but are time-

consuming, costly (Newman et al., 2015) and only capture a fraction of the overall debris; some initiatives 

have employed divers to collect and monitor benthic marine plastics (Donohue et al., 2001; Watson, 2012); 

in Fishing for Litter initiatives fishers remove all litter items collected during normal fishing operations and 

deposit them safely on the quayside to then be collected for disposal.  

Monitoring marine debris can be also classified as removing measure since it often involves recording 

information on debris types, amounts and sources concomitantly with their removal. Monitoring is 

instrumental in devising effective management strategies to prevent specific types of litter from entering the 

sea. Importantly, long-term monitoring programs enable to assess the effectiveness of legislation and coastal 

management polices (Rees and Pond, 1995) and have the potential to help management at individual sites 

and to generate largescale pollution maps (from regional to global) to inform decision makers (Ribic et al. 

2010).   

Different instruments have been developed at international, regional and national levels to prevent, reduce 

and manage marine litter, like plastic materials, which comprise conventions, agreements, regulations, 

strategies, action plans, programs and guidelines (Löhr et al., 2017). 

Two major international conventions specifically address marine litter in the ocean: the International 

Convention for the Prevention of Pollution from Ships (1973), as modified by the Protocol of 1978 (MARPOL 

73/78); and the Convention on the Prevention of Marine Pollution by Dumping of Wastes and Other Matter 

1972 (commonly referred to as the London Convention), then modernized in the London Protocol (1996).  

Annex V of MARPOL 73/78 bans ships from dumping plastic at sea and was developed under the auspices of 

the international Maritime Organization (IMO). However, it is limited to maritime emissions, while 80% of 

plastic enters the ocean from land (Jambeck et al., 2015). Instead, the London Convention covers the control 

of dumping of wastes at sea that have been generated on land. It requires the signatories to prohibit dumping 

of persistent plastics and other non-biodegradable materials into the sea.  

In addition, the 1982 United Nations Convention on the Law of the Sea (UNCLOS) sets out the legal framework 

within which all activities in the oceans and seas must be carried out: although the provisions do not explicitly 

refer to marine litter, they place a general obligation on states to protect and preserve the marine 

environment, which can be used in the context of marine litter regulation. (Kershaw et al., 2011) . 
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The international instruments are then transposed at regional or national level and some example include: 

the European Union (EU) PRF Directive, the Annex IV of the Helsinki Convention, the United States (US) 

Marine Plastic Pollution Research and Control Act, the United Kingdom (UK) Merchant Shipping (Prevention 

of Pollution by Sewage and Garbage from Ships) Regulations 2008 (Chen, 2015).  

Among the European regional instruments to protect seas and oceans, the most relevant is the Marine 

Strategy Framework Directive (MSFD, 2008/56/EC). The Directive calls for all of the EU’s marine regions and 

sub-regions to achieve or maintain “Good Environmental Status” (GES) by 2020. GES is defined by means of 
11 qualitative “descriptors”: descriptor 10 is relating to marine litter and microplastics are specifically 

considered. The descriptor will establish baseline quantities, properties, and potential impacts of MPs; it 

must be noted however, that it was reviewed recently for changes in order to make it simpler and clearer, to 

introduce minimum standards and to be coherent with other EU legislations (Gago et al., 2016). The MSFD 

represents the first instance, worldwide, that microplastics in the marine environment have been included 

in a legislative proposal. In this sense is important to mention that MPs were not included in the Water 

Framework Directive (WFD), the main EU directive dealing with pollution of river basins. 

Other instruments exist and mostly serve as global guidance encouraging regional bodies or countries to 

follow the actions proposed therein, or as a platform for the states concerned to engage in coordination and 

cooperation in marine litter issues. The most prominent examples are a series of initiatives developed by the 

United Nations Environment Program (UNEP), including the Regional Sea Program (RSP), Guidelines on 

survey and monitoring of marine litter, Guidelines on the use of market-based and economic instruments 

and the Honolulu Strategy. From the latter two strategies are of particular interest. One focuses on market-

based instruments (e.g. levies on new plastic bags) for minimizing waste. A second strategy creates policies, 

regulations, and legislation to reduce marine debris (e.g. imposing bans on microbeads and/or plastic bag 

use or production) (Xanthos and Walker, 2017). For example, in Europe the interventions to phase out plastic 

bags are widespread in respect to other countries (Xanthos and Walker, 2017): in Italy the ban on the sale of 

non-biodegradable plastic bags has been introduced in 2013 and it became in law in 2017 (L. 123/17). 

Compared to plastic bags, there have been limited interventions to reduce microbeads, but there has been 

a rapid proliferation in policies to reduce the use of microbeads (Xanthos and Walker, 2017). USA 

promulgated “Microbead-Free Waters Act of 2015” that prohibits the manufacture and introduction of 

cosmetics containing plastic microbeads from cosmetic products. Sweden announced a ban on the sale of 

cosmetics containing microplastics at the United Nations Ocean Conference at the beginning of June 2017. 

The ban is to come into effect by 2020. Six other European countries have joined ’s initiative: Finland, France, 
Iceland, Ireland, Luxemburg and Norway. Besides, the European cosmetics and personal care industry 

(Cosmetics Europe) recommended to its membership to discontinue the use of synthetic, solid plastic 

particles used for exfoliating and cleansing that are non-biodegradable in the marine environment given the 

availability of alternative materials. The Cosmetics Europe recommendation, built on voluntary initiatives 

already taken by individual companies including Italian ones, resulted in a rapid and substantial 82% 

reduction in the use of plastic microbeads between 2012 and 2015. 

In addition, both governmental and non-governmental organizations make use of advice of independent 

scientific experts on aspects of marine environmental protection (like ICES or GESAMP). For example, a 

Technical Subgroup on Marine Litter (TSG-ML) was established in 2010 to support Member States in 

harmonizing monitoring protocols and streamlining monitoring strategies of plastic and microplastics in the 

framework of the MSFD (Galgani, 2015). In 2016, the GESAMP worked together with FAO, IMO and UNEP to 

improve the knowledge base on microplastics in the marine environment, with a special focus on 

microplastics in fisheries and aquaculture, and to provide policy advice on this topic (Lusher et al., 2017a). 

It is clear that broad-based policies and other initiatives have to be developed to respond to marine plastic 

pollution, however it is a complex environmental problem with numerous sources, few easy solutions and 

still many gaps to fill (Haward, 2018). Therefore, an ever close collaboration is necessary between different 
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stakeholders such as governments, scientists, non-governmental organizations, industry and members of the 

public worldwide (Hartley et al., 2018). 
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2 AIMS OF THE WORK 

The overall objective of this thesis was to provide additional evidences of the availability of microplastics for 

marine organisms, both in field and in laboratory conditions, and to highlight the possible biological 

disturbance caused by the particles themself and/or by the associated chemicals. In addition, the research 

activity focused on the presence and fate of microplastics in wastewater treatment facilities, that are 

considered one of the pathways of microplastics to enter the environment. 

This was achieved developing specific studies, which are shown in the below three chapters. 

 

In chapter 3 is presented an investigation on the presence and characteristics of microplastics detected in 

organisms of ecological and commercial interest of the Adriatic Sea. Despite microplastics contamination in 

the Mediterranean Sea is of particular concern, information on their bioavailability in the food web of Adriatic 

basin are still lacking. Furthermore, the survey was conducted in order to detect possible differences 

between sampling sites, species, feeding behaviour and habitat. 

 

Chapter 4 describes a laboratory experiment, which focused on the capability of microplastics to transfer 

adsorbed pollutant into tissues of a model marine species and on the onset of biological effects induced by 

virgin and contaminated microparticles. Considering the complexity of the natural environment, a study in 

controlled laboratory conditions represents a necessary approach to distinguish the impacts caused by 

exposure to microplastics alone or in combination with chemicals. 

 

The subject of chapter 5 is a study aimed to quantify and characterize microplastics in wastewaters and 

sewage sludge from a treatment plant of North Italy. WWTPs have been recognized as both collectors of 

microplastics from anthropic use and as significant direct inputs of microplastic particles and synthetic fibers 

in the natural environments, since they are not specifically designed to retain these kinds of micropollutants.  
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3 CHARACTERIZATION OF MICROPLASTICS IN ORGANISMS OF A TYPICAL 

FOOD WEB OF THE ADRIATIC SEA 

3.1 Introduction 

The Mediterranean Sea has been described as one of the areas most affected by plastic pollution in the world 

(UNEP/MAP, 2016) and the recent review of Deudero and Alomar (2015), on the threat of plastic litter on the 

marine biodiversity, indicated 134 Mediterranean species, ranging from invertebrate communities to large 

mammals, having been impacted through ingestion and/or entanglement. 

Several conditions provide high potential for plastic accumulation in the Mediterranean Sea: it is a region 

strongly subjected by massively waste-generating human activities, both on the coast and inland (Galgani et 

al., 2014), it represents one of world's main shipping routes and receives waters from densely populated 

watersheds, such as, Nile, Ebro, Po, Rhone (Mistri et al., 2017). Moreover, the Mediterranean Sea has a water 

residence time of up to a century, because its dynamics is characterized by an inward surface flow of waters 

from the Atlantic Ocean, with no significant outward flow anywhere along its coastline; the return flow into 

the Atlantic happens at the subsurface, thus hampering surface floating items from being expelled from the 

basin and destinating them to accumulating within it (Zambianchi et al., 2017). 

Yet, although extensive field studies have documented high concentrations of floating plastics in the 

Mediterranean (Suaria and Aliani, 2014; Cózar et al., 2015; Mansui et al., 2015; Pedrotti et al., 2016; Suaria 

et al., 2016; Ruiz-Orejón et al., 2016) no evidence of permanent litter accumulation zone (“garbage patches”) 
has been reported so far, since the variability of the surface currents and the instabilities produced during 

the year limit stable retention area of plastic debris (Ruiz-Orejon et al., 2016; Suaria et al., 2016). Moreover, 

a high small-scale variability in plastic abundance and composition emerged by results of that surveys.  

Despite this, modeling studies concerning the transport, temporal and spatial distribution of marine litter in 

the Mediterranean Sea have predicted the Adriatic region as an area of preferential accumulation of plastics 

(Ruiz-Orejón et al., 2016; Liubartseva et al., 2016, 2018; Zambianchi et al., 2017; Carlson et al., 2017).  

In particular, Liubartseva et al. (2016, 2018) showed that the area of highest plastic concentrations (>10 g 

km-2) corresponds to an elongated band off the Italian coastline narrowing from northwest to southeast, that 

it is clearly related to the spatial distributions of plastic debris inputs (rivers, cities, and shipping lanes), as 

well as, being connected with general Adriatic circulation patterns (Gomiero et al., 2018). 

Located in the central Mediterranean, the Adriatic Sea is an elongated basin, with its major axis in the NW-

SE direction, between Italy and the Balkans. It extends from the Gulf of Venice to the Strait of Otranto, 

through which it connects to the Ionian Sea (Vlachogianni et al., 2017) and it is characterized by Northern 

(from Trieste to Ancona), Central (as far as the Gargano promontory) and Southern (limited by the Strait of 

Otranto) sub-basins (Mannini et al., 2004). The northern section is very shallow and gently sloping, with an 

average depth of about 35 m, while the central and the southern are on average 140 m deep, with the two 

Pomo Depressions reaching 260 m (Strafella et al., 2015). 

Two main currents dominate the Adriatic circulation: the West Adriatic Current flowing toward South-East 

along the Western (Italian) coast, and the East Adriatic Current flowing North-East along the eastern 

(Balkanian) coast. Two main cyclonic gyres occur, one in the northern part and the other in the South. Bora 

(from North-East) and Sirocco (from South-East) are the major winds blowing over the Adriatic Sea. Two main 

cyclonic gyres occur, one in the northern part and the other in the South. Bora (from North-East) and Sirocco 

(from South-East) are the major winds blowing over the Adriatic Sea (Artegiani et al., 1997; Strafella et al., 

2015). A great number of rivers along the Italian coast affect the North and Centre: the Po river is the most 

relevant, while the South Adriatic is characterized by the absence of significant rivers supplies (Mistri et al., 

2017). 

The Adriatic basin is heavily stressed by many human activities: both urban and industrial areas are 

concentrated along the coasts as well as many maritime activities (aquaculture, fisheries, shipping). The 
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western Adriatic coast, possessing the longest beaches in Europe, is home of a thriving tourism industry 

(Munari et al., 2016). It was estimated that 40% of the marine litter enters the Adriatic basin through rivers; 

40% through coastal urban populations; and the remaining 20% is derived from shipping lanes (Liubartseva 

et al., 2016). 

Several works have demonstrated the pervasiveness of plastic pollution in the Adriatic Sea with the micro-

component being found in all compartments, as elsewhere in the world: on beaches (Laglbauer et al., 2014; 

Munari et al., 2016, 2017; Blašković et al., 2017), surface waters (Cózar et al., 2015; Suaria and Aliani, 2014; 

Gajšt et al., 2016; Suaria et al., 2016; Vianello et al., 2018) and sediments (Vianello et al., 2013; Mistri et al., 

2017; Munari et al., 2017).  

Very few investigations have, instead, assessed the ingestion of microplastics by Adriatic fauna. Three studies 

have performed the characterization of microplastics in fish sampled in the Northern and Central Adriatic: 

Avio et al., (2015b) have choosen 5 target species, including the pelagic Sardina pilchardus, the benthopelagic 

Squalus acanthias and Merlucius merlucius and the demersal Mullus barbatus and Chelidonichthys lucerna;  

Anastasopoulou et al., (2018) analysed 5 demersal fish Chelon auratus, Sparus aurata, Solea solea, Mullus 

surmuletus, Pagellus erythrinus, and one pelagic species (Sardina pilchardus); Pellini et al. (2018) conducted 

their survey on the common sole Solea solea. Data on the presence of microplastics in Adriatic invertebrates, 

particularly in natural population of mussels, are available only from the study of Vandermeersch et al., 

(2015), which collected specimens of Mytilus galloprovincialis from Po estuary, finding microparticles for 

which, polymeric characterization was not performed. 

Data on occurrence of microplastics in Adriatic species are urgently needed, considering that evaluating the 

impact, amount, and composition of microplastics in biota of European seas has become a research priority 

also in the context of the Marine Strategy Framework Directive (MSFD, 2008/56/EC, Descriptor 10.1.3.) 

(Bellas et al., 2016). Despite the impact of microplastics on natural population is still not well understood, 

these particles may have the ability to negative affect organisms’ health and to enter and propagate through 

the marine food web (Bellas et al., 2016), with potentials concerns also for human consumers (Avio et al., 

2015b).  

The present study aimed to assess the abundance, frequency and typologies of microplastics ingested by 

different invertebrates and fish at different levels ecological web, collected along the Western Adriatic Sea, 

in the Northern, Central and Southern basin. In particular, a comprehensive quantification and 

characterization, in terms of size, shape, and chemical composition of plastic particles contained in organisms 

was conducted for a comparison between species and to test the hypothesis that site of collection, 

organism’s habitat and feeding mode could influence the occurrence of MPs in biota. This study expected to 

address the gap in knowledge on the presence of microplastics in Adriatic organisms and to provide valuable 

information on the extent of the phenomenon at large spatial scale along the Italian coast. 

 

3.2 Material and methods  

3.2.1 Sampling sites and target species  

Sampling of organisms was carried out between May and September 2016 close to three areas along the 

Italian coast: i) Venice Lagoon (Chioggia), in the North; ii) Conero Riviera(Ancona) in the Center; iii) Apulian 

coast (Lecce), in the South Adriatic Sea (Figure 3.1).  

A total of 259 specimens of invertebrates (Chioggia, n=73; Ancona, n=85 Lecce, n=101) and 216 of fish 

(Chioggia, n=77; Ancona, n=72 Lecce, n=67) were collected among 24 different species.  

Species have been selected for their ecological relevance, occupying different habitat, covering a range of 

feeding strategies and including major commercial target in the Adriatic Sea. They comprise bivalves (Mytilus 

galloprovincialis and Ostrea edulis), cnidarians (Actinia spp. and Rizostoma pulmo), crustaceans (Squilla 

mantis, Penaeus kerathurus, Nephrops norvegicus, Palaemon spp.), echinoderms (Paracentrotus lividus), 
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Table 3.1 Species, habitat, feeding mode, number of analysed specimens and morphometric parameters of invertebrates collected in 

the North (Chioggia), Center (Ancona) and South (Lecce) Adriatic Sea. Morphometric parameters are given as mean ± standard 

deviation.  

Sampling Site Species Habitat Feeding habits 
N° of analysed 

organisms 

Lenght 

(cm) 

Weight of soft 

tissue (g) 

CHIOGGIA 

M. galloprovincialis Benthic Filter feeder 10 5.5 ± 0.5 5.5 ± 1.9 

O. edulis Benthic Filter feeder 10 5.3 ± 0.7 1.5 ± 0.7 

S. spallanzani Benthic Filter feeder 10 - 14.3 ± 6.9 

Actinia spp. Benthic Carnivorous 10 - 6.4 ± 2.7 

S. mantis Benthic Carnivorous 10 16.1 ± 1.8 12.8 ± 4.7 

P. kerathurus Benthic Planktivorous 10 19.8 ± 0.9 27.5 ± 3.9 

N. norvegicus Benthic Detritivorous 10 20.1 ± 1.7 39.9 ± 7.5 

P. lividus Benthic Grazer 3 - 11.3 ± 1.3 

ANCONA 

M. galloprovincialis Benthic Filter feeder 20 5 ± 1 3.6 ± 1 

O. edulis Benthic Filter feeder 10 4.3 ± 0.9 1.9 ± 0.8 

S. spallanzani Benthic Filter feeder 8 22 ± 5 3.7 ± 0.4 

Actinia spp. Benthic Carnivorous 10 - 12.8 ± 4.4 

S. mantis Benthic Carnivorous 10 16.5 ± 1.1 4.9 ± 1.6 

P. kerathurus Benthic Planktivorous 10 13.5 ± 0.7 9.5 ± 1.4 

P. lividus Benthic Grazer 7 - 13.9 ± 5.9 

M. leydi Pelagic Planktivorous 10 - 17.5 ± 5.1 

LECCE 

M. galloprovincialis Benthic Filter feeder 18 5.2 ± 0.4 3.7  ± 1.3 

O. edulis Benthic Filter feeder 13 5.1 ± 1.4 3.5 ± 2.9 

S. spallanzanii Benthic Filter feeder 15 25.4 ± 3.1 5.4 ± 1.8 

Actinia spp. Benthic Carnivorous 9 - 21.2 ±1.3 

Palaemon spp. Pelagic Carnivorous 21 3.6 ± 0.3 0.2 ± 0.06 

P. lividus Benthic Grazer 11 - 10.1 ± 5.6 

R. pulmo Pelagic Planktivorous 14 - 185.8 ± 105.9 

 
Table 3.2 Species, habitat, feeding mode, number of analysed specimens and morphometric parameters of fish collected in the North 

(Chioggia), Center (Ancona) and South (Lecce) Adriatic Sea. Morphometric parameters are given as mean ± standard deviation.  

Sampling Site Species Habitat Feeding habits 
N° of analysed 

organisms 

Lenght 

(cm) 
Weight (g) 

CHIOGGIA 

S. pilchardus Pelagic Planktivorous 20 12.6 ± 1.2 18.1 ± 5.7 

S. scombrus Pelagic Carnivorous 10 27.8 ± 0.7 226.6 ± 19.8 

T. trachurus Pelagic Carnivorous 10 21.5 ± 2.2 86.9 ± 28.9 

M. merluccius Benthopelagic Carnivorous 10 20.4 ± 1.4 62.9 ± 15.2 

M. barbatus Demersal Carnivorous 10 12.5 ± 0.3 21 ± 1.8 

C. lucerna Demersal Carnivorous 7 31.8 ± 2.3 342.9± 74.8 

S. solea Demersal Carnivorous 10 28.2 ± 0.8 222.6 ± 23.3 

ANCONA 

S. pilchardus Pelagic Planktivorous 13 12.9 ± 0.75 14.9 ± 0.53 

S. scombrus Pelagic Carnivorous 10 23.2 ± 0.7 117.6 ± 10 

T. trachurus Pelagic Carnivorous 10 19.7 ± 1 58.4 ± 6.9 

M. merluccius Benthopelagic Carnivorous 10 17.3 ± 0.8 34 ± 6.5 

M. barbatus Demersal Carnivorous 10 13.4 ± 0.7 27 ± 4.2 

C. lucerna Demersal Carnivorous 9 20.3 ± 1.6 75.4 ± 15.4 

S. solea Demersal Carnivorous 10 17.9 ± 0.5 45 ± 5.2 

LECCE 

S. aurita Pelagic Planktivorous 9 25.2 ± 2.3 119.2 ± 21.6 

T. trachurus Pelagic Carnivorous 8 24.4 ± 1 121.3 ± 19.4 

D. vulgaris Benthopelagic Carnivorous 14 15.3 ± 2.6 71.1 ± 37.8 

P. erythrinus Benthopelagic Carnivorous 6 16.1 ± 1.1 60.8 ± 6.8 

S. cantharus Benthopelagic Carnivorous 9 16.9 ± 6.7 86.1 ±8.1 

M. barbatus Demersal Carnivorous 8 14.6 ±0.8 28.3 ± 4.7 

T. draco Demersal Carnivorous 6 23 ± 2.6 77.3 ± 23.6 

L. mormyrus Demersal Carnivorous 7 18.8 ± 1.9 78.4 ± 12.6 
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3.2.2 Method for MPs extraction and polymer characterization 

An increasing number of protocols have been developed for separation and identification of microplastics 

consumed by biota, that, often, makes difficult robust comparisons of findings across different studies. 

Existing MPs extraction methods from tissues include visual separation, flotation separation, and organic 

matter digestion (Miller at al., 2017).  

Although visual separation is commonly used to separate microplastics from tissue based on physical 

characteristics or the ‘hot needle test’, the likelihood of microplastics being trapped within tissues and 

therefore not detected is high (Miller et al., 2017). As a result, density separation and/or digestion of organic 

matter are most often employed prior to visual sorting to isolate microplastics (Lusher et al., 2017b).  

Although density separation is most commonly applied in studies of water and sediment samples, 

microplastic particles can be separated from tissues by flotation with saturated salt solutions of high density 

(Lusher et al., 2017b). Dried sample is usually mixed with concentrated salt solution and agitated (e.g. by 

stirring, shaking, aeration) for a certain amount of time. Plastic particles float to the surface or stay in 

suspension while heavy particles such as sand grains settle quickly. Subsequently, microplastics are recovered 

by filtering the supernatant and examining the resulting material under microscope. Depending on the 

solution used, different fractions of the range of consumer polymers are targeted: the higher the density of 

the solution the more polymer types can be extracted (Löeder and Gerdts, 2015). Density separation has 

been recommended by the MSFD (EU) for Europe and NaCl is suggested because it is inexpensive and non-

hazardous compared to more dense saline solutions (ZnCl2, ZnBr2, NaI, 3Na2WO4∙9WO3∙H2O and 

Li6(H2W12O40)), however, the use of NaCl could lead to an underestimation of more dense particles (>1.2 g 

cm-3) (Bour et al., 2018).  

Traditionally, digestion treatments to remove biological materials are conducted using acids (e.g. HNO3, 

HClO4), oxidizing agents (e.g. H2O2, K2S2O8) or strong bases (e.g. NaOH, KOH). However, several plastic 

polymers can be degraded or damaged by chemical treatments (Miller et al., 2017), thus validation of suitable 

reagent concentrations and appropriate temperature are required when decided to perform digestion. More 

promising is the use of enzymes (e.g. lipase, amylase, proteinase, chitinase, cellulase) as a plastic friendly 

purification step and are less hazardous tecnique to human health (Löeder and Gerdts, 2015). The trade-off 

is a protracted method, with high time-consuming when considering large-scale field sampling and 

monitoring (Lusher et al., 2017b).  

Due to the challenges in visually identifying microplastics, analytical techniques should be used to confirm 

the identity of suspected polymeric material. They can include: Fourier Transformed Infra-Red spectrometry 

(FT-IR); Raman spectrometry and Pyrolysis–Gas Chromatography combined with Mass Spectroscopy (Pyr-GC-

MS), which analyses particles using their thermal degradation properties. Alternate analytical methods are: 

high temperature gel-permeation chromatography (HT-GPC) with IR detection; SEM–EDS and 

thermoextraction; and, desorption coupled with GC/MS (Eriksen et al., 2013; Dumichen et al., 2015; 

Hintersteiner et al., 2015). The method employed is often dictated by the equipment available and whilst any 

chemical characterisation of the polymers recovered is useful, some techniques are more robust than others 

(Lusher et al., 2017b). The current recommended technique is FTIR, due to the simplicity of analysis and 

diagnostic spectral information that it provides (Shim et al., 2017).  

IR spectroscopy takes advantage of the fact that infrared radiation excites molecular vibrations when 

interacting with a sample. The excitable vibrations depend on the composition and molecular structure of a 

substance and are wave-length specific. The energy of the IR radiation that excites a specific vibration will be 

absorbed to a certain amount, depending on the wave length, which enables the measurement of 

characteristic IR spectra. Plastic polymers possess highly specific IR spectra with distinct band patterns 

making IR spectroscopy an optimal technique for the identification of microplastics (Hidalgo-Ruz et al., 2012). 

The comparison with reference spectra is, then, necessary for polymer identification. Moreover, FTIR 
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spectroscopy can provide further information on physico-chemical weathering of sampled plastic particles 

by detecting the intensity of oxidation (Corcoran et al., 2009).  

Large particles can be easily analyzed by an FTIR surface technique (attenuated total reflectance (ATR) FTIR 

spectroscopy), but, if coupled with microscopy (µFTIR), FTIR can be used to identify microplastics with a size 

around 20 µm (Hidalgo-Ruz et al., 2012; Song et al., 2015). In this context, the use of two measuring modes 

is feasible: reflectance and transmittance. The reflectance mode bears the disadvantage that measurements 

of irregularly-shaped microplastics may result in non-interpretable spectra due to refractive error (Harrison 

et al. 2012). The transmittance mode needs IR transparent filters (e.g. aluminium oxide) and is limited, owing 

to total absorption patterns, by a certain thickness of the microplastic samples. However, the additional use 

of micro-ATR objectives in combination with microscopy can circumvent this as IR spectra are collected at 

the surface of a particle (Löeder and Gerdts, 2015). 

In the present study the gastrointestinal tracts of fish and whole soft tissues of invertebrates were processed 

according to the procedure proposed by Avio et al., (2015). It consists on trituration of dried samples followed 

by flotation in NaCl hypersaline solution (1.2 g cm-3), settling for 10 min and filtration of the supernatant 

under vacuum on a sterile cellulose membrane (8 µm pore size). The membranes with retained materials are 

then transferred in a petri dish with a 15% H2O2 solution for the partial digestion of residual organic matter 

and allowed to dry in oven (50 °C, overnight), before the visual sorting and the final FT-IR characterization. 

The original method was validated and standardized on fish samples spiked with PS and PE microplastics of 

different sizes; in a comparison with other available methodologies, it showed a recovery yield higher than 

90% for particles of dimensions between 5 and 0.1 mm, while nearly 80% for microplastics smaller than 0.1 

mm and no effects on polymers characteristics (Avio et al., 2015b). Moreover, the protocol has already been 

applied to analyse microplastics in several marine organisms collected in the field, showing as the use of NaCl 

salt can allow to extract also polymers denser than the hypersalin solution, such as Nylon, PVC, PET, PU (Avio 

et al., 2015b, 2017; Bour et al., 2018). 

The visual sorting phase was performed under stereomicroscope: all particles were isolated, photographed, 

measured at their largest cross section to be assigned in four size classess (5-1mm; 1-0.5 mm; 0.5-0.1 mm; 

0.1-0.01 mm) and categorized according to their shape (fragments, film, pellet, line).  

According to Viršek et al., (2016), criteria for shape characterization were the following: fragments were 

considered the irregular shaped particles, like crystals, powder and flakes, rigid, thick, with sharp crooked 

edges and irregular shape; pellets were particles with spherical shape, like common resin pellets, spherical 

microbeads and microspheres; films appeared in irregular shapes, thin and flexible and usually transparent 

in comparison with fragments; lines or filaments were characterized by regular diameter along the particles 

and not frayed ends; textile fibers, appearing like ribbon, with not regular diameter along the particles and 

frayed ends.  

Isolated particles were then analysed for polymeric identification in ATR mode, using a µFT-IR microscope 

(Spotlight i200, Perkin Elmer) coupled to a spectrometer (Spectrum Two, Perkin Elmer). Following 

background scans, 16 scans were performed for each particle, with a resolution of 4 cm-1. Spectrum 10 

software was used for the output spectra and the polymer identification was performed by comparison with 

several libraries of standard spectra. Polymers matching with reference spectra for more than 70% were 

accepted as microplastics, whilst those with a lower level of certainty (60–70%) were subjected to further 

visual examination of spectra characteristics before being accepted or rejected (Lusher et al., 2015; Klein et 

al., 2015). 

3.2.3 Contamination control 

Great care was taken during this study to minimise microplastic contamination, mainly due to textile fibers. 

Nitrile gloves and cotton clothing was worn; workbench and equipment were carefully cleaned, lids were 
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placed over samples wherever possible and all the solutions used (hypersaline solution, deionized water, 15% 

H2O2) have been prefiltered with a porosity filter 0.45 μm. Dissection instruments were soaked in ethanol 

between samples to avoid cross contamination and each object, used during the extraction phase of the 

microplastics, was rinsed with deionized water and dried with compressed air. 

In addition, a control analysis was carried out every 20 samples, processing the blank samples with pre-

filtered water (filter 0.45μm) and subjecting them to the same conditions and to all the steps performed for 

the actual samples.  

Textile fibers were characterized both in blanks, where an average of 3.5 fibers/sample were found, and in 

organisms, in which the amount of fiber/individual ranged from zero to up 50: the 80% of them has been 

identified as cotton and wood by µFT-IR analyses. However, it has been decided to exclude textile fibers from 

results that will be presented below, due to the high variability observed in organisms and to the natural 

origin of the majority of analysed fibers, and to minimize the risk of their presence, related to air 

contamination, despite some clean lab procedures have been adopted. 

3.2.4 Data analysis  

Since data did not satisfy the assumptions required to perform a parametric ANOVA, non-parametric tests 

were applied to compare the number of MPs extracted per individual considering fish vs invertebrates, single 

species, sampling sites, organism habitat, feeding mode. The Kruskal–Wallis H test for multiple comparisons 

and the Mann–Whitney U test for pairwise comparisons were used. Level of significance was set at α < 0.05. 

Statistical analyses were conducted using GraphPad® Prism. 

3.3 Results 

A total of 475 organisms were examined in this study, 259 specimens of invertebrates representative of 11 

species and 216 fish representative of 13 species. Microplastics were detected in almost all the investigated 

species, excepting for M. galloprovincialis, O. edulis, T. trachurus and M. barbatus collected in Chioggia, M. 

leydi and T. draco sampled in Lecce and for Actinia spp., irrespective of the three sampling areas (Table 3.3, 

Table 3.4). 

Overall, microplastics were found in 122 of the analysed organisms (i.e. the 25.7%) (Table 3.3, Table 3.4); the 

number of particles extracted per specimens ranged between 1 and 4, with an average of 1.34 ± 0.61 

items/individual. Detected microplastics were mostly constituted by fragments (51%), followed by lines 

(23%), films (20%) and pellet (6%) (Figure 3.2A). The 63% of plastic particles were less than 0.5 mm and quite 

equally distributed in the three size classes 0.5-0.1 mm (32%), 0.1-0.01 mm (31%)and 5 to 1 mm (26%) , while 

the remaining 11% measured between 1 and 0.5 mm (Figure 3.2B). The chemical characterization through 

µFT-IR identified 19 different polymers where five typologies dominated, accounting for the 80% of the total: 

polyethylene (PE, 35%), polypropylene (PP, 18%), polystyrene (PS, 10%), polyester (PES, 10%) and polyamide 

(PA, 7%) (Figure 3.2C-H).  

Results were also analysed depending on species (i.e. invertebrates and fish), site of collection (i.e. Chioggia, 

Ancona, Lecce), organism habitat (i.e. benthic, demersal, benthopelagic, pelagic) and trophic mode (i.e. 

grazers, filter feeders, detritivorous, planktivorous, carnivorous).   

The majority of positive fish and invertebrates contained only 1 (71%) or 2 microparticles (21% of 

invertebrates and 29% of fish), 3 or 4 items per individual were extracted only from the 3% and 5% of 

invertebrate species, respectively. On average, concerning invertebrates, values ranged from 1 

item/individual in S. spallanzanii, N. norvegicus, P. lividus from Chioggia, O. edulis from Ancona and P. 

kerathurus, from both sites, to  2.5 ± 2.1 in O. edulis from Lecce (Table 3.3). Among fish species, 1 plastic 

particles were found in S. solea from Chioggia and Ancona, in T. trachurus from Ancona and Lecce, in D. 



25 
 

vulgaris, S. cantharus, M. barbatus, L. mormyrus from Lecce, while, M. merluccius from Chioggia exhibited 

the highest value of item/individual with a mean of 1.7 ± 0.6 (Table 3.4).  

However, no statistical significant differences were obtained in the number of MPs found per individual 

between invertebrates and fish considering both the overall specimens (Mann Whitney test, p = 0.8) and in 

relation to sampling sites (Kruskal-Wallis test, p=0.44) (Table 3.3, Table 3.4).  

Significant differences were not obtained even among single invertebrate species (Kruskal-Wallis test, p= 

0.47) (Figure 3.3A) and single fish species (Kruskal-Wallis test, p= 0.72) (Figure 3.4A), that were considered 

without site differentiation.  

Concerning the frequency of occurrence of MPs (i.e. percentage of positive organisms, that is individuals 

containing at least 1 plastic particle): it was similar between the overall invertebrates (24.3%) and fish (27.3%) 

(Table 3.3, Table 3.4), but, when considering positive organisms in relation to site of collection, a lower 

percentage was detected in both invertebrates (11%) and fish (16.8%) of Chioggia, than those of Ancona 

(29.4% and 34.7%) and Lecce (29.7% and 31.3%), where frequencies were comparable (Table 3.3, Table 3.4).  

Analysing the frequency of MPs occurrence for single species of invertebrates: the lowest percentage has 

been recorded in N. norvegicus (10%), the highest in Palaemon spp. (43%), for the others, the percentage of 

organisms containing plastic particles ranged from 15% to 30% (Figure 3.3B).  

About fish, T. trachurus (10%) and L. mormyrus (14.3%) were the species with the lowest percentage of 

organisms positive to microplatics ingestion; the highest frequency was, instead, observed for P. erythrinus 

(66.7%) and S. cantharus (55.6%), in the other species microplastics were found in the digestive tract of 

around the 20%-35% of organisms (Figure 3.4B).  

Around the 60% of particles extracted from Northern organisms were lines in invertebrates and films in fish, 

conversely, roughly the same percentage were represented by fragments in organisms of Central and 

Southern Adriatic (Figure 3.5A). Microplastics less than 0.1 mm have not been found in none specimens of 

Chioggia and in fish of Lecce, the upper size class between 5 and 1 mm predominated in invertebrates of 

Chioggia (80%) and fish of Lecce (71%). Organisms of Ancona have mostly ingested microplastics of the lower 

size classes (0.1-0.01 mm and 0.5-0.1 mm), accounting together for the 84% of particles extracted from 

invertebrates and 94% from fish. The majority of microplastics found in invertebrates of Lecce were between 

0.5 mm and 0.01 mm in size for a total contribution of 65%, followed by a 22% of microplastics between 5 

and 1 mm and a 13% of those in the range 1-0.5 mm (Figure 3.5B). While a high heterogeneity of polymers 

typologies has been found in organisms of North and South Adriatic Sea, even if, in the latter, PE was the 

most present in fish (62% of particles), microplastics extracted from species of Center Adriatic were almost 

exclusively of PE, PP, PS and PA (Figure 3.5C). 

Considering characteristics of microplastics in relation to invertebrates without site differentiation (Figure 

3.3C-E), it has been highlighted that fragments prevailed in almost all the species, representing the 100% of 

plastic particles extracted from R. pulmo, instead, in Palaemon spp. the 91% of detected microplastics were 

lines (Figure 3.3C). Line was also the shape of the only one item of polystyrene found in N. norvegicus that 

measured 3.2 mm (Figure 3.3C-E). Only in tissues of P. lividus all the three typologies of particles shape have 

been found (Figure 3.3C). Microplastics extracted from R. pulmo were less than 0.5 mm, those from O. edulis 

and P. kerathurus were less than 1 mm. Also M. galloprovincialis and S. spallanzani showed mostly the 

accumulation of particles of that dimensions, with a contribution of approximately 16% of items between 1 

and 5 mm. The upper size class of microplastics (5-1 mm) has been found instead at high frequency in 

Palaemon spp. (65%), followed by the size classes 1-0.5 mm (26%) and 0.1-0.01 mm (9%). No plastics between 

1 and 0.5 mm were extracted from P. lividus, and the same resulted to be the less frequent in S. mantis, 

together with that of 0.5-0.1 mm (11% each), while the lower (0.1-0.01 mm) and higher (5-1 mm) size classes 

were the most represented in this species (44% and 34%, respectively)  (Figure 3.3D). The greater 

heterogeneity of polymers was identified for microplastics extracted from S. spallanzanii: 22.7 % were PP, 

18.2% polyvinylchloride (PVC), 13.6% PE, 4.5% PS, polyethylene terephthalate (PET), polyvinyl alcohol (PVA) 
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and polyisoprene and 9.1% were PA, polyurethane (PU) and silicone. Although in M. galloprovincialis 

different plastic typologies has been found, such as PA (16.7%), ethylene-vinyl acetate (EVA), as both 

homopolymer and copolymer, polyterpene rubber PP (8.3% each), however most of the particles were of PE 

(50%). Polyester were found in high abundance in Palaemon spp., accounting for the 73% of the total. P. 

kerathurus showed the lowest heterogeneity of polymers represented by PP and PS (Figure 3.3E).  

Considering characteristics of microplastics in relation to fish without site differentiation (Figure3.4C-E): 

films, fragments and lines were extracted from S. pilchardus, S. scombrus and M. barbatus, but, while in S. 

pilchardus (42%) and S. scombrus (61.5%) fragments were found more frequently than the other shapes and 

MPs were overall mostly between 0.5 and 0.1 mm in size, in M. barbatus lines were the predominant shape 

type (43%), and 5-1 mm along with 0.1-0.01 mm, the predominant size classes (43% each) (Figure 3.4 C,D). 

T. trachurus exhibited only lines of PE and PES in the same proportion, while only fragments of PE (67%) and 

PP (33%) were extracted from the gastrointestinal tracts of D. vulgaris, in both cases particles had dimension 

between 5 and 1 mm or 0.5 and 0.1 mm. Microplastics detected in M. merluccius were mainly films (54.5%), 

followed by fragments (27.2%) and pellet (18.3%), this species showed the highest heterogeneity of MPs size 

and polymers among fish, since all the size classes were represented (5-1 mm and 0.1-0.01 with the 36% of 

the total, 0.5-0.1 with the 19% and 1-0.5 mm with the 9%) and 6 different polymers where identified (PE, PP, 

EVA accounting each for around the 18% and PS, PA and a PVC-PVA-PE copolymer accounting each for around 

9%). C. lucerna and S. solea have ingested only films and fragments smaller than 0.5 mm, that in C. lucerna 

were mostly of PE (83%) and the remaining of polyurethane (PU), while in S. solea PE, PVC, PA have been 

found at same frequency (33.3%). From specimens of S. aurita pellets and fragments of PE, EVA and 

polyacrylates (PAK) were identified and they have been ascribed in the size classes between 5- 1 mm and 0.5- 

0.1 mm. P. erythrinus ingested only larger particles (5-1 mm), represented by fragments (60%) and lines (40%) 

of PE. Fragment, pellet and lines larger than 0.5 mm have been extracted from S. cantharus that were for the 

80% of PE and 20% of PP. From organisms of L. mormyrus only one plastic fragment of PE (size 0.39 mm) was 

detected.  

In addition, results were elaborated taking into account the habitat (i.e. benthic, demersal, benthopelagic, 

pelagic) and feeding mode (i.e. grazers, filter feeders, planktivorous, carnivorous) of species (see Table 3.3 

and Table 3.4 for these informations on single species).  

No significant differences were observed concerning the average number of microplastics extracted per 

individual, neither between habitats (Kruskal-Wallis test, p=0.99) (Figure 3.6A), nor between trophic groups 

(Kruskal-Wallis test, p=0.89) (Figure 3.7A).  

Despite this, benthopelagic species showed the highest percentage of positive organisms (41%), followed by 

pelagic species (27.4%), demersal (19.5%) and benthic ones (18%) (Figure 3.6B), worthy to note, demersal 

organisms are represented by fish species and benthic by invertebrates (Table 3.4 and Table 3.3). No pellets 

were extracted from demersal specimens; fragments largely predominated in benthic (61%), demersal (53%) 

and benthopelagic (50%) organisms; in pelagic organisms the difference between the frequency of 

occurrence for fragments (38%), films (26%) and lines (32%) was less evident, with a minimal contribution of 

pellets (4%) (Figure 3.6C). Most of the extracted plastic particles were lower than 0.5 mm in size in benthic 

(69.5%) and demersal (84%) organisms, in the latter, however, no particles within the range 1 and 0.5 mm 

were detected; in benthopelagic species predominated larger size class 5-1 mm (58%), while no particular 

differences in the distribution of microplastics in the four size classes were observed for pelagic individuals 

(Figure 3.6D). More typologies of polymers were extracted from the gastrointestinal tracts of benthic and 

pelagic species than those from demersal and benthopelagic. However, over the 60% of plastics in benthic 

organisms were represented by PE (24.2%), PP (27.3%) and PS (13.6%), while, in pelagic specimens the same 

percentage has been reached by PE and PES (30% each). Instead, roughly the 60% of the total microplastics 

extracted from demersal (59%) and benthopelagic (57%) species were of PE only, followed by PA in demersal 

(17.6%) and by PP (19%) in benthopelagic organisms (Figure 3.6E). 
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Noteworthy about the trophic groups is that grazers and detritivorous are represented by only one species, 

P. lividus and N. norvegicus respectively, moreover, from all the analysed individuals of N. norvegicus only 

one PS line of 3.2 mm was extracted. Thus, comparison between feeding mode can be partly affected by this 

limitation. Nonetheless, grazers showed a 33% of individuals with at least one particles in tissues, filter 

feeders the 17%, detritivorous the 10%, carnivorous and planktivorous showed the same percentage (around 

25%) of positive organisms to plastic ingestion (Figure 3.7B). Unlike carnivorous, planktivorous and grazers 

species, filter feeders have accumulated more pellets (25%) in respect to the other shape types (Figure 3.7C). 

No microplastics in the dimensional range 0.5-1 mm have been detected in grazers, for which most of 

particles have been classified within 0.5 mm and 0.01 mm (80%), as well as, for planktivorous (73%). The 34% 

of microplastics extracted from filter feeders measured between 5 and 1 mm, roughly the 25% between 1-

0.5 mm and 0.5-0.1 mm, the 16% between 0.1-0.01 mm. In carnivorous animals the size class 5-1 mm 

represented the 36%, followed by those 0.1-0.01 mm (30%), 0.5-0.1 mm (24%) and 1-0.5 mm (10%) (Figure 

3.7D). With the exception of grazers and detritivorous organisms, a certain heterogeneity of polymers were 

registered in relation to trophic strategy, especially in filter feeders and carnivorous groups, however, PE 

remained the most frequent (43%) (Figure 3.7E).  
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Table 3.3 Results of extraction of MPs from invertebrates, including site of collection, species, number and percentage of positive 

individuals, number of microplastics in individuals (mean ± standard deviation).  

Sampling Site Species 
N° of analysed 

organisms 

N° of positive 

organism 

% of positive 

organisms 
MPs/individual 

CHIOGGIA 
North Adriatic Sea 

M. galloprovincialis 10 - - - 

O. edulis 10 - - - 
S. spallanzanii 10 3 30 1 ± 0 

Actinia spp. 10 - - - 

S. mantis 10 2 20 2 ± 1.4 
P. kerathurus 10 1 10 1 ± 0 

N. norvegicus 10 1 10 1 ± 0 

P. lividus 3 1 33.3 1 ± 0 

All Chioggia species 73 8 11 1.25 ± 0.71 

ANCONA 
Center Adriatic Sea 

M. galloprovincialis 20 4 20 1.5 ± 0.6 
O. edulis 10 3 30 1 ± 0 

S. spallanzanii 8 6 75 1.3 ± 0.5 
Actinia spp. 10 - - - 

S. mantis 10 4 40 1.3 ± 0.5 

P. kerathurus 10 5 50 1 ± 0 
P. lividus 7 3 42.8 1.7 ± 0.6 

M. leydi 10 - - - 

All Ancona species 85 25 29.4 1.28 ± 0.46 

LECCE 
South Adriatic Sea 

M. galloprovincialis 18 5 27.7 1.2 ± 0.4 

O. edulis 13 2 15.4 2.5 ± 2.1 
S. spallanzanii 15 7 46.6 1.7 ± 1.1 

Actinia spp. 9 - - - 
Palaemon spp. 21 9 42.8 1.2 ± 0.4 

P. lividus 11 3 27.3 1.3 ± 0.6 

R. pulmo 14 4 28.6 2 ± 1.2 

All Lecce species 101 30 29.7 1.53 ± 0.89 

Overall invertebrates specimens 259 63 24.3 1.40 ± 0.73 

 

Table 3.4 Results of extraction of MPs from fish, including site of collection, species, number and percentage of positive individuals, 

number of microplastics in individuals (mean ± standard deviation).  

Sampling Site Species 
N° of analysed 

organisms 

N° of positive 

organism 

% of positive 

organisms 
MPs/individual 

CHIOGGIA 
North Adriatic Sea 

S. pilchardus 20 5 25 1.4 ± 0.5 

S. scombrus 10 3 30 1.3 ± 0.6 
T. trachurus 10 - - - 

M. merluccius 10 3 30 1.7 ± 0.6 
M. barbatus 10 - - - 

C. lucerna 7 1 14.3 2 ± 0 

S. solea 10 1 10 1 ± 0 

All Chioggia species 77 13 16.8 1.46 ± 0.52 

ANCONA 
Center Adriatic Sea 

S. pilchardus 13 4 30.7 1.3 ± 0.5 
S. scombrus 10 7 70 1.3 ± 0.5 

T. trachurus 10 1 10 1 ± 0 

M. merluccius 10 4 40 1.5 ± 0.6 
M. barbatus 10 2 20 2 ± 0 

C. lucerna 9 4 44.4 1.3 ± 0.5 
S. solea 10 3 30 1 ± 0 

All Ancona species 72 25 34.7 1.32 ± 0.48 

LECCE 
South Adriatic Sea 

S. aurita 9 3 33.3 1.3 ± 0.6 

T. trachurus 8 1 12.5 1 ± 0 

D. vulgaris 14 4 28.6 1 ± 0 
P. erythrinus 6 4 66.6 1.5 ± 0.6 

S. cantharus 9 5 55.5 1 ± 0 

M. barbatus 8 3 37.5 1 ± 0 
T. draco 6 - - - 

L. mormyrus 7 1 14.3 1 ± 0 

All Lecce species 67 21 31.3 1.14 ± 0.36 

Overall fish specimens 216 59 27.3 1.29±0.46 
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3.4 Discussion 

The present study was aimed to evaluate the ingestion of microplastics in a range of Adriatic organisms 

collected from a Northern, Central and Southern area along the Italian coast, in order to fill gap in knowledge 

on the phenomenon, on regional scale. This work was one of the few that have assessed the occurrence of 

microplastics in natural populations of fish along with in different invertebrate species, including also those 

not strictly intended for human consumption, such as cnidarians (Actinia spp. and Rizostoma pulmo), 

polychaetes (Sabella spallanzanii) and ctenophores (Mnemiopsis leydi). In spite several reports has been 

done on the presence of microplastics in the guts and/or tissues of a number of wild marine species, they 

mostly targeted commercially important mollusks, crustaceans and fish (Lusher et al., 2017a): the potential 

for humans, as top predators, to ingest microplastics through seafood consumption is plausible and its 

implications for health need to be considered, but, to date, none real risks have been demonstrated (UNEP, 

2016).  

The overall results of the study highlighted microplastics ingestion as a widespread phenomenon in the 

marine food web of the Adriatic Sea, since 21 out of 24 analysed species and around 26% of total organisms 

showed at least one microplastics in tissues.  

Actually, 1 or 2 particles have been mostly found in both fish and invertebrates, as generally reported by 

previous studies on fish populations of Mediterranean Sea (Anastasopoulou et al., 2013, 2018; Avio et al., 

2015b, 2017; Romeo et al., 2015) and of other areas in the world (Boerger et al., 2010; Davison and Asch, 

2011; Lusher et al., 2013; Neves et al., 2015; Rummel et al., 2016; Tanaka and Takada, 2016).  

In the present study the overall frequency of MPs ingestion for fish (27%) is very close to the 28% reported 

during a preliminary survey on microplastics content in species collected in the North and Central Adriatic 

(Avio et al., 2015b) and to the 30% recorded for planktivorous fish from the North Pacific Central Gyres 

(Boerger et al., 2010), for catfish from a Brazilian estuarine (Possato et al., 2011) and for commercial fish 

from Indonesia and California areas (Rochman et al., 2015). A much higher percentage of particles occurrence 

in Adriatic fish has been, instead, observed in the eastern basin (up to 87%) (Anastasopoulou et al., 2018) 

and in specimens of Solea solea (95%) sampled from Trieste to Gargano by Pellini et al., (2018).  

More complex is the comparison of results for invertebrates with other studies, because field investigations 

on the occurrence of MPs in marine invertebrates are still scarce and they include only few species. In 

addition, a precise quantitative comparison is hampered by the use of different units to express 

concentrations, which often are given as number of MPs per grams of tissues rather than per individual 

(Lusher et al., 2017a). Although this urgently requires standardization on the way to express data, the issue 

can be in part solved, referring to frequency of occurrence rather than abundance of ingested particles.  

For example, so far, two studies have analysed the occurrence of microplastics in N. norvegius, but Welden 

and Cowie (2016) gave the results as number of MPs on weight of tissues, not allowing comparison with this 

work, instead, Murray and Cowie (2011) have recorded a frequency of ingestion of 83% in the Clyde Sea, 

which is however much higher than the percentage of positive organisms obtained for the same species 

collected from Chioggia site (10%). It is necessary to consider that in the present study 10 individuals of N. 

norvegicus were analysed versus 120 in the study of Murray and Cowie (2011) and samples size might 

influence the percentage of positive individuals (Bour et al., 2018). 

The lack of significant differences in the number of microplastics ingested per individuals has not allowed to 

identify any species that can accumulate more plastic than others, nor if site of collection, organism habitat 

and feeding mode have influenced the abundance of MPs in biota. On the contrary, considering the 

frequency of ingestion of particles, it was possible to highlight that the likelihood to encounter and ingest 

microplastics is higher for some species, in particular the benthopelagic ones and for organisms of the Center 

and South Adriatic compared with those of the Northern site. Some differences have been noticed also in 

relation to feeding mode of organisms, with the highest percentage of individuals positive to MPs ingestion 



34 
 

recorded in grazers, followed by carnivorous and planktivourous in similar percentage while lower levels 

were highlighted for filter feeders and detritivorous organisms. However, these results have to be read with 

caution since the trophic groups are represented by a different number of species and individuals, for 

example, grazers include only P. lividus (n=21) and detritivorous only N. norvegicus (n=10) in comparison with 

the larger group of carnivores (12 species and n=244). As above mentioned, it is plausible that the sample 

size can influence the percentage of positive organisms and this underlines the importance of increasing the 

number of individuals and of species with similar ecological characteristics to analyse. 

Among invertebrates Palaemon spp. was the species that showed the highest frequency of MPs ingestion 

(43%). To date, only two field studies have been conducted on the presence of microplastics in the most 

common species of shrimp. Devriese et al., (2015) showed a frequency of ingestion of 63% in individuals of 

Crangon crangon from the Channel Sea and a very similar percentage has been observed by the study of Bour 

et al., (2018) for Crangon allmani (65%). As obtained from the present study, also Bour et al., (2018) found 

the highest frequency of MPs occurrence exactly in shrimps, in respect to other Norway species. Therefore, 

shrimps could be considered prime suspects for further investigation in future studies on monitoring of 

microplastics in the marine environment and also on the process of trophic transfer of these particles (Cole 

et al., 2013). In fact, these organisms are important food item for a large range of predators and at the same 

time are opportunistic feeder, consumer of macrofaunal species and juvenile stages of fish, which in turn 

might have previously consumed plastic, since for some of these preys, MPs ingestion has been 

demonstrated (Devriese et al., 2015).   

Among fish, the benthopelagic P. erythrinus and S. cantharus showed the highest frequency of MPs 

occurrence (66.7% and 55.6%). Indeed, the study highlighted that, in general, benthopelagic organisms 

ingested MPs more frequently than pelagic and, above all, demersal and benthic ones. This tendency has 

been observed also by Avio et al., (2015b, 2017), which obtained higher percentage of fish with microparticles 

in benthopelagic Mediterranean species (S. cantharus and M. merluccius) than in pelagic (S. pilchardus) and 

benthic organisms (Scorpaena sp., Uranoscopus scaber, Phycis phycis, M. barbatus, C. lucerna). It is quite 

obvious that organisms moving within the pelagic and benthic habitat are more likely to interact with 

microplastics that are present in both the compartments. This result underlines the ubiquitous presence of 

microplastics in the water column and on the seabed and the need to consider the presence of these particles 

in the marine environment in a dynamic and changing time and spatial perspective, since initially floating 

particles can sink to sediment and then being remobilized to water column by bioturbation, resuspension or 

hydrodynamic conditions (Avio et al., 2016). 

To explain differences in the frequency of MPs ingestion relating to site of collection it is important to 

consider that spatial and temporal distributions of plastics in the marine environments depend on input 

locations and the time-varying intensity of sources, which are highly uncertain. At the same time, ocean 

currents, waves, and wind control the transport of plastics, redistributing them at sea until they eventually 

wash ashore or sink (Liubartseva et al., 2016). Following the study of Liubartseva et al., (2016) on distribution 

and transport of floating plastic debris along the Adriatic Sea, it seems that in the Western coastlines, surface 

currents drive the accumulation of elevated concentrations of plastics in the Northern and Central basin, on 

average up to 30 g km-2 and 20 g km-2, while lower concentrations of items (up to 3 g km-2), were detected in 

the Southern Adriatic. This trend does not fully correspond to that observed for frequency of microplastics 

recorded in biota in the three investigated area, however, it is reasonable to hypothesize possible different 

dispersion flows by currents due to the smaller dimensions of MPs with respect to large marine litter items. 

Liubartseva et al., (2016) tried to reconstruct also the sources of plastic debris onto the Adriatic coasts: they 

revealed that even if more than one-third of the plastics are beached on the coastline from which they 

originate, complex source–receptor relationships among the various Adriatic subregions exist. For example, 

rivers runoffs contribute to plastic transport towards areas far from where they directly discharge: it is case 

of the Central Adriatic that is affected by Po River and of the South Adriatic that receivs runoffs of rivers 
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entering through the Otranto Strait from the North Ionian Sea. Thus the contribution of rivers runoffs as 

conduits of plastics in these areas can explain the higher frequency of MPs ingestion recorded in individuals 

collected from Ancona and Lecce compared with those from Chioggia. Moreover, it could represent the 

reason why extracted microplastics from Central and Southern organisms are mostly fragments and of the 

lower size classes (0.5-0.1 mm and 0.1-0.01 mm), in particular those of Ancona, compared with films and 

pellets of larger size (5-0.5 mm) found in Northern species.   

Worthy to note, in the present investigation counts of microplastics did not include textile fibers, thus, results 

are not fully comparable in terms of both abundance and characteristics of ingested particles, with some of 

the above mentioned studies reporting also this typology of particles. 

For example, the shape characterization of the overall microplastics has highlighted the predominance of 

fragments (51%) on pellets, lines and films. This result is similar and fully comparable with that reported by 

Avio et al., (2015b, 2017) on fish of Adriatic and Tyrrhenian Sea, because the authors have excluded fibers in 

their analyses. Instead, when textile fibers are included, they represents the most abundance type of plastics 

found in Mediterranean fish (Bellas et al., 2016; Anastasopoulou et al., 2018; Pellini et al., 2018), suggesting 

the importance to include this class of microplastics in future studies.  

Despite shape of microplastics can represent one of the factors that drive their fate in the marine 

environment (Reisser et al., 2015; Horton et al., 2017) none conclusion can be done by this study over this 

aspect, since no particular differences in the shape frequency of microplastics has been showed in relation 

to habitat. This is moreover supported by the fact that species have ingested only fragments, i.e. R. pulmo, 

L. mormyrus, D. vulgaris belong to different compartments: pelagic, benthopelagic and demersal, 

respectively. 

FT-IR analysis highlighted a certain heterogeneity of polymers ingested by Adriatic organisms, especially in 

the Northern and Southern areas, in accordance with the innumerable and diversified potential inputs of 

plastics in the Adriatic basin: mariculture and fisheries, shipping routes, tourism, dense urbanization of the 

coasts, rivers (Munari et al., 2016). Among the detected polymers, all the Big Six (i.e. polypropylene, 

polyethylene, polyvinyl chloride, polyurethane, polyethylene terephthalate, polystyrene) accounting for 80% 

of plastic production in Europe (Paul-Pont et al., 2018) have been found. However, most of microplastics 

were of PE (35%) and PP (18%), which are presently the polymers predominantly recovered in all 

environmental compartments (Isobe et al., 2014; Enders et al., 2015; Frère et al., 2017), in accordance with 

the scale of their global manufacture and use worldwide (Antunes et al., 2013; GESAMP, 2016). Interestingly, 

benthic species exhibited the highest variety of ingested polymers, that included both denser and lighter 

plastics, at the same time, polyester, that you would expect to find in the bottom, has been extracted at high 

frequency (29.5%) from pelagic organisms, confirming that the density of plastics can change due to 

weathering or other processes in the field (Bour et al., 2018). 

In conclusion the present study demonstrated the entrance of microplastics in the marine food web of the 

Adriatic Sea, providing additional insight on ingestion of particles by a wide range of species and on the 

factors that might affect their bioavailability in the Adriatic basin. None evidences of biomagnification has 

been obtained, however a more elevated number of organisms and species with different feeding strategies 

are required to better assess the distribution of microplastics along the food web, since the trophic transfer 

has been mentioned as a potential issue. Results of the work have contributed to give new information over 

the growing need to define the frequency, abundance and characteristics of microplastics ingested by biota, 

moreover, they can represent the baseline to define the best strategies to adopt in future monitoring studies 

of these contaminants in the Adriatic Sea. 

 

 

 

  



36 
 

4 ASSESSMENT OF BIOAVAILABILITY AND BIOLOGICAL EFFECTS OF 

MICROPLASTICS AND ADSORBED POLLUTANTS 
 

This chapter is based on the following paper: 

Pittura L, Avio C. G, Giuliani M. E., d’Errico G, Keiter S. H. , Cormier B., Gorbi S. and Regoli F. (2018). 
Microplastics as Vehicles of Environmental PAHs to Marine Organisms: Combined Chemical and Physical 
Hazards to the Mediterranean Mussels, Mytilus galloprovincialis. Frontiers in Marine Science 5:103. doi: 
10.3389/fmars.2018.00103 

4.1 Use of experimental and biomarker approach  

Studies on the presence of microplastics in the wildlife demonstrate their availability for the biotic 

compartment and allow to monitor the abundance, distribution and composition of plastic litter in the 

marine environment. However, they don’t permit to establish nor a direct connection between the ingestion 
of microplastics and the onset of injurious effects, neither the extent to which such ingestion contributes to 

the bioaccumulation of environmental chemical pollutants in respect to other pathways (waterborne, 

sedimentborne or foodborne contamination). It is also necessary to consider that in the field, the 

bioavailability of microplastics can be affected by many factors (i.e. biofouling and aggregation in marine 

snow may change MPs buoyancy) (Wright et al., 2013; Porter et al., 2018) and organisms are typically 

subjected to a variety of other stressors, both natural and anthropogenic (i.e. salinity, pH and temperature 

variations, mixture of chemical pollutants, eutrophication, hypoxia, altered habitat and hydrologic regimes), 

that can impact through single, cumulative, or synergistic processes (Adams, 2005; Crain et al., 2008; Hewitt 

et al., 2016).  

Exposure experiments in laboratory are useful to study the biological effects of contaminants with a certain 

level of control of environmental variables, so, they allow to sort out complexity of the natural environment 

and to assess the weight of each factor in determining biological disturbance (Paul-Pont et al., 2016).  

Biological effects can be studied applying sensitive laboratory bioassays based upon responses of biomarkers 

(van der Oost et al., 2003), that are molecular, biochemical and cellular variations, measured in tissue or body 

fluid samples or at the level of whole organisms, which provide signals of exposure to xenobiotics and also 

of a toxic effect (Depledge, 1993; Peakall, 1994). Assessment of such early warning signals may anticipate 

biological changes at higher levels of organisation like populations, communities and ecosystems, for that, 

biomarkers are considered as short-term indicators of long-term biological effects (Cajaraville et al., 2000).  

In the present study, the bioavailability and the biological effects of MPs and adsorbed pollutant were 

experimentally investigated under short-term exposure conditions (28 days), using the Mediterranean 

mussel Mytilus galloprovincialis as biological model, low density polyethylene (LDPE) microparticles as 

representative plastic typology and benzo(a)pyrene (BaP) as organic contaminant (Figure 4.1). Organisms 

were exposed to both LDPE and BaP alone and to microplastics pre-contaminated with BaP (LDPE-BaP), in 

order to address both the potential for plastic particles to act as a vector of chemical exposure once ingested 

and the possible effects caused by single contaminants or their combination. Histological observations were 

performed to ensure the presence of plastic particles in mussels’ tissues, which have been integrated with 

BaP bioaccumulation analyses and biomarkers measurements, in order to elucidate the role of microplastics 

in transferring chemical pollutants to organisms and mechanisms of MPs toxicity. Results of this study were 

expected to provide additional knowledges on the risk of MPs and adsorbed chemicals for marine biota and 

advance hypotheses on long-term effects on organisms’ health status. 
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high in respect to those reported in the environment (Paul-Pont et al., 2018), although, more similar to values 

detected in some hotspot areas, such as the waters of Southern North Sea (Dubaish and Liebezeit, 2013) and 

California Current System (Gilfillan et al., 2009) or the sediments of the Belgian coast (Claessens et al., 2011), 

of the Artic (Bergmann et al., 2017b) and of the Lagoon of Venice (Vianello et al., 2013). The high dose of 

microplastics was chosen to provide evidence that if encountered, MPs may be capture, ingested and 

incorporated by organisms and to elucidate their eco-toxicity after 28 days of exposure. 

However, it is worthy to note that data on quantification of MPs in the surface waters is related to particles 

larger than 333 µm, retained by the manta trawl sampling. Conversely, knowledges of natural levels of 

microplastics of size similar to those used in this study are poor, despite recent publications demonstrated a 

high percentage (80%) of MPs 25-50 μm in surface water or sediment, compared with larger sized particles 

(Enders et al., 2015; Bergmann et al., 2017b) and they estimated an increasingly abundance of smaller MPs, 

due to the stay of debris in the environment (Erni-Cassola et al., 2017). For these reasons, we might 

underestimate MPs concentrations in the oceans, as well as the relative importance of small MP fractions in 

the transfer of hydrophobic organic compounds (e.g. polycyclic aromatic hydrocarbons (PAHs)), especially 

considering that for the same plastic mass, the surface available for chemicals adsorption is inversely related 

to the size of plastic debris pieces (Paul-Pont et al., 2018). In addition, the magnitude of this sorption is 

chemical and polymer dependent; for example, polyethylene and polystyrene have greater affinity for PAHs, 

than polypropylene (Rochman et al., 2015).  

Among the organic contaminants typically found in the marine environment and potentially adsorbed on 

plastics, the BaP was selected as a representative for PAH compounds. PAHs are widely distributed toxic 

substances and are among the most water-soluble hydrocarbons, thus allowing them to be accumulated to 

high concentrations in the tissues of many marine organisms (Wootton et al., 2003). PAHs can enhance the 

intracellular generation of reactive oxygen species (ROS) with subsequent oxidative damage to 

macromolecules and some congeners (including BaP) have carcinogenic, mutagenic and teratogenic 

properties, (Rey Salguerio et al., 2017). Mussels were exposed to environmentally relevant aqueous 

concentrations of 150 ng/L of BaP (Ren et al., 2015; O’Donovan et al., 2018) that corresponds to 15 µg of 

compound adsorbed on each gram of LDPE, in the treatment with BaP pre-contaminated microplastics. This 

concentration approaches levels of total PAHs measured in beached plastic pellet on South America coast of 

the Atlantic Ocean (Fisner et al., 2013), on Japanese coast of the Pacific Ocean (Teuten et al., 2009) and in 

pre-production pellets collected from plastic processing facilities in Los Angeles (America) (Rios et al., 2007). 

4.3 Adsorption of BaP on LDPE particles 

The adsorption procedure of BaP on microplastics was performed in collaboration with the ManTechnology 

Environment Research Center of Örebro University, Sweden.  

Pre-test was conducted on plastics to determine whether there was a background contamination with BaP. 

Two replicates with 0.25 g of plastic were weighed into 8 mL amber glass vials and extracted three times with 

2.5 mL of hexane (≥98%, SupraSolv) with addition of internal standard (500 ng BaP D12 in toluene, Chiron; 
prepared standard: 10 ng/μL in toluene) by 30 min ultra-sonication. After 10 min of centrifugation upper 

solvent phase was collected to a new vial. 7.5 ml of the extracted samples were filtrated trough a glass pipet 

containing fibreglass to eliminate the particles. At that point, the extract was reduced to a volume of 1.5 ml 

by a nitrogen stream. 500 μL toluene was added and the volume further reduced to 500 μL. GC vials for 
analysis were filled with 100 ng recovery standard perylene D12 (Chiron) (2 ng/μL in toluene, 50 μL added) 
and 500 μL of extract transferred from 8 ml vials. In addition, extract vials were rinsed three times with small 
amount of hexane and added to the sample. The sample volume was reduced to 500 μL using a nitrogen 
stream. Concentrations of BaP were quantified using a high-resolution GC-MS system (Micromass Autopspec 
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4.5  Investigated parameters 

A summary of parameters analysed in mussels at each time of exposure, the applied methodologies and the 

target tissues, is reported in Table 4.1. 

The up-take of LDPE microparticles through ingestion, was verified searching for them in that tissues and 

organs closely related to the ingestion process in mussels, i.e. gills and digestive gland (Kolandhasamy et al., 

2018). The presence of microplastics were also investigated in the haemolymph, which represents the 

circulatory system in bivalve molluscs, passing out the open end or arteries, bathes all organs before 

returning to the heart by way of sinuses and respiratory structures (i.e.the gills) (Pruzzo et al., 2005). So, as 

it can transport pollutants throughout exposed organisms (Calisi et al., 2008), as well, it can favour the 

translocation of microplastics by a tissue to another (Browne et al., 2008).  

Chemical analyses are necessary to test the hypothesis of a possible transfer of adsorbed BaP from 

microplastics to mussels’ tissues and evaluate differences in the bioaccumulation of BaP between the 

exposure to the chemical via waterborne and via microplastics. Analyses were performed in the digestive 

gland and gills of mussels: the first has been described as the organ where pollutants accumulate in higher 

concentrations, whereas the latter are the dominant site of interaction with the environment (Brandts et al., 

2018), therefore both being the tissues of most relevant interest for bioaccumulation study.  

Various studies have shown that ingestion of both virgin and contaminated microplastics can have 

detrimental effects on numerous biological processes. For example, reduction of filtration rates (Wegner et 

al., 2012), decrease in available energy (Van Cauwenberghe et al., 2015), inflammatory responses associated 

with significant tissues damages (von Moos et al., 2012), neurotoxic and genotoxic effects, and modulation 

of antioxidant systems (Avio et al., 2015a) occurred in mussels. Effects were also demonstrated at molecular 

levels, affecting the expression of genes and transcripts involved in cellular stress, immune responses, 

antioxidant defence, detoxification or metabolism (Avio et al., 2015a; Paul-Pont et al., 2016; Détrèe and 

Gallardo-Escaráte, 2017). For these reasons, the biological effects of LDPE, BaP and LDPE-BaP were evaluated 

through the analyses of a set of biomarkers covering a range of responses of systems involved in internal and 

antioxidant defences in mussels or typically related to stress.  

Haemocyte-mediated phagocytosis is the predominant form of internal defence in bivalve molluscs although 

it is generally suppressed by exposure to a wide spectrum of contaminants (Galloway and Depledge, 2001). 

The mussel immune response is comprised of an integrated process of phagocytosis and lysosomal 

degradation and factors inducing dysfunction of these processes may suppress immunocompetence 

(Nicholson, 2003), with the potential to alter the health of the entire organism (Calisi et al., 2008). Therefore, 

phagocytic activity of granulocytes, their ratio in respect to hyalinocytes, from whom differentiate for 

morphology and function, and the stability of lysosomes membrane, were evaluated as biomarkers of 

immunotoxicity.  

Alterations of lysosomes were assessed also in terms of accumulation of neutral lipids in the digestive gland 

of mussels, where these organelles are involved in the uptake and digestion of food materials as well as in 

processes of pollutant accumulation and detoxification (Marigómez and Baybay-Villacorta, 2003). Lipid 

storage disorders, which can lead in lipidosis, are a common response to xenobiotic exposure (Bocchetti and 

Regoli, 2006), even if they appear to be more strictly linked to organic chemical pollutants (Marigómez and 

Baybay-Villacorta, 2003).  

Lipids represent, as well, a possible target for oxidation by free radicals or reactive oxygen species (ROS), 

which are continually produce as unwanted bi-products from various endogenous sources or processes, but 

rates and amounts of ROS production can be enhanced by the presence of a wide range of natural and man-

made xenobiotics (Livingstone, 2001). The increase of ROS can, moreover, be turned to other 

macromolecules, like proteins and DNA. Although several mechanisms have been postulated for prooxidant 

https://www.sciencedirect.com/science/article/pii/S0166445X03000560#!
https://www.sciencedirect.com/science/article/pii/S0166445X03000560#!
https://www.sciencedirect.com/science/article/pii/S0166445X03000560#!
https://www.sciencedirect.com/science/article/pii/S0166445X03000560#!
https://www.sciencedirect.com/science/article/pii/S0166445X03000560#!
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contaminant-mediated oxidative effects and genotoxic alterations, various cellular injuries can also increase 

intracellular ROS generation and alter the oxidative status of organisms (Regoli et al., 2004).  

In this work the possible pro-oxidant action of virgin and contaminated microplastics were evaluated in terms 

of levels of malondialdehyde (MDA) in the digestive glands of mussels, as it is a typical product and thus, 

indicator, of lipid peroxidation of cellular membrane or oxidation of polyunsaturated fatty acids (van der Oost 

et al., 2003). MDA is a highly toxic molecule that exerts extremely deleterious effects on cells and tissues, by 

inducing, in turn, damages to DNA or cellular proteins (Del Rio et al., 2005). In this respect, oxidative damages 

and oxidative stress conditions can represent the cause but also the consequence of a particular disease state 

(Regoli et al., 2004). The onset of DNA toxicity was, instead, assessed in the hemolymph by the formation of 

reversible damages, strand breaks, and generation of less reversible effects, as the micronuclei, small, 

intracytoplasmic masses of chromatin resulting from chromosomal breakage or aneuploidy during cell 

division (Gorbi et al., 2008). 

The oxidative damage to key biological molecules is a consequence of an imbalance between pro-oxidant 

and antioxidant processes (i.e. oxidative stress), that is due to perturbation of antioxidant systems efficiency 

(Livingstone, 2001). Among the specific enzymes and low molecular weight scavengers involved in 

antioxidant defences, catalase (CAT), glutathione S-transferase (GSTs), glutathione peroxidases (GPX) and 

glutathione reductase (GR) along with the levels of glutathione (TGSH), were evaluated in the digestive gland 

of treated mussels. CAT removes hydrogen peroxide from cells during basal aerobic metabolism or after a 

pollution-enhanced oxyradical generation (Winston et al., 1990) ; GSTs are a family of detoxification enzymes 

that act by conjugating GSH to lipid peroxides and xenobiotics; GPxs can be either selenium dependent (Se-

GPx) or Se-indipendent forms (total GPx) that protect the cell from oxidative damages by reducing 

respectively inorganic peroxides (as H2O2) to water and organic peroxides (as lipid hydroperoxides) to their 

respective alcohol; GR is the enzyme that reconverts oxidized glutathione (GSSG) to its reduced form (GSH), 

which acts both as a scavenger or as a cofactor for previously described enzymes (Regoli and Winston, 1999). 

Single antioxidants variations are useful in revealing early pro-oxidant challenges but the biological 

significance of this changes is difficult to summarize. For this reason, analysis of single antioxidant defenses 

is usually integrated with the analysis of the total oxyradical scavenging capacity (TOSC) toward different 

ROS, like the peroxyl (ROO•) and hydroxyl (HO•) radicals, thus providing an integrated image of the whole 

tissue antioxidant status (Regoli and Winston, 1999; Gorbi and Regoli, 2003). 

Peroxisome proliferation has been investigated as specific marker of exposure to BaP in terms of induction 

of Acyl-CoA oxidase (AOX) activity. Peroxisomes are ubiquitous cytoplasmic organelles involved in lipid 

metabolism and handling of reactive oxygen species, that can proliferate in responses to organic pollutants 

(Cajaraville et al., 1997). Proliferation involves an increase in peroxisomal volume and numbers, which is 

usually but not always accompanied by induction of peroxisomal enzymes, particularly those of the fatty acid 

β-oxidation pathway, such as, indeed, AOX (Cajaraville et al., 2000). Analyses were performed in the digestive 

gland, an organ that is mainly involved in the acquisition, storage and metabolism of nutrients and also the 

main site of organic xenobiotic accumulation (Cancio et al., 1999), as above-mentioned. In different 

laboratory studies, peroxisomes of mussel digestive gland cells have been observed to proliferate in response 

to organic pollutants such as oil, several PAHs, including BaP, and phtalate plasticizers (Ortiz-Zarragoitia and 

Cajaraville, 2006). 

Acetylcholinesterase (AChE) was evaluated in gills and hemolymph as an enzymatic biomarker of 

neurotoxicity, as it is responsible for the degradation of the neurotransmitter acetylcholine. Inhibition of its 

activity is typically related to the exposure to organophosphorus compounds and carbamates pesticides, 

however there are evidences of modulation induced by some heavy metals (Mora et al., 1999), PAHs (Rank 

et al., 2007; Cappello et al., 2015) and emerging compounds such as anti-inflammatory drugs (Mezzelani et 

al., 2016, 2018) and microplastics (Oliveira et al., 2013; Avio et al., 2015a) in mussels. Cholinesterasic effects 

of microplastics should deserve attention because MPs have been suggested to influence various 

https://www.sciencedirect.com/science/article/pii/S1532045614001641#bb0170
https://www.sciencedirect.com/science/article/pii/S1532045614001641#bb0170
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physiological and behavioral responses controlled by neurological mechanisms (Oliveira et al., 2013; Mattson 

et al., 2017; Ribeiro et al., 2017). 

In addition to cytological and biochemical analyses, gene-expression biomarkers were applied, i.e. 

biomarkers based on transcription of stress-, metabolism-, or antioxidant-related genes (Piña et al., 2007).  

Gene expression can be an usefull and sensitive endpoint in ecotoxicology for stress identification in 

organisms (Snell et al., 2003). In fact, a cell responds to alterations induced by xenobiotics by readjusting its 

metabolism, normally by activating or synthesizing de novo specific stress-related proteins, designed to 

counteract or compensate the damage. As a general rule, the amount of these proteins reflects the relative 

concentration of the corresponding mRNA (Piña et al., 2007). On the contrary, proteins activity are not always 

synchronous with variations of corresponding mRNA levels due to time delayed effects and factors 

controlling gene transcription (Regoli and Giuliani, 2014). 

In the study the amount of mRNA levels were quantified in the digestive gland for cat, Se-gpx and gst-pi, that 

are some genes related to antioxidant system, for aox1 gene as it is involved in lipid metabolism, and for 

hsp70 gene as marker of general cell stress, since it can be modulated by a variety of harmful stimuli, including 

heat, heavy metals, organic contaminants, injuries, diseases and other stressors (Tedengren et al., 1999). 

Expression of cat, Se-gpx, gst-pi and aox1 has been also correlated with their biochemical biomarkers 

counterparts. 

4.5.1 Tracking the uptake of LDPE microparticles 

Up take and localization of microplastics were verified by observation of hematoxylin and eosin stained 

tissues sections under polarized light microscopy (PLM). Analyses were performed in tissues of mussels 

treated with LDPE and with LDPE-BaP. Haemolymph was extracted from the posterior adductor muscle, 

immediately smeared onto a glass slides and stained with H&E. Digestive glands and gills were, instead, 

frozen in liquid nitrogen and stored at - 80 °C prior to be used to obtain H&E stained cryostat sections of 20 

µm thickness. Slides of tissues were finally analysed by optical microscopy with polarized light to display 

microplastics. PLM represents a useful and by now approved tool to investigate the presence and exact 

location of non-fluorescently labelled MPs, as the model LDPE microplastics are, in stained tissue sections 

(von Moos et al., 2012; Avio et al., 2015a; Santana et al., 2017). This illumination technique is used to observe 

anisotropic materials taking advantage of their birefringent properties (Santana et al., 2017). Many plastics 

are birefringent, as the result of chemical structure of polymers and their crystallinity: when polarised light 

passes through the tissue sections, it strongly interacts with microplastics and generates a contrast with the 

background (Lusher et al., 2017b), that allows to highlight the particles in the investigated tissues. 

Quantification of microplastics by PLM is nevertheless not possible, so in the present study the assessment 

of uptake and localization of polyethylene microparticles in mussels has been strictly descriptive.  

4.5.2 Chemical analyses of BaP bioaccumulation 

Benzo(a)pyrene was quantified in digestive glands and gills of mussels previously frozen at -20 °C and stored 

until need. The analytic procedure is based on methanolic extraction with microwave, solid-phase 

purification and HPLC analyses with fluorimetric detection (Bocchetti et al., 2008). The BaP was identified 

according to the retention times of an appropriate pure standards solution (EPA 610 Polynuclear Aromatic 

Hydrocarbons Mix). QA/QC was monitored by processing blank and reference standard materials (mussel 

tissue Standard Reference Material [SRM] 2977, National Institute of Standards and Technology). The water 

content in tissues was determined and concentrations of BaP were expressed as ng/g dry weight (dw).  

https://www.sciencedirect.com/science/article/pii/S1532045604000936#BIB45
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4.5.3 Biomarkers assays 

For the analysis of immunological responses and DNA fragmentation throught the Comet Assay, haemolymph 

was withdrawn from the posterior adductor muscle and immediately used to perform the tests. Another 

aliquot of haemolymph was fixed in Carnoy's solution (3:1, methanol: acetic acid) for the evaluation of 

micronuclei frequency. The other biochemical and molecular biomarkers were performed on tissues frozen 

in liquid nitrogen immediately after dissection of organisms and maintained at -80 °C until to performe the 

analyses.  4 replicates were performed for each analysis. 

The lysosomal membrane stability in haemocytes, was evaluated by the Neutral Red Retention Time 

Assay (NRRT) according to Lowe et al. 1995. The test is based on the use of the cationic probe neutral red 

which is taken up into cells by membrane diffusion, where it becomes ion trapped within the lysosomal 

compartment. The end point parameter is the time at which dye loss to the cytosol is evident in 50% of the 

granular haemocytes. Haemolymph was incubated on a microscope slide with a freshly neutral red working 

solution for 15 minutes (2 µl/ml filtered seawater from a stock solution of 20 mg neutral red dye dissolved in 

1 ml of dimethyl sulfoxide). Thereafter, slides were examined systematically at 15 min intervals using light 

microscopy (40X) until a total time of 120 min. 

Phagocyticic capacity assay was performed following previous methods (Gorbi et al., 2013). 50 µl of 

haemolymph were dispersed onto a glass slides and left to adhere for 15 min for 15 min at 15°C in the dark. 

Fluorescein-labelled Zymosan A bioparticles (Invitrogen) were added at 10:1 target: haemocyte ratio. After 

2 h incubation at 15°C in the dark, uninternalized particles were removed by washing with physiological 

solution and slides were finally fixed in Beker’s fixative (+2.5% NaCl) and mounted in Eukitt. Phagocytosis was 

expressed as the percentage of cells that internalized at least 3 fluorescent particle (positive cells), observed 

under a fluorescence microscope, after counting at least 200 cells for each sample. 

Granulocytes versus hyalinocytes ratio was assessed on 50 μl of haemolymph dispersed on glass 
slides, dryed and fixed in Baker’s fixative (+2.5% NaCl). The slides were washed with water, stained with H&E 
and mounted in Eukitt. Observations were carried out with a light microscope (1000X) and the ratio was 

evaluated after counting almost 200 cells for each sample (Gorbi et al., 2013). 

Acetylcholinesterase activity (AChE) was analysed in haemolimph, centrifuged at 3000 xg for 5 min, 

and in gills, homogenized in 0.1 M Tris–HCl buffer pH 7.2, 0.25 M saccarose and centrifuged at 10 000 g for 

10 min. Obtained supernatants were spectrophotometrically assayed by the Ellman’s reaction at 18 ± 1 °C , 
λ = 412 nm, ε = 13.6 mM/cm. 

The comet assay was performed according to Machella et al., 2006. Briefly, haemocytes were 

embedded in 0.6% low-melting agarose (LMA), spread onto microscope slides pre-coated with 1% normal 

melting agarose (NMA) and covered with a further layer of LMA. Slides were dipped into a lysing solution 

(NaCl 2.5 M, EDTA 100 mM, Trizma Base 10 mM, 10% DMSO, 1% Triton X-100, pH 10) and kept for 90 min at 

4 °C in the dark, in order to solubilise cell membranes and cytoplasm. Successively, slides were treated with 

alkali (NaOH 75 mM, EDTA 10 mM, pH > 13) for 10 min and placed in a horizontal electrophoresis apparatus. 

Electrophoresis was performed for 10 min at 1V/cm and 300 mA. After run, slides were neutralized with Tris–
HCl (0.4 M, pH 7.4), dehydrated in MetOH, stained with DAPI (at 100 ng/ml) and observed under a 

fluorescence microscope (400x). Photos of 100 cells were collected for each slide using Image-Pro® Plus 6.2 

Analysing Software, while the amount of DNA fragmentation was quantified as the percentage of DNA 

migrated into the comet tail (tail DNA), using an image analyzer (TriTek Comet Score, Version 1.5).  

For the the micronucleus test (MN) haemocytes suspension was dispersed on glass slides and stained 

with the fluorescent dye 40,6-diamidino-2-phenylindole (DAPI) at 100 ng/ml. For each specimen, 2000 cells 

with preserved cytoplasm were scored for the presence of micronuclei, defined as round structures, smaller 

than 1/3 of the main nucleus diameter, on the same optical plan and clearly separated from it (Nigro et al., 

2006) 
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For the analysis Acyl CoA oxidase (AOX) activity samples of digestive gland were homogenized in 1 

mM sodium bicarbonate buffer (pH 7.6) containing 1 mM EDTA, 0.1% ethanol, 0.01% Triton X-100 and 

centrifuged at 500 x g for 15 min at 4°C. The H2O2 production was measured in a coupled assay (Small et al., 

1985) by following the oxidation of dichlorofluorescein-diacetate (DCF-DA) catalyzed by an exogenous 

horseradish peroxidase (HRP). The reaction medium was 0.5 M potassium phosphate buffer (pH 7.4), 2.2 mM 

DCF-DA, 40 µM sodium azide, 0.01% Triton X-100, 1.2 U/ml HRP in a final volume of 1 ml. After a 

preincubation at 25°C for 5 min in the dark with an appropriate volume of sample, reactions were started 

adding the substrates palmitoyl-CoA at final concentrations of 30 µM and 100 µM for acyl-CoA oxidase and 

readings were carried out against a blank without the substrates at 502 nm.  

The content of neutral lipids, were evaluated in cryostat sections (8 μm thick) of digestive glands. 
Slides were fixed in Beker's fixative (+2.5% NaCl) and washed in 60% isopropilic alcohol solution (Moore, 

1988). After that, sections were stained for 20 min in a saturated oil red O solution (1% in isopropyl alcohol 

60%), washed in isopropyl alcohol and then in distilled water before mounting in glycerine gelatine. Four 

measurements were made on digestive tubules of each section Quantification of staining intensity was 

performed with Image-Pro® Plus 6.2 Analysis Software and then normalized to the area of digestive tubules. 

For the analyses of antioxidant enzymes, samples of digestive gland were homogenized (1:5 w:v 

ratio) in 100 mM K-phosphate buffer (pH 7.5), 0.1 mM phenylmethylsulphonyl fluoride (PMSF), 0.1 mg/ ml 

bacitracin, 0.008 TIU/ml aprotinin, 1 mg/ml leupeptin, 0.5 mg/ml pepstatin, NaCl 2.5%, and centrifuged at 

110000 xg for 70min at 4°C. Measurements were made with a Varian (model Cary 3) spectrophotometer at 

a constant temperature of 18°C (Bocchetti et al., 2008). 

Catalase (CAT) was measured by the decrease in absorbance at 240 nm (extinction coefficient, ɛ = 0.04 mM-

1 cm-1) due to the consumption of hydrogen peroxide, H2O2 (12 mM H2O2 in 100 mM K-phosphate buffer 

pH 7.0). 

Glutathione reductase (GR) was determined from NADPH oxidation during the reduction of oxidized 

glutathione, GSSG (λ = 340 nm, ɛ = 6.22 mM-1 cm-1). The final assay condition were 100 mM K-phosphate 

buffer pH 7.0, 1 mM GSSG, and 60 mM NADPH.  

Glutathione peroxidases (GPx) activities were assayed in a coupled enzyme system where NADPH is 

consumed by glutathione reductase to convert the formed GSSG to its reduced form (GSH). The decrease of 

absorbance was monitored at 340 nm (ɛ = 6.22 mM-1 cm-1) in 100 mM K-phosphate buffer pH 7.5, 1 mM 

EDTA, 1 mM dithiothreitol, 1 mM sodium azide (NaN3) (for hydrogen peroxide assay), 2 mM GSH, 1 unit 

glutathione reductase, 0.24 mM NADPH, and 0.5 mM hydrogen peroxide or 0.8 mM cumene hydroperoxide 

as substrates, respectively, for the selenium-dependent and for the sum of Se-dependent and Se-

independent forms. The rate of the blank reaction was subtracted from the total rate.  

Glutathione S-transferases (GST) were determined at 340 nm using 1-chloro-2,4-dinitrobenzene as substrate 

(CDNB). The assay was carried out in 100 mM K-phosphate buffer pH 6.5, 1.5 mM CDNB, 1 mM GSH (ɛ = 9.6 

mM-1 cm-1).  

Total glutathione was analyzed in samples homogenized (1:5 w:v ratio) in 5% sulfosalicilic acid with 4 mM 

EDTA, maintained for 45 min on ice and centrifuged at 37.000 x g for 15 min. The resulting supernatants were 

enzymatically assayed.  

The total oxyradical scavenging capacity (TOSC) assay measures the overall capability of cellular 

antioxidants to absorb different forms of artificially generated oxyradicals, thus inhibiting the oxidation of 

0.2 mM a-keto-γ-methiolbutyric acid (KMBA) to ethylene gas (Winston et al., 1998). Peroxyl radicals (ROO•) 
were generated by the thermal homolysis of 20 mM 2-2’-azo-bis-(2-methylpropionamidine)-dihydrochloride 

(ABAP) in 100 mM K-phosphate buffer, pH 7.4. Hydroxyl radicals (•OH) were produced by the Fenton reaction 
of iron-EDTA (1.8 µM Fe3+, 3.6 µM EDTA) plus ascorbate (180 µM) in 100 mM K-phosphate buffer. Under 

these conditions the different oxyradicals produced quantitatively similar yields of ethylene in control 

reactions, thus allowing to compare the relative efficiency of cellular antioxidants toward a quantitatively 
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similar radical flux (Regoli and Winston, 1999). Ethylene formation in control and sample reactions was 

analyzed at 10–12 min time intervals by gas-chromatographic analyses and the TOSC values are quantified 

from the equation: TOSC = 100 – (ʃSA/ʃCA x 100), where ʃSA and ʃCA are the integrated areas calculated under 

the kinetic curves for samples (SA) and control (CA) reactions. For all the samples, a specific TOSC (normalized 

to content of protein) was calculated by dividing the experimental TOSC values by the relative protein 

concentration contained in the assay.  

The content of malondialdehyde (MDA) was measured in digestive glands samples homogenized 1:5 

w/v in 20 mM Tris–HCl pH 7.4, centrifuged at 3000 × g for 20 min and then derivatized in 1 ml reaction mixture 

containing 10.3 mM 1-metyl-2-phenylindole (dissolved in acetonitrile/methanol 3:1), HCl 32%, 100 μl water 
and an equal volume of sample or standard (standard range 0–6 μM 1,1,3,3-tetramethoxypropane, in 20 mM 

Tris–HCl, pH 7.4). The tubes were vortexed and incubated at 45 °C for 40 min. Samples were cooled on ice, 

centrifuged at 15 000 × g for 10 min and read spectrophotometrically at 586 nm; levels of MDA were 

calibrated against a malondialdehyde standard curve and expressed as nmol/mgPRT (Shaw et al., 2004). 

Protein concentrations (PRT) were measured according to Lowry method (1951), using bovine serum 

albumin (BSA) as standard.  

Gene expression levels were analysed in the digestive gland of mussels through real-time RT-qPCR 

technique by the two-step procedure. Total RNA was purified from tissues using the Hybrid-RTM purification 

kit (GeneAll®), according to the manufacturer’s protocol and reverse transcribed into cDNA using the iScript 
cDNA Synthesis Kit (Bio-Rad). The generated cDNA served as template in the subsequent real-time PCR for 

the absolute quantification of target genes, which it was carried out by the SYBR green method in a 

StepOnePlusR Real-Time PCR System (Applied Biosystems) with gene-specific primer pairs (reference table is 

reported in the attached paper). For each target genes, serial dilutions of known amounts of plasmid 

containing the amplicon of interest were used as standard. Amplification of the standard dilution series and 

of the target sequence was carried out in duplicate in the same run. The calibration curve (plot of CT-

values/crossing points of different standard dilutions against log of amount of standard) was generated and 

used to convert CT-values of unknown samples for the determination of the amount of target expressed as 

mRNA copy number per µg of total RNA.  
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Table 4.1 Summary of analysed parameters, applied methodologies and target tissues.  

[BaP]: benzoapyrene concentration; HPLC: High-Performance Liquid Chromatography; H&E: Hematoxylin and Eosin; PLM: 

Polarized Light Microscopy; LMS: Lysosomal Membrane Stability; NRRT: Neutral Red Retention Time; G/H: granulocytes 

vs.hyalinocytes type cells ratio; AchE: Acetylcholinesterase; AOX: Acyl-CoA oxidase; CAT: catalase; GR: Glutathione reductase; GST: 

Glutathione S-transferases; Se-GPX: selenium-dependent glutathione peroxidase; TOSC: total oxyradical scavenging capacity 

assay (ROO•: peroxyl radical, HO• hydroxyl radical); hsp70: heat shock protein70. 

 

PARAMETERS METHODOLOGY TISSUE 

UP-TAKE AND LOCALIZATION OF MPs PLM  
Digestive gland 
Gills 
Haemolymph 

BIOACCUMULATION [BaP] HPLC 
Digestive gland 
Gills 

IMMUNE DEFENCES 

LMS NRRT assay 

Haemolymph 
 Phagocytosis 

Fluorescence 
microscopy  

G/H Optical microscopy  

LIPID METABOLISM/PEROXIDATION 
Neutral Lipid content Hystochemical analysis 

Digestive gland 
Malondialdehyde content Spectrophotometry 

GENOTOXICITY 
DNA fragmentation Comet assay 

Haemolymph 
 Nuclear anomalies Micronucleus test 

SINGLE ANTIOXIDANT DEFENCES 

CAT activity and mRNA levels 
Spectrophotometry 
Real time RT-qPCR 

Digestive gland 

GR activity  Spectrophotometry 

GST activity and mRNA levels 
Spectrophotometry 
Real time RT-qPCR 

Se-GPX activity and mRNA levels 
Spectrophotometry 
Real time RT-qPCR 

Total GPX activity Spectrophotometry  

Total Glutathione levels Spectrophotometry 

TOTAL ANTIOXIDANT CAPACITY 
TOSC ROO• 

Gas cromatography Digestive gland 
TOSC HO• 

PEROXISOMAL PROLIFERATION/ 
FATTY ACID METABOLISM  

AOX activity 
Enzyme activity 
Real time RT-qPCR 

Digestive gland 

NEUROTOXICITY AchE activity Spectrophotometry 
Haemolymph 
Gills 

CELL STRESS hsp70 mRNA levels Real time RT-qPCR Digestive gland 

 

4.6 Data analysis 

Two-way ANOVA was used to determine possible effects of various treatments, times of exposure and their 

interaction on BaP bioaccumulation and on each evaluated biomarkers. Significant ANOVA results were 

analysed by the Newman-Keuls test to compare groups of means, a p-value < 0.05 was considered statistically 

significant, homogeneity of variance was checked by Cochram C and mathematical transformation was 

applied if necessary. All tests were performed using the statistical R-software (2010). 

Pearson's correlations were performed to highlight the relationship between mRNA levels and activities of 

catalase, glutathione S-transferases, Se-dependent glutathione peroxidase and acyl-CoA oxidase enzymes; 

significant relationship was assumed at the 0.05 level. 
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levels of hsp70 gene was observed in mussels exposed to LDPE after 14 days, that can reflect a response 

toward the physical disturbance caused by the ingestion of such particles. Enhanced levels of these proteins 

are, in fact, a generic biomarker of stress, acting in mussels as a first line of defense to cope with 

environmental challenges (Franzellitti and Fabbri, 2005; Heindler et al., 2017). The effects of contaminated 

microplastics were, instead, more similar to those of BaP, with lack of statistical changes and a trend toward 

lower values of hsp70, supporting a limited responsiveness of these proteins to the prevalence of a chemical 

stress (Figure 4.10). 
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Table 4.4 Weight of Evidence (WOE) integration of bioavailability and biomarkers data for each times of exposures and treatments. 

 The assigned classes of hazard are given. 

Time of exposure Experimental treatment Class of hazard Level 

7 days 

LDPE Slight 
 

BaP Major 
 

LDPE-BaP Major 
 

14 days 

LDPE Slight 
 

BaP Major 
 

LDPE-BaP Major 
 

28 days 

LDPE Slight 
 

BaP Major 
 

LDPE-BaP Major 
 

 

 

In addition, the results of PCA, carried out on the whole set of biomarkers, have allowed to further 

discriminate between different exposure conditions (Figure 4.11).  A clear separation was obtained between 

specimens exposed at different treatments for different times, even if, a quite percentage of the total 

variance remains to be explained. After 7 days (Blu ellipse), LDPE and LDPE-BaP treated mussels separated 

from the other groups, at 14 days (Red ellipse) mussels treated with BaP and LDPE-BaP were more 

differentiated, while after 28 days (Green ellipse) the effects of BaP alone became more evident, producing 

a clear separation between such experimental group and other treatments. It seems that mussels 

experienced firstly the effects of microplastics, possibly reflecting a physical disturbance of such particles, 

instead, the combined effects of microplastics with BaP appeared more relevant with time of exposure, while 

at longer exposure conditions, impact of BaP prevailed on those induced by microplastics and, thus, the 

chemical stress assumed a major role in biological disturbance. 

 

 
Figure 4.11 Multivariate PCA analysis on biomarkers data in mussels exposed for 7, 14, 28 days to various treatments. 
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4.8 Conclusion  

This experimental study has demonstrated that, once ingested by mussels, polyethylene microparticles, can 

be accumulated in different tissues, with a potential translocation of those of lower size. Moreover, it 

confirmed that microplastics can transfer adsorbed organic contaminants, like benzo(a)pyrene to mussels 

tissues, providing an additional experimental evidence on the role of microplastics as source of chemical 

bioaccumulation. Both virgin and contaminated microplastics did not induce strong ecotoxicological effects 

after 28 days of exposure, however the clear disturbance observed toward the immune system can be 

considered as an early signal of possible long term consequences for marine organisms, which in the natural 

environment are chronically subjected to multiple stressors (i.e. chemicals mixture and climate change), that 

can, moreover, interact.  

In this contest, experimental studies simulating the complexity of realistic scenario are more and more 

necessary to fill the gaps on toxicity of microplastics, requiring a multidisciplinary and integrated approach, 

involving expertise of physicists, chemists, biologists and ecotoxicologists. 
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5 CHARACTERIZATION OF MICROPLASTICS IN A WASTEWATER 

TREATMENT PLANT OF NORTH ITALY 
 

This chapter is based on the following paper: 
Magni S., Binelli A., Pittura L., Avio C.G., Della Torre C., Parenti C.C., Gorbi S., Regoli F. (2019). The fate of 

microplastics in an Italian Wastewater Treatment Plant. Science of the Total Environment, 652, 602-610. 

https://doi.org/10.1016/j.scitotenv.2018.10.269 

5.1 Microplastics in wastewater treatment plants 

The global presence of microplastic in the environment has been shown by various studies, however, neither 

MP concentrations nor their sources or sinks are completely known (Mintening et al., 2017). Wastewater 

treatment plants (WWTPs) are frequently suspected as significant land-based point sources or conduits of 

microplastics to marine, freshwater and terrestrial ecosystems (Li et al., 2018), although it is difficult to 

confirm a direct link between microplastic pollution and the effluents of WWTPs (Carr et al., 2016).  

Wastewater includes raw waters from industrial, domestic, agricultural activities and surface and rainwater 

runoffs, that have a high likelihood to contain macro- and microplastics (Mintening et al., 2017). When 

wastewater are conveyed to WWTPs to be cleaned up by organic matter and nutrients, large items, such as 

macroplastics, are removed during the preliminary mechanical treatments, while the used technologies are 

not specifically designed to retain micropollutants, such as, pharmaceuticals, heavy metals (Binelli et al., 

2015, 2014; Magni et al., 2015) and indeed microplastics.  

Nevertheless, recent investigations, focused on the removal  efficiency of microplastics in WWTPs, 

demonstrated that these facilities can restrain up to around 99% of the MPs entering through the influents, 

depending on the processes employed by the treatment plants (Lares et al., 2018; Mintenig et al., 2017; 

Ziajahromi et al. 2017; Carr et al., 2016; Murphy et al., 2016; Michielssen et al. 2016; Dris et al., 2015; 

Magnusson and Norén, 2014), contrary to was previously believed (Browne et al., 2011; GESAMP, 2010). 

Despite this, when dealing with large volumes of wastewater to treat, even a modest amount of microplastics 

being released per liter of effluent could result in a sheer number of particles entering daily directly into 

recipient water bodies (i.e. rivers, lakes, sea) or soils (Mourgkogiannis et al., 2018). 

In addition to the discharge of MPs through effluents, WWTPs pose another potential threat for the high 

percentage of MPs (up to 90%) which settle on the bottom of WWTP tanks, accumulating in the recycled 

activated sludge (Carr et al., 2016). In fact, sludge is widely re-used in green construction and as fertilizer in 

fields worldwide (Mahon et al., 2017), representing another route for microplastics accumulation in the 

aquatic and terrestrial environments, with negative consequences for inhabitant organisms (Anbumani and 

Kakkar, 2018; de Souza Machado et al., 2018; Horton et al., 2017; Lwanga et al., 2016; Besseling et al., 2013).  

About this, the potential for MPs to act as a vector of chemical contaminants in the environment and to biota 

is considerably much more significant in WWTPs (Raju et al,. 2018). Wastewaters transport a diverse range 

of chemicals from the source to the treatment facility, including flame retardants, endocrine-distrupting 

compounds, pharmaceuticals, heavy metals, persistent organic pollutants (Carr et al., 2016), that have been 

detected at high concentrations in many WWTPs effluent samples and in sludge (Yang et al. 2016; Nelson et 

al., 2011; Ma and Shih 2010; Karvelas et al., 2003; Shareef et al. 2008; Van Beelen, 2007; Ying and Kookana, 

2007). Although studies are required to assess the sorption capacity of various MPs in WWTPs context, the 

possibility of enrichment of that toxic substances on surface of microplastics cannot be excluded. 

At now, still few researches have been carried out on microplastics in WWTPs (Prata et al., 2018) and most 

of studies have mainly focused on the final effluent (Lares et al., 2018). Little work has been undertaken to 

determine removal efficiencies of WWTP, the stage of the process where microplastics are extracted and the 

composition of the polymers entering and exiting the treatment facilities (Murphy et al., 2016).  

https://doi.org/10.1016/j.scitotenv.2018.10.269
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More detailed analysis, on fate and transport pathways of microplastics in wastewater treatment processes, 

are needed to elucidate the contribuition of WWTPs as sources of accumulation of these contaminants in 

our environment and the possible related risks for habitats and biota. 

In this context, the aim of this study was to evaluate the abundance and physical/chemical characteristics of 

MPs in one of the main WWTPs of Northern Italy, characterizing these particles in wastewaters at different 

treatment steps, as well as, in the recycled activated sludge. To our knowledge, this is the first study aimed 

to identify the fate of MPs through the entire waste treatment process from an Italian WWTP, to evaluate 

the efficiency of various treatments in removing these particles, and to assess the overall release of such 

emerging contaminants. 

5.2 Matherials and Methods 

5.2.1 Characteristics of the WWTP selected for the study and sampling 

Wastewater and sludge samples were collected from a municipal WWTP located in the North-Western part 

of Italy. The plant has a processing capacity of 1,250,000 population equivalents and receives combined 

sewer, therefore, it collects domestic sewage, industrial waste-water and rainwater runoff all in the same 

pipe. The plant treats approximately 400,000 m3 (corresponding to 400,000,000 L) of wastewater every day, 

that are conveyed into the surrounding farmlands for irrigation and into the existing hydrographic system: 

since April 2003, when the system was fully operational, it has been estimated a return of 2,143 million m3 

purified water to the rivers and to the Adriatic Sea.  

The WWTP adopts the Conventional Activated Sludge (CAS) processes (Figure 5.1), starting with a 30 mm 

coarse screening, followed by a 3 mm fine screening and a grit and grease removal phase (pre- and primary 

treatments). The wastewater is then pumped up for biological treatment by activated sludge denitrification 

and oxidation-nitrification process, followed by sedimentation section (secondary treatments). In order to 

complete the biological treatment, systems for active sludge and mixed liquor recirculation are also present 

(recycled activated sludge), and residual sludge is treated by thickening, aerobic stabilization, dewatering and 

drying to reduce volume and to allow its reuse in the production of compost or for energy recovery. 

Wastewater is finally filtered through sand filters, disinfected (tertiary treatments) and drained into the 

above mentioned environmental receptors.  

Three stages of the treatment water line were sampled for analysis of microplastics: inlet after coarse 

screening (IN), after the settler (SET) and outlet (OUT), along with the recycled activated sludge (Figure 5.1). 

30 L of surface wastewater were collected from each step using a steel bucket and they were poured to a 

cascade of three steel sieves with mesh sizes of 5 mm, 2 mm and 63 µm: materials retained on the 2 mm and 

63 µm sieves were recovered in glass containers using Milli Q® water. Moreover, 50 mL of activated sludge, 

corresponding to a concentration of 7.5 g/L dry weight (d.w.), were sampled using a glass beaker.  

The sampling campaign has been performed on May of 2017, during dry weather conditions, when the 

average of inlet flow rate is about 18,000 m3/h. Sampling was repeated for three days in a week, at the same 

time, to reduce the variability associated to the weathering and/or to the urban release in drainage systems. 
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reference ones was accepted only after visual examination of spectra characteristics and with a Hit Quality 

Index (HQI) ≥ 0.7, as suggested by Klein et al., (2015) and Lusher et al., (2015).  
In addition to chemical characterization, particles were categorized according to their shape and measured 

to be classified into 4 size classes: 5-1 mm, 1-0.5 mm, 0.5-0.1 mm, 0.1-0.01 mm. 

5.3 Data Analysis 

To evaluate the significant differences (*p <0.05; **p <0.01) about MPs content between the three different 

treatment steps (IN, SET and OUT), we performed the one-way analysis of variance (one-way ANOVA); each 

difference, treatment versus treatment, was evaluated using the Fisher LSD post hoc test. For these analyses 

we used the STATISTICA 7.0 software package. 

5.4 Results and Discussion 

5.4.1 Quantification of MPs and removal efficiency of treatment processes 

The characterization by μFT-IR has confirmed that the 72% of microparticles collected during visual sorting 

from the IN samples, the 67% from the SET, the 55% from the OUT and the 81% from the sludge were plastics. 

Instead, the percentage of synthetic fibers, in respect to natural ones, was 34% in the IN, 28% after the SET, 

19% in the OUT and 65% in the sludge. 

Analyses of blanks highlighted the presence of only natural fibers, thus, the value of 1.6±1.0 cotton fibers has 

been ignored for the quantification of microplastics in wastewater and sludge samples.  

Therefore, the total amount of microplastics (MPs) in the influent (IN), including both microplastic particles 

(MPPs) and fibers (MPFs) was on average (calculated on the three sampling days) of 2.5 ± 0.3 MPs/L (Figure 

5.2A), with a dominance of particles (2.0 ± 0.3 MPPs/L) compared to fibers (0.5 ± 0.1 MPFs/L) (Figure 5.2B). 

The number of MPs entering in the selected WWTP through the influent (IN) is lower than that obtained by 

studies on other European facilities. For example, Murphy et al. (2016), have measured 15.7 ± 2.23 MPs/L in 

the inlet of a Scottish WWTP after coarse screening step; Lares et al., (2018) have obtained on average of 

57.6 ± 12.4 MPs/L, analysing the raw waters addressed to a WWTP in Finland. Much higher levels were 

measured in the influent of another treatment plant in Finland, with high variability of detected microplastics 

during different sampling days, from 380 to 900 MPs/L (Talvitie et al., 2017a). Raw sewage influents from 

seven municipal WWTPs in the Netherlands contained a mean plastic particle concentrations of 68-910/L, 

(Leslie et al., 2017);  15.1 ± 0.89x106 MPs/L and 293x106 MPs/L have even been found in the inlet flow of a 

WWTP in Sweden (Magnusson and Norén, 2014) and in France respectively  (Dris et al., 2015). Except for the 

study of Murphy et al., (2016) that highlighted a minor contribution of fibers on the total amount of 

microplastics (18.5%), similarly to that obtained by this study (20%), the other authors found more synthetic 

fibers than particles (Magnusson and Norén, 2014; Talvitie et al., 2017a; Lares et al., 2018) or exclusively 

fibers (Leslie et al., 2017; Dris et al., 2015) in the incoming flows the WWTPs.  

The variability of MPs concentration that has been noticed among WWTP inlets of different countries, could 

be related to the typologies of sewage collected by the facilities, such as, greywater, blackwater or those 

derived from combined sewer. Considering this latter case, the rainwater runoff entering in the sewage 

system can produce a "diluting effect" on MPs concentration in the wastewaters. This phenomenon can be 

particularly present in the Italian WWTPs, because 70% of the national sewage system is made by combined 

sewages, as it is the case of the selected facility for this study, and rainwater infiltration can reach the 30% 

of the entire flow rate (Autorità per l'energia elettrica, il gas e il sistema idrico, 2017).  

Furthermore, it is important to take into account that different procedures to detect microplastics from 

wastewater and sludge have been adopted by several studies, including the use of sieves with diverse 

minimum mesh size, making difficult comparison of results and sometimes polymers identification was 

performed on subsamples of suspected microplastics (e.g in Lares et al., 2018; Talvitie et al., 2015a) or 
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chemical analysis is not performed at all (e.g. in Dris et al., 2015), posing the question of a possible 

underestimation or overestimation of the number of microplastics. 

The main aims of the present study are, nevertheless, to highlight the differences in MPs concentrations 

between different wastewater treatment stages for analyze the efficiency of the selected facility in retaining 

microplastics and point out the amount and typology of microplastics entering in the environment through 

the final effluent.  

At this regard, quantification of microplastics in the liquid fraction after the sedimentation step (SET) has led 

to an average of 0.9 ± 0.3 MPs/L and of 0.4 ± 0.1 MPs/L in the final effluent (OUT) (Figure 5.2A). The ratio 

between particles and fibers remained in favour of microplastic particles, both after the SET (0.6 ± 0.2 MPPs/L 

vs 0.3 ± 0.2 MPFs/L) and in the OUT (0.3 ± 0.1 MPPs/L vs 0.10 ± 0.03 MPFs/L) (Figure 5.2B).  

Considering that 2.5 ± 0.3 MPs/L have been found in the IN, we obtained a significant effect of treatment 

steps on MP content in wastewaters (one-way ANOVA result: F2,6 = 50.3; p<0.01), with a significant reduction 

of concentration between IN and SET (Fisher LSD post-hoc test result: p<0.01) and a further decrease of 

microplastics between SET and OUT, even if it did not result statistically significant (p=0.07) (Figure 5.2A). 

This means that in the treated effluent there was a 84% less microplastics than the raw influent and that the 

great removal of MPs occurred during the phases of primary and secondary treatment (64%) (Figure 5.2A).  

The efficiency of the selected WWTP in retaining microplastics from wastewater (84%) is in the same order 

of other European facilities, ranging from 72% to 98% (Murphy et al., 2016; Leslie et al., 2017; Lares et al., 

2018). Also levels of MPs released with effluent measured in this study is within the range reported for other 

American and European WWTPs (Lares et al., 2018), with the lower value of 0.005 MPs/L observed in Finnish 

WWTPs (Talvitie et al., 2017b) and the higher concentration of 91 MPs/L in 7 Dutch WWTPs (Leslie et al., 

2017). Moreover, the present study confirmed that primary and secondary treatments are the main 

responsible of decrease in concentration of microplastics as observed in other studies (Prata et al., 2018). 

However, also the sand filters at the end of the WWTP contributed to the treatment performance, decreasing 

by almost 50% the MPs content from the SET (0.9 ± 0.3 MPs/L) to the OUT (0.4 ± 0.1 MPs/L). This is another 

crucial result in the attempt to define simple and cost-effective treatments to reduce MPs in wastewaters. In 

this context, Talvitie et al. (2017b) have tested the performance of different final  treatment technologies, 

observing a MP removal of 97% from wastewater after sand filters, however, authors suggested that the 

result should be further validated in future studies, since the daily washing water is generally carried in 

counterflow, potentially recirculating also MPs; in addition Phillips (2016) observed a decrease in size of 

microplastic particles after wastewater tertiary treatments with sand filters.  

Doubtless, the performance of WWTPs based on CAS process in retaining MPs, can be further improved with 

some final-stage wastewater treatment technologies based on mechanical entrapment of particles. For 

example, Talvitie et al. (2017b) demonstrated a high removal of microplastics by discfilters (98.5%), besides 

sand filtering. The study of Ziajahromi et al. (2017) indicated that over 90% of microplastics in primary 

effluent was removed during advanced treatment processes based on ultrafiltration (membrane pore size: 

0.002-0.1 µm), as weel as, Mintenig et al., (2017) demonstrated that the installation of a post-filtration unit 

in a German WWTP has reduced the load of microplastic particles and synthetic fibres substantially (93% and 

98% respectively).  

However, the highest performance in retaining microplastics, up to 99.9%, were demonstrated for anaerobic 

membrane bioreactor (AnMBR) technology (Lares et al., 2018; Talvitie et al., 2017b; Michielssen et al., 2016), 

which couples biological treatment in anaerobic condition and microfiltration (membrane pore size: 0.1-10 

µm) or ultrafiltration. AnMBRs have emerged in the field of wastewater treatment processes as one of the 

best alternatives to CAS systems, due to some enhanced characteristics, including small spatial requirements, 

higher effluent quality and low sludge production (Gurung et al., 2016). AnMBRs represent a promising 

solution also to the issue of microplastics contamination, nonetheless, they requires high capital investment 

(Xiao et al., 2019). Although advanced treatments can remove a high proportion of MPs from wastewater, 
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WWTPs still have the potential to release a hugh amount of microplastics in the environment, given the large 

volumes of effluent that are discharged. Indeed, our results highlight that, despite the high MPs removal 

efficiency of selected WWTP (84%) and the low levels of microplastics per liter measured in the effluent (0.4 

± 0.1 MPs/L), the facility contributes to pollute daily the aquatic ecosystems with the release 160 million of 

plastics, because it treats an influent flow rate of 400,000,000 L.  

The description of the MPs route through the WWTP cannot ignore the recycled activated sludge produced 

between IN and SET steps. The number of microplastics detected in active sludge during the three sampling 

days amounted to 113±57 MPs/g sludge dw (Figure 5.3A), that it is comparable to values of  8.2–301.4 MPs/g 

dw found in the solid fraction of a Dutch WWTP (Leslie et al., 2017) and 186.7 MPs/g dw (Talvitie et al., 2017b) 

and 170.8±0.287 (Lares et al., 2018) measured in sludge of Finnish facilities. 53% of MPs detected in sludge 

was recognized as MPPs (59.5 ± 21.6), while plastic fibers are present on average of 53.3 ± 48.9 MPFs/g sludge 

dw (Figure 5.3B). Considering that the investigated WWTP produces about 30 tons/dw of sludge daily, we 

can derive an estimate of about 3,400,000,000 MPs accumulating each day in the sewage sludge.  

Other studies have measured high concentrations of MPs in WWTP sludge samples (Li et al., 2018; Mahon et 

al., 2017; Mintening et al., 2017; Bayo et al., 2016; Carr et al., 2016; Lassen et al., 2015; Magnusson and 

Norén, 2014; Brandsma et al., 2013; Habib et al., 1998), demonstrating that most of the MPs removed from 

wastewater during primary and secondary treatments, are, actually, laid down in sewage sludge. In fact, it 

has been shown that grit and grease removal stages can entrap up to 45% of microplastics of the liquid 

fraction in the primary sedimentation tank (that lacks in the WWTP selected for this study), while final 

sedimentation retains around 34% of MPs (Prata et al., 2018). Thus around 80% of microlitter can be 

deposited in the sludge fraction (Prata et al., 2018), that may be applied in fields as a fertilizer leading to 

terrestrial contamination (Talvitie et al., 2017a; Browne et al., 2011; Zubris and Richards, 2005) and by soils, 

MPs can be transported into freshwater and coastal marine environment through runoff and storm water 

(Browne, 2015), partially nullifying the WWTPs activity.  

The use of sludge in agriculture is actually banned if they contain high levels of toxic pollutants, as heavy 

metals, but neither European (EU 86/278/EEC) nor U.S. (Code 503) legislations put limits for MPs (Nizzetto 

et al., 2016). Moreover, investigation about MPs characteristics in dewatered sewage sludge, that represents 

the reused solid fraction, is presently lacking (Li et al., 2018), thus a major attention should be towards this 

final product of wastewater treatment processes. In the meanwhile, applying advanced wastewaters 

treatments based on reduction of sludge mass (i.e. anaerobic bioreactors) in respect to conventional CAS 

processes, could be useful to reduce the amount of sludge-based MPs entering into natural environments.  
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Characterization of MPPs by µFT-IR revealed a high eterogeneity of polymers and copolymers (Table 5.1; 

Figure 5.6). The copolymers, in particular, have been found in higher percentage entering the WWTP, with 

acrylonitrile-butadiene (or nitrile-butadiene rubber (NBR)) alone accounts for 40% of all MPPs (Figure 5.6A). 

This rubber is generally used in automotive seals, gaskets and pipes, but also in textiles, where its application 

to woven and nonwoven fabrics improves the finish and waterproofing properties. Another copolymer 

usually used in automotive and in the production of pipe seals is ethylene-propylene, that represented the 

14% of microparticles in the IN, instead, among homopolymers the most present is polyethylene (17%) 

(Figure 5.6C), one of the “Big Six” that dominate the markets of plastics (Paul-Pont et al., 2018).  

The passage of wastewater through the oxidative tanks and settler led to a decrease of MPPs copolymers 

after the SET and an increase of polyesters (23%), polyurethane (13%), polypropylene (11%) and polyamide 

(11%); polyesters further increased in the OUT (35%), along with polyamide (17%) and polyacrylates (7%), 

used in in personal care products and paints as adhesive agents. In this context, some MP classes, as epoxy 

resin, polyvinylchloride, polyoxymethylene and styrene-isoprene-styrene, were found only in the OUT 

wastewaters (Table 5.1). Even if these polymers were detected at a very low percentages (3%), their presence 

only in the OUT could suggest that the equipment used in WWTP processes might act as a potential direct 

source of polymers towards the aquatic environment.  

This aspect is corroborated by the presence of MPs polymer classes, not detected in the IN wastewaters, also 

in the sludge, such as polytetrafluorethylene, polystyrene, silicone, styrene-isoprene copolymer (Table 5.1), 

thus the possible release of plastic materials directly by the WWTP structures should be carefully considered 

in future assessments of MPs generation and fate. Instead, MPPs of NBR, that have been detected in high 

abundance in the IN (40%) and much lower percentage in the SET (9%) and OUT (3%), have been found again 

as the more abundant chemical typologies identified in the sludge (27%), followed by polyethylene (18%) 

and polyesters (15%) (Table 5.1).  

It is clear that in sludge it will be more likely to find plastics of density higher than that of wastewater (1 

g/cm³), just like NBR (1.2-1.4  g/cm³) and polyesters (1.4 g/cm³), because the sedimentation process in 

WWTPs consists, exactly, in the physical separation of solids in suspension, exploiting gravity and their 

greater density compared to wastewater (Hreiz et al., 2015). However, mechanism of MPs 

floating/sedimentation can be modulated by coagulation and flocculation techniques adopted in WWTPs to 

promote separation of solids from the liquid fraction (Bratby, 2006) and by fouling of bacteria during the 

biological treatments (Carr et al., 2016). These factors can promote the settling of polymers with a density 

lower or very close to that of water, in fact we found in the sludge, also polyethylene (density: 0.93-0.98 

g/cm³), polypropylene (density: 0.9 g/cm³) and polystyrene (density: 1.04-1.07 g/cm³) (Table 5.1).  

Synthetic fibers collected from wastewater samples were mainly represented by polyesters, accounting for 

83% in the IN, 79% after the SET and 89% in the OUT; the remaining polymers were polyacrylates (12%, 8% 

and 11% in the three steps) and polyamides (5% and 13% in the IN and after the SET respectively) (Table 5.2). 

Instead, all the MPFs detected in the sludge were of polyesters (Table 5.2).  

The presence of polyester fibers in wastewater and sludge is ascribed to laundry and textile handling activities 

(Prata et al., 2018). A recent study (Sillanpää and Sainio, 2017) calculated an annual emission of 154,000 

polyester MPFs by washing machines with a number of polyester fibers released in the first wash that varies 

from 2.1 × 105 to 1.3 × 107. The release of MPs from the washing machines will be one of the main challenges 

in the early future to decrease fibers in domestic wastes. Since the ban of production and use of synthetic 

clothes would be utopic, considering the pivotal role of non-disposable plastics in our lifestyle, there are 

already feasible solutions based on the use of filters for MPF retention in the washing machines (Napper and 

Thompson, 2016), the recourse to the labelling that certify the good practice in the clothes manufacture and 

the use of laundry soaps, softeners and the washing cycles more conservative. 
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Table 5.1 Percentage contribution of polymers (black labels) and copolymers (blue labels) classes on the total amount of microplastic 

particles (MPPs) extracted from the inlet wastewater (IN), after the settling step (SET), in the effluent (OUT) and in the sludge ‘during 

the three sampling days. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Table 5.2 Percentage contribution of polymers classes on the total amount of microplastic fibers (MPFs) extracted from the inlet 

wastewater (IN), after the settling step (SET), in the effluent (OUT) and in the sludge  during the three sampling days. 

MPFs Polymer Class IN SET OUT Sludge 
(%) (%) (%) (%) 

polyacrylates 12 8 11 - 

polyamide 5 13 - - 

polyesters 83 79 89 100 

 

  

MPPs Polymer Class 
IN SET OUT Sludge 
(%) (%) (%) (%) 

epoxy resin - - 3 - 

polyacrylates - 2 7 3 

polyamide 2 11 17 6 

polyesters 4 23 35 15 

polyoxymethylene  - - 3 - 

polytetrafluorethylene - - - 2 

polyterpene 2 - 3 - 

polyethylene 17 13 10 18 

polypropylene 4 11 - 9 

polystyrene - - - 5 

polyurethane 3 13 7 3 

polyvinylchloride - - 3 - 

silicone - - - 2 

acrylonitrile-butadiene 40 9 3 27 

acrylonitrile-butadiene-styrene - 2 - - 

ethylene-acrylate 7 7 3 5 

ethylene-propylene 14 - - - 

ethylene-propylene-diene 2 9 - 5 

ethylene-vinylacetate 1 2 - - 

styrene-butadiene-styrene 1 - - - 

styrene-ethylene-butadiene-styrene 3 - - - 

styrene-isoprene - - - 2 

styrene-isoprene-styrene - - 3 - 

styrene-vinyltoluene-butylacrylate 1 - - - 
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6 CONCLUDING REMARKS AND OUTLOOK 

The general objective of this PhD thesis was to contribute to the concern of interactions between 

microplastics and marine organisms, since their ingestion appears to be a widespread and pervasive 

phenomenon and evidence is also growing for impacts at different levels of biological organization.    

 

The field study demonstrated as the occurrence of microplastics is widespread also in fish and invertebrates 

of the Adriatic Sea. Despite no differences has been highlighted on the abundance of ingested particles 

between species, sampling areas, habitat or trophic strategy, a major frequency of ingestion of smaller 

plastics and fragment-like has been observed in organisms from the Central and Southern sector in respect 

to those from the Northern one. Results have suggested as hydrodynamic circulation and rivers runoffs can 

favour the transport and accumulation of plastics in some areas more than others along the Adriatic Sea. The 

presence of intense and different kind human activities on the coastlines, that represent potential sources of 

marine litter, can explain the high heterogeneity of polymers extracted from samples, in particular from 

specimens collected in Chioggia and Lecce sites. Moreover, microplastics ingestion resulted more frequent 

in benthopelagic species, since they are more likely to interact with particles distributed within the water 

column and accumulated in sediments. In the study the percentage of positive organisms to microplastics 

ingestion has allowed to obtained interesting insight, suggesting that frequency of ingestion can be a more 

appropriate index than the number of ingested items to monitor microplastics in natural population.  

 

The research also provided important insight on the ecotoxicological aspect of microplastics issue. The 

laboratory exposure of the Mediterranean mussels to both virgin and pre-contaminated particles showed 

that microplastics can vehicle adsorbed organic contaminants like B(a)P to tissue of organisms. Althought in 

the natural environment their contribution to the exposure to chemical bioaccumulation is certainly low 

compared with other sources, nonethless they can cause interaction between chemical and physical 

challenge. Under short-term exposure conditions of the study, both virgin and contaminated microplastics 

did not induce marked ecotoxicological effects at molecular and cellular levels, but evidences of the 

modulation of immune system, that in mussels is involved in the early responses of biological disturbance, 

along with the bioaccumulation of the organic contaminant after microplastics ingestion, not exclude subtle 

effects on organisms’ health status under chronic exposures. This suggests the need to develop future studies 

as representative as possible of the real conditions, in order to obtain clearer informations on the effects of 

microplastics for exposed biota. 

 

The investigation over the fate of microplastics in an Italian wastewater treatment plant confirmed as these 

facilities represent an important route for plastic particles to enter and contaminate aquatic and terrestrial 

ecosystems. Despite a step by step reduction on concentration of microplastics was detected during water 

treatment processes, their final daily release in the environment through the high volume of effluent and 

sludge fraction remains huge. This evidence draws attention to the need for refine and improve existing 

processes for minimizing the environmental impact of microplastics, but even more urgent, it is a sustainable 

management of wastewater flow and sewage sludge and a regulation of the amount of emerging pollutants, 

like microplastics, in WWTPs.   

 

The overall conclusions of this research activity highlighted the need of further investigations on sources and 

fate of microplastics in the marine environment, their occurrence in marine food web and risks for organisms.  

An urgent need exists to extend the geographical scope of studies of microplastic contamination in biota to 

currently underrepresented areas, and to finalize and adopt standardized methods and quality-assurance 

protocols for the isolation, identification, and quantification of microplastic contaminants from biological 
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tissues. Despite the existence of considerable uncertainties and unknowns, there is already a compelling case 

for urgent actions to identify, control, and, where possible, eliminate key sources of both primary and 

secondary microplastics before they reach the marine environment, that  requires an ever close collaboration 

among governments, scientists, industry and members of the public worldwide. 
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The ubiquitous occurrence of microplastics (MPs) in the marine environment is raising

concern for interactions with marine organisms. These particles efficiently adsorb

persistent organic pollutants from surrounding environment and, due to the small

size, they are easily available for ingestion at all trophic levels. Once ingested, MPs

can induce mechanical damage, sub-lethal effects, and various cellular responses,

further modulated by possible release of adsorbed chemicals or additives. In this

study, ecotoxicological effects of MPs and their interactions with benzo(a)pyrene

(BaP), chosen as a model compound for polycyclic aromatic hydrocarbons (PAHs)

were investigated in Mediterranean mussels, Mytilus galloprovincialis. Organisms were

exposed for 4 weeks to 10 mg/L of low-density polyethylene (LDPE) microparticles

(2.34 ∗ 107 particles/L, size range 20–25µm), both virgin and pre-contaminated with

BaP (15µg/g). Organisms were also exposed for comparison to BaP dosed alone at

150 ng/L, corresponding to the amount adsorbed on microplastics. Tissue localization

of microplastics was histologically evaluated; chemical analyses and a wide battery of

biomarkers covering molecular, biochemical and cellular levels allowed to evaluate BaP

bioaccumulation, alterations of immune system, antioxidant defenses, onset of oxidative

stress, peroxisomal proliferation, genotoxicity, and neurotoxicity. Obtained data were

elaborated within a quantitative weight of evidence (WOE) model which, using weighted

criteria, provided synthetic hazard indices, for both chemical and cellular results, before

their integration in a combined index. Microplastics were localized in hemolymph, gills,

and especially digestive tissues where a potential transfer of BaP from MPs was also

observed. Significant alterations were measured on the immune system, while more

limited effects occurred on the oxidative status, neurotoxicity, and genotoxicity, with a

different susceptibility of analyzed pathways, depending on tissue, time, and typology
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of exposure. Molecular analyses confirmed the general lack of significant transcriptional

variations of antioxidant and stress genes. The overall results suggest that microplastics

induce a slight cellular toxicity under short-term (28 days) exposure conditions. However,

modulation of immune responses, along with bioaccumulation of BaP, pose the still

unexplored risk that these particles, under conditions of more chronic exposure (months

to years) or interacting with other stressors, may provoke long-term, subtle effects on

organisms’ health status.

Keywords: microplastics, mussels, bioavailability, biomarkers, immune responses, gene transcription, weighted

criteria, hazard index

INTRODUCTION

Microplastics are particles smaller than 5mm in diameter
(NOAA, 2015), now identified as the predominant component
of plastic debris in the marine environment (Goldstein et al.,
2013; Eriksen et al., 2014). The huge amount of microplastics
documented over the past decade (Wright et al., 2013), is partly
due to the direct release of micro-debris into the ocean (Browne,
2015), but in larger quantities, it depends on fragmentation of
macro- and meso-plastic (Galgani et al., 2015; Thompson, 2015).
The small dimensions of microplastics and their ubiquitous
presence in marine habitats, are key factors promoting their
interactions with organisms (Wright et al., 2013).

Ingestion of microplastics is well-documented for several
marine vertebrates and invertebrates, including commercially
important species, which differ by trophic level, feeding
strategies, and distribution along the water column (Lusher, 2015;
Phuong et al., 2016; Avio et al., 2017a; Lusher et al., 2017; Santillo
et al., 2017).

Several laboratory experiments have been performed, in
recent years, to understand dynamics of particles uptake,
bioaccumulation and toxicological mechanisms possibly leading
to detrimental effects in a variety of bioindicators organisms
(Lusher, 2015; Phuong et al., 2016). Such studies demonstrated
that ingested microplastics can be taken up into the cells by
endocytosis, retained and even traslocated to different tissues
(Browne et al., 2008; Von Moos et al., 2012; Avio et al., 2015).
Several effects have been described in terms of histological
alterations, inflammatory reactions, and ecotoxicological
responses at cellular, biochemical, and molecular levels, but
also in terms of modulations of physiological functions such
as respiration, nutrition, reproduction and growth (Avio et al.,
2015; Paul-Pont et al., 2016; Pedà et al., 2016; Détrée and
Gallardo-Escárate, 2017; Karami et al., 2017).

Harmful consequences of microplastics to marine organisms
may also derive from the possible transfer of hazardous chemicals
associated to the plastic during manufacturing or adsorbed from
the environment (Rochman et al., 2013; Wright et al., 2013).
In this respect, microplastics can efficiently concentrate organic
pollutants from surrounding seawater, due to the hydrophobic
nature of these compounds and to the high surface/volume
ratio of the small particles (Liu et al., 2016), with a sorption
capacity that varies by plastic polymers and considered chemicals
(Rochman, 2015).

Although the ingestion of microplastics does not certainly
represent the main route of exposure to organic xenobiotics
for aquatic animals, when compared with other environmental
sources (i.e., water, sediments, food web) (Koelmans et al., 2016;
Lohmann, 2017; Wang and Wang, 2018), plastic particles have
the peculiar characteristic to combine a physical stress with a
chemical challenge (Rochman, 2015). In this respect, studies
addressing the ecotoxicological risk of microplastics in the
marine environment, should consider both the individual effects
of particles and chemicals, as well as their interactions, possibly
causing synergistic, additive, or antagonistic effects (Syberg et al.,
2015).

While in field conditions it is virtually impossible to
distinguish adverse effects caused by exposure to microplastics,
chemicals, or their combined effects, controlled laboratory
experiments remain a necessary approach to understand such
mechanisms of toxicological action.

In the present study, the contribution of microplastics to
benzo(a)pyrene (BaP) bioavailability and the onset of adverse
effects caused by pristine and contaminated particles were
evaluated at cellular, biochemical, and transcriptional levels,
using mussels Mytilus galloprovincialis, as biological model.
These organisms have high ecological and commercial relevance
in the Mediterranean Sea, where microplastics contamination
is also of particular concern (Lusher, 2015). Organisms were
exposed for 4 weeks to 10mg/L of virgin low density polyethylene
(LDPE) microparticles, one of the most common polymers in
floating debris (Cózar et al., 2015; Suaria et al., 2016), BaP
chosen as representative compound for polycyclic aromatic
hydrocarbons (PAHs), and to BaP pre-treated particles (LDPE-
BaP). Selected levels of microplastics are at least two orders of
magnitude higher than those observed in the Mediterranean
(Suaria et al., 2016) and more similar to those of the Californian
Current System (5.33 mg/L, Gilfillan et al., 2009) and of North
Pacific Central Gyre (3.02mg/L, Moore et al., 2001; Sussarellu
et al., 2016). The high dose of microplastics was chosen in our
study to explore potential long-term mechanism of action of
these particles after 28 days of exposure.

Chemical analyses of BaP and histological examinations were
performed in digestive glands, gills, and hemolymph to confirm
microplastics ingestion, translocation, and bioaccumulation in
different tissues. A wide battery of biomarkers was measured
at both cellular and transcriptional levels including lysosomal,
immunological, and antioxidant responses, markers of neuro and
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genotoxicity, peroxisomal proliferation, lipid peroxidation, and
oxidative stress. Results were further elaborated and integrated
within a weight of evidence (WOE) model which provided
a quantitative evaluation of hazard based on the extent of
BaP accumulation, as well as on the toxicological relevance
and magnitude of variations observed at cellular level. Overall,
the study was expected to provide additional insights on
potential ecotoxicological risk of microplastics and their role in
transferring chemical pollutants to marine biota.

MATERIALS AND METHODS

Sorption of Benzo(a)Pyrene on
Microplastic Particles
Low density polyethylene (LDPE) particles (20–25µm) were
purchased from Micro Powders, Inc. (USA), while BaP was
obtained from Sigma-Aldrich.

The adsorption of BaP on LDPE was obtained mixing 4 g of
LDPE micropowder in 32ml of double-deionized water, spiked
with 80 µl of BaP stock solution (1 µg/µL of BaP in toluene,
purity 96%, SOLVECO). After 2 days in continuous rotation at
the lowest speed (20 rpm, in 40ml amber glass vials with Teflon
lids), the solution was filtered on glass microfiber filters, rinsed
with double-deionized water and dried by vacuum evaporation
to obtain contaminated microplastic debris.

To confirm the adsorption of BaP on microplastics, an aliquot
of 0.25 g treated-LDPE was extracted in 2.5mL of hexane, ultra-
sonicated for 30min, and centrifugated for 10min. Supernatant
was reduced to a volume of 1.5ml using a nitrogen stream;
500 µL toluene were added and the volume further reduced
to 500 µL. GC vials were filled with 100 ng recovery standard
perylene D12 (Chiron) (2 ng/µL in toluene, 50 µL added)
and 500 µL of extract transferred. Concentrations of BaP were
quantified using a high-resolution GC-MS system (Micromass
Autopspec Ultima), separation on a 30m (0.25mm i.d., 25µm
film thickness) DB-5MS column (J&W Scientific, Folsom,
USA). Quality assurance/quality control procedures included the
internal standard method using labeled standards. Reference
microplastic (virgin microplastic) was tested in triplicates,

TABLE 1 | Primer pair sequences, amplicon size, annealing temperatures, and

Genbank accession numbers of genes analyzed in quantitative PCR in the

digestive gland of mussels.

Gene Primer sequences Amplicon

size (bp)

Annealing

T (◦C)

Accession

number

cat Fwd: CGACCAGAGACAACCCACCa 132 55 AY743716

Rev: GCAGTAGTATGCCTGTCCATCCa

Se-gpx Fwd: AGCCTCTCTCTGAGGAACAACTG 166 55 FL499839

Rev: TGGTCGAACATGCTCAAGGGC

gstpi Fwd: TCCAGTTAGAGGCCGAGCTGAb 172 55 AF527010

Rev: CTGCACCAGTTGGAAACCGTCb

hsp70 Fwd: GGTGGTGAAGACTTTGACAACAGc 295 62 AY861684

Rev: CTAGTTTGGCATCGCGTAGAGCc

aox1 Fwd: ACAGTCGTGCAAAACAGGGAC 153 62 EF525542

Rev: CTGCTGCTTCAACCAACCTGG

aCanesi et al., 2007; bCanesi et al., 2008; cCellura et al., 2006.

spiked with internal standard solutions before extraction,
and spiked with recovery standard before GC/MS-analysis.
BaP was quantified by use of five points calibration curves.
Relative standard deviation (RSD) of the triplicates was <15%.
Quantification standards were analyzed after every 10 or 12
sample. Procedure blanks were included in all batches, the limit
of detection (LOD) was defined as mean concentration in blanks
+3 times the standard deviations. The absorbed concentration
resulted approximately 15 µg BaP/g of LDPE.

Experimental Design
Specimens of M. galloprovincialis (6 ± 1 cm shell length) were
obtained in March 2017 from a local farm in an unpolluted
area of Central Adriatic Sea (Ancona) and acclimated for 15
days to laboratory conditions in glass aquaria with aerated
artificial seawater (ASW; Instant Ocean R© at salinity 37 p.s.u. and
18± 1◦C.

A total of 720 organisms were randomly distributed into
twelve 20 L- glass-aquaria and exposed, in triplicates, to one of the
following conditions for 4 weeks: (1) control (CTRL); (2) virgin
LDPE (10 mg/L corresponding to 2.34 ∗ 107 particles/L); (3) BaP
alone (150 ng/L); (4) BaP-treated polyethylene (LDPE-BaP) (15
µg BaP/g LDPE). BaP was dissolved in acetone which had a final
concentration of 0.0015%, previously shown to have no effects on
exposed organisms (Giannapas et al., 2012; Grintzalis et al., 2012;
Avio et al., 2015).

The microplastics concentration (10 mg/l) is much lower than
those used in previous exposures to mussels (Von Moos et al.,
2012; Wegner et al., 2012; Avio et al., 2015), but still higher
than the maximum levels detected in the Mediterranean Sea
(0.026 mg/L) (Suaria et al., 2016). Although in the range of levels
measured in California Current System andNorth Pacific Central
Gyre (Gilfillan et al., 2009; Sussarellu et al., 2016), it was chosen
to highlight the possible onset of long-term effects after 28 days
of exposure. The administered dose of BaP (150 ng/l) was based
on the amount of BaP adsorbed on microplastics and it also
represents an environmentally realistic value, lower than those
frequently used to assess ecotoxicological effects of BaP in marine
invertebrates (Marigómez and Baybay-Villacorta, 2003; Pan et al.,
2009; Ren et al., 2015; Banni et al., 2017; Rey-Salgueiro et al.,
2017).

Water was daily changed in each tank and virgin, pre-treated
microplastics and BaP redosed. Mussels were fed 12 h prior
the water change with a commercial mixture of zooplankton
(50–300µm) for filter-feeding organisms, and no mortality was
observed during the experiment. To avoid the stratification of
particles in the surface of the aquaria, air bubbling and motion
pumps were used (Coral R©, 250lt/h).

Organisms were collected after 7, 14, and 28 days of
exposure. Hemolymph, digestive glands and gills were rapidly
removed from 60 specimens (20 from each tank) for each
treatment, pooled in 20 samples (each containing tissues of
three specimens), frozen in liquid nitrogen and maintained at
−80◦C for chemical, biochemical, molecular, and histochemical
analyses. An aliquot of hemolymph was immediately processed
for lysosomal neutral red retention time assay (NRRT),
phagocytosis activity, granulocytes/hyalinocytes ratio, and DNA
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damage (Comet Assay), while another aliquot was fixed in
Carnoy’s solution (3:1 methanol, acetic acid) for the microscopic
evaluation of micronuclei frequency.

Chemical Analyses of benzo(a)pyrene
Benzo(a)pyrene in mussels digestive glands and gills was
analyzed in samples extracted in 0.5M potassium hydroxide
and methanol (1:10 w:v) with microwave at 55◦C for 15min
(Benedetti et al., 2014). Centrifugation was performed for
5min at 1,000 × g, and resulting methanolic solutions,
concentrated in speedvac, were finally purified with solid phase
extraction (Octadecyl C18, 500mg × 6mL, Bakerbond). A final
volume of 1mL was recovered with pure, analytical HPLC
gradient grade acetonitrile, before analyses were performed
with water–acetonitrile gradient and fluorimetric detection.
Appropriate pure standard solutions (EPA 610 Polynuclear
Aromatic Hydrocarbons Mix) were used to identify BaP by the
retention time. Quality assurance and quality control (QA/QC)
included processing blank and reference samples (mussel tissues
SRM 2977, NIST); concentrations obtained for the SRM were
always within the 95% confidence interval of certified value. The
water content in tissues was determined and concentrations of
BaP expressed as ng/g dry weight (d.w.).

Histological and Biochemical Analyses
Presence and histological localization of plastic particles were
evaluated in cryostatic sections (20µm thick) of gills and
digestive glands, and in hemolymph smears. After staining with
Haematoxylin and Eosin, slides were observed through polarized
light microscopy. No quantitative assessment was performed and
results on microplastics in tissues are thus of descriptive and
qualitative nature.

Standardized protocols were used for measurement of
biomarkers in tissues of control and exposed organisms (Regoli
and Winston, 1998; Bocchetti et al., 2008; Baršiene et al.,
2012; Gorbi et al., 2013; Benedetti et al., 2014). Detailed
methods have been given elsewhere (Avio et al., 2015) for the
following typologies of effects: immunological alterations of

hemocytes in terms of lysosomal membrane stability (NRRT),
phagocytosis activity and granulocytes/hyalinocytes ratio (G/H
ratio); neurotoxic responses in hemocytes and gills measured
as enzymatic activity of acetylcholinesterase (AChE); cellular
and oxidative stress biomarkers in digestive tissues, i.e., acyl-
CoA oxidase (AOX), antioxidant defenses (catalase glutathione
S-transferases, glutathione peroxidases, glutathione reductase,
glutathione), total oxyradical scavenging capacity (TOSC),
content of malondialdehyde (MDA), and neutral lipids (NL);
genotoxic effects in hemolymph measured as DNA strand breaks
and micronuclei frequency (MN).

Molecular Analyses
Transcriptional responses were measured in digestive glands
for some antioxidant and stress genes including catalase
(cat), glutathione peroxidase Se-dependent isoform (Se-gpx),
glutathione S-transferase pi-isoform (gstpi), acyl CoA oxidase
1 (aox1), heat shock protein 70 (hsp70). Selected genes reflect
at molecular level some of the responses also measured at the
functional, catalytic level, and they are all typical responses to
cellular stress.

For mRNA isolation and cDNA synthesis, total RNA was
purified from tissues using the Hybrid-RTM purification kit
(GeneAll R©), according to the manufacturer’s protocol. Total
RNA concentrations were measured by Nano-Drop ND-
1000 UV-Visible Spectrophotometer (NanoDrop Technologies,
Wilmington, DE, USA). RNA quality was verified on agarose-
formaldehyde gel. Total cDNA was generated by RT-PCR
(Reverse Transcription-Polymerase Chain Reaction) from 1 µg
of total RNA for each sample using combined oligo(dT) and
random hexamer primers (iScript cDNA Synthesis Kit, Bio-Rad).

Absolute quantitative real-time PCRs (qPCRs) were
performed with gene-specific primer pairs (Table 1) and
mRNA levels of individual target genes were quantified through
the SYBR green method in StepOnePlus R© Real-Time PCR
System (Applied Biosystems). Each 15 µl DNA amplification
reaction contained 7.5 µl of SYBR Select Master Mix (Life
Technologies), 5 µl of total cDNA (synthesized as described

FIGURE 1 | Concentrations of benzo(a)pyrene in digestive glands (A) and gills (B) of mussels exposed for 7, 14, and 28 days to various treatments (CTRL, control;

LDPE, virgin low density polyethylene; BaP, benzo(a)pyrene alone; LDPE-BaP, benzo(a)pyrene-contaminated polyethylene). Data are expressed as ng/g dry weight

(mean values ± standard error, n = 4); different letters indicate significant differences between groups of means within the same time of exposure (post-hoc
Newman-Keuls comparison).
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above and diluted 1:5), and 200 nM of each forward and reverse
primers. The real-time PCR program included an enzyme
activation step at 95◦C (2min) and 40 cycles each composed by
15 s at 95◦C, 15 s at the annealing temperature (Table 1), and
1min at 72 ◦C. The absence of a specific amplifications was
checked by including negative controls lacking cDNA template
and by a melting analysis (1min at 95◦C, 10 s at 65◦C, and
fluorescence detection at increasing temperature between 65 and
95◦C).

For each target gene, serial dilutions of known amounts
of plasmid containing the amplicon of interest were used
as standards. Samples and standards were run in duplicate
in the same run. A calibration curve was built by plotting
cycle threshold (Ct)-values vs. log copy numbers. Ct-values of
unknown samples were converted into mRNA copy number by
interpolating the standard plot. Obtained data from the same
experimental group (n = 4) were averaged and expressed as
mRNA copy number per µg of total RNA.

Statistical Analyses and Hazard Indices
Evaluation
Analysis of variance (Two-way ANOVA) was used to evaluate
the effects of various treatments, time of exposure and their

interactions on investigated parameters. Combined effects of
microplastics and BaP were further assessed by post-hoc
comparisons (Newman-Keuls) between LDPE, BaP, and LDPE-
BaP. Level of significance was set at p < 0.05, homogeneity
of variance was checked by Cochram C and mathematical
transformation applied if necessary. Multivariate statistical
analyses (principal component analysis, PCA) were applied to
biomarkers data in order to discriminate between different
exposure conditions; a threshold factor loading of 0.6 was used
as cut-off value.

A quantitative and software-assisted WOE model
(Sediqualsoft) was applied to elaborate results of BaP
bioavailability and biomarkers analyses and to summarize
specific hazard indices. Whole calculations, detailed flow-charts,
rationale for weights, thresholds, and expert judgments have
been fully given elsewhere (Piva et al., 2011; Benedetti et al.,
2012) and successfully applied to several multidisciplinary
studies (Piva et al., 2011; Benedetti et al., 2012, 2014, 2016; Regoli
et al., 2014; Avio et al., 2015; Bebianno et al., 2015; Mezzelani
et al., 2016; Nardi et al., 2017).

Briefly, the elaboration of Hazard Quozient for bioavailability
(HQBA) was calculated by the increase of BaP tissue
concentration in exposed organisms in respect to controls,
corrected for the significance of the difference and assigned

TABLE 2 | Results of two-way analysis of variance for the biological responses in mussels, M. galloprovincialis, exposed to different treatments (LDPE, BaP, and

LDPE-BaP) for different times (7, 14, and 28 days).

Treatment Time Interaction

dF F p value dF F p value dF F P value

BaP in digestive gland 3 50.72 P < 0.001 2 1.892 ns

BaP in gill 3 41.52 P < 0.001 2 3.379 P < 0.05 6 1.482 ns

Neutral Red Retention Time 3 20.55 P < 0.001 2 2.100 ns

Phagocytosis activity 3 16.02 P < 0.001 2 46.19 P < 0.001 6 11.32 P < 0.001

G/H ratio 3 19.76 P < 0.001 2 15.02 P < 0.001 6 3.176 P < 0.05

Acetylcholinesterase in hemolymph 3 1.482 ns 2 10.30 P < 0.001

Acetylcholinesterase in gills 3 1.417 ns 2 4.702 P < 0.05

Micronuclei 3 3.365 P < 0.05 2 3.267 P < 0.05 6 1.621 ns

DNA TAIL 3 0.136 ns 2 2.695 ns

Acyl CoA oxidase 3 1.311 ns 2 3.621 P < 0.05

Neutral lipis 3 3.197 P < 0.05 2 0.056 ns

Catalase 3 0.632 ns 2 15.75 P < 0.001

Glutathione S-transferases 3 0.270 ns 2 2.003 ns

Glutathione reductase 3 1.117 ns 2 16.16 P < 0.001

Glutathione peroxidases total 3 3.419 P < 0.05 2 4.722 P < 0.05 ns

Glutathione peroxidases Se-dip 3 0.628 ns 2 3.943 P < 0.05

Total glutathione 3 2.376 ns 2 0.108 ns

TOSC OH 3 1.490 ns 2 4.269 P < 0.05

TOSC ROO 3 0.165 ns 2 2.870 ns

Malondialdehyde 3 1.553 ns 2 16.51 P < 0.001

catalase 3 1.539 ns 2 32.30 P < 0.001

Se-dependent glutathione peroxidases 3 0.156 ns 2 6.975 P < 0.01

glutathione S-transferases pi class 3 0.909 ns 2 16.03 P < 0.01

acyl CoA oxidase 3 2.724 ns 2 2.505 ns

heat shock protein 70 3 4.620 P < 0.01 2 12.16 P < 0.001 ns

DNA TAIL, single DNA strand breaks; TOSC, total oxyradical scavenging capacity toward peroxyl (ROO•) and hydroxyl (•OH) radical; Df (degrees of freedom). F- and P-value are

reported.
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to one of five classes of effect, Absent (no increase compared
to control concentrations), Slight (up to 2.6-folds increase),
Moderate (up to 6.5-folds increase), Major (up to 13-folds
increase), Severe (more than 13-folds increase, Piva et al., 2011).

For elaboration of biomarkers results, each response has a
weight based on its toxicological relevance (from 1 to 3), and
a specific threshold defining changes of biological relevance
which consider the possibility of biphasic responses and the
different responsiveness among tissues (Piva et al., 2011). Each
biomarker variation is compared to its specific threshold (effect),
corrected for the weight of the response and the statistical
significance of the difference in comparison to control values.
The Hazard Quotient for biomarkers (HQBM) is calculated
without considering the contribution of responses with an effect
<1 (lower than threshold), the average for those with an effect
up to 2-folds compared to the threshold and the summation (6)
for the responses more than 22-folds greater than the respective
threshold (Piva et al., 2011):

HQBM =











N
∑

j=1
EffectW(j)1<Effect(j)≤2

numbiomark1<Effect(j)≤2
+

M
∑

k=1

EffectW(k)Effect(j)>2











The level of cumulative HQBM is summarized in one of five
classes of hazard for biomarkers, from Absent to Severe (Piva
et al., 2011).

The hazard indices elaborated for bioavailability and
biomarker results are normalized to a common scale and finally

integrated within a classical WOE approach which assigns one of
five classes of risk, from Absent to Severe (Piva et al., 2011).

RESULTS

Chemical analyses revealed amarked bioaccumulation inmussels
exposed to either BaP alone or LDPE-BaP, in both digestive gland
and gills (Figures 1A,B, Table 2). After 7 days of exposure, levels
of BaP in the digestive glands were significantly enhanced, then
remaining almost constant until the end of exposure and without
significant differences as a function of time in organisms exposed
to contaminated microplastics or to BaP alone (Figure 1A,
Table 2). Gills exhibited rapid accumulation of BaP in organisms
exposed to the chemical alone where the elevated concentration
measured after 7 days did not further change (Figure 1B). On
the other hand, in gills of mussels treated with contaminated
microplastics, BaP levels significantly increased until the end of
exposure at 28 days when values were similar to those of BaP
treatment (Figure 1B, Table 2).

Histological analyses revealed the presence of microparticles
in hemolymph, gills and digestive glands and no qualitative
differences were observed between organisms treated with virgin
LDPE or contaminated LDPE-BaP, as well as between different
times of exposure (7, 14, and 28 days). Particles were observed
inside hemocytic cells (Figure 2A), in the lamellae of gills
(Figure 2B) and in digestive glands, where numerous aggregates
could be observed in the intestinal lumen (Figure 2C) and, to a
lower extent, inside the digestive tubules (Figure 2D) and in the
intestinal epithelium.

Immunological responses of hemocytes exhibited statistically
significant variations (Figures 3–C, Table 2). A significant

FIGURE 2 | Polarized-light microscopy images showing the presence of microplastic particles in hemolymph (A), gills (B), gut lumen and epithelium (C), digestive

tubules (D).
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FIGURE 3 | Immunological biomarkers in mussels exposed for 7, 14, and 28 days to various treatments (CTRL, control; LDPE, virgin low density polyethylene; BaP,

benzo(a)pyrene alone; LDPE-BaP, benzo(a)pyrene-contaminated polyethylene). NRRT: neutral red retention time (A), Phagocytosis (B), Granulocytes/Hyalinocytes

ratio (C). Data are expressed as mean values ± standard error, n = 4; different letters indicate significant differences between groups of means within the same time of

exposure (post-hoc Newman-Keuls comparison).

destabilization of lysosomal membrane stability was observed
in mussels exposed to various treatments (Figure 3A, Table 2);
post-hoc comparison revealed a marked effect of BaP and
LDPE-BaP after 7 and 14 days of exposure, while no differences
were obtained among different treatments after 28 days
(Figure 3A). Phagocytosis exhibited significant changes as a
function of treatment and time, with a temporary increase
after 7 days in mussels exposed to virgin polymer and to BaP
alone, while a significant decrease appeared at longer times in
all experimental conditions (Figure 3B, Table 2). Granulocytes-
hyalinocytes ratio was significantly affected by treatment with
marked increase caused by with BaP after 7 and 14 days, while
no effects were observed in mussels exposed to both virgin
and contaminated LDPE (Figure 3C, Table 2): after 28 days no
differences were observed between exposed and control groups
(Figure 3C).

Acetylcholinesterase showed significant effects as a function
of time with a slight decrease in hemolymph and a slight
increase in gills after 7 days of exposure to all the treatments
(Figures 4A,B, Table 2): no significant variations were observed
between different treatments (Table 2).

DNA strand breaks in hemocytes were always comparable for
various treatments and times of exposure (Figure 4C, Table 2),
while micronuclei showed a significant increase in mussels
exposed to BaP and BaP contaminated LDPE after 14 days of
exposure (Figure 4D, Table 2).

Peroxisomal AOX did not significantly vary in any treatments,
although a clear trend of inhibition was observed over time in
mussels exposed to LDPE (Figure 4E, Table 2). A slight increase
of neutral lipids was observed in mussels exposed to BaP and BaP
contaminated microplastics particularly after 7 days (Figure 4F,
Table 2).

Antioxidant defenses revealed minor fluctuations caused by
various treatments, with only a slightly higher oxidative pressure
after 28 days of exposure to BaP (Figures 5A–F, Table 2). The
limited pro-oxidant challenge was further supported by MDA,
showing a moderate increase only after 7 days in mussels
exposed to LDPE and BaP (Figure 5I), and by general lack of
variations for TOSC toward both peroxyl and hydroxyl radicals
(Figures 5G,H, Table 2).

The results on molecular analyses confirmed the absence
of statistically significant differences between treatments on
mRNA levels of antioxidants cat, gst-pi, Se-gpx, and of aox1
(Figures 6A–D, Table 2). Generally higher transcriptional levels
were measured for cat and gst-pi in mussels after 28 days
independently on exposure treatment, while fluctuating levels of
Se-gpx mRNA were observed in mussels treated with BaP and
with LDPE-BaP (Figures 6A-C, Table 2). Transcriptional levels
of hsp70 appeared downregulated by various treatments after
7 days, while a significant increase was observed in organisms
exposed to LDPE for 14 days (Figure 6E).

The PCA carried out on the whole set of biomarkers produced
a two-dimensional pattern explaining 54% of total variance
(Figure 7). Although a quite large percentage remained to be
explained, obtained results indicated a clear separation between
specimens exposed at different treatments for different times.
After 7 days (Blu ellipse), LDPE and LDPE-BaP treated mussels
separated from the other groups, at 14 days (Red ellipse) mussels
treated with BaP and LDPE-BaP were more differentiated,
while after 28 days (Green ellipse) the effects of BaP alone
became more evident, producing a clear separation between
such experimental group and other treatments (Figure 7). The
parameters determining the separation along the PC1 axis were
related to immune system responses (G/H ratio), neurotoxic
effects (AchE), and antioxidant system (catalase, glutathione-
S-transferase, glutathione reductase, glutathione peroxidase Se-
dep, TOSC •OH and ROO•), and AOX. On the other
side, genotoxic effects (micronuclei), neutral lipids (NL), total
glutathione (TGSH), total glutathione peroxidases (GPX_CHP),
and phagocytosis activity determined the separation along the
PC2 axis.

Elaboration of data with weighted criteria summarized as
Severe the hazard index for bioavailability in mussels exposed
to BaP or BaP contaminated LDPE at all exposure periods
(Figure 8). On the other hand, based on the magnitude of
variations exhibited by various biomarkers, their statistical
significance of such differences and the toxicological relevance of
each biological endpoint, the model summarized the hazard for
cellular responses as Slight for organisms exposed to BaP, virgin,
and contaminated LDPE, and Moderate only for organisms
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FIGURE 4 | Biomarkers in mussels exposed for 7, 14, and 28 days to various treatments (CTRL, control; LDPE, virgin low density polyethylene; BaP, benzo(a)pyrene

alone; LDPE-BaP, benzo(a)pyrene-contaminated polyethylene). ACh-E: acetylcholinesterase in haemolymph (A) and gills (B); DNA TAIL %: fragmentation of DNA (C);

MN/1000: frequency of micronuclei (D); AOX: Acyl CoA Oxidase (E); Neutral Lipids (F). Data are expressed as mean values ± standard error, n = 4; different letters

indicate significant differences between groups of means within the same time of exposure (post-hoc Newman-Keuls comparison).

exposed to BaP after 14 days (Figure 8). The integration of
hazard indices elaborated for bioavailability and biomarker data
resulted in a combined WOE effect classified as Slight for
mussels exposed to virgin LDPE andMajor for those treated with
both contaminated LDPE and BaP alone, without variations at
different times of exposure.

DISCUSSION

The increase of plastics and microplastics in marine ecosystems
has raised concern on their impact to marine organisms, and

several species have been shown to ingest these particles under
experimental and wild conditions (Cole et al., 2011; Lusher
et al., 2013; De Witte et al., 2014; Avio et al., 2015, 2017b;
Devriese et al., 2015; Paul-Pont et al., 2016; Sussarellu et al., 2016;
Murphy et al., 2017). The capability of microplastics to efficiently
adsorb chemical pollutants from the environment (Avio et al.,
2017a) poses an additional risk although there is not yet clear
evidence that microplastics ingestion has adverse consequences
on the health status of marine species, especially under long term
conditions.

In this respect, the present study was aimed to provide new
insights on the capability of microplastics to transfer adsorbed
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FIGURE 5 | Levels of catalase (A), glutathione reductase (B), glutathione S-transferases (C), sum of Se-dependent and Se-independent glutathione peroxidases (D),

Se-dependent glutathione peroxidases (E), total glutathione (F), total oxyradical scavenging capacity (TOSC) toward peroxyl (•OOR) radicals (G), total oxyradical

scavenging capacity (TOSC) toward hydroxyl (•OH) radicals (H), malondialdehyde (MDA) (I) in mussels exposed for 7, 14, and 28 days to various treatments (CTRL,

control; LDPE, virgin low density polyethylene; BaP, benzo(a)pyrene alone; LDPE-BaP, benzo(a)pyrene-contaminated polyethylene). Data are expressed as mean

values ± standard error, n = 4; different letters indicate significant differences between groups of means within the same time of exposure (post-hoc Newman-Keuls

comparison).

pollutant to organisms after ingestion and to evaluate potential
ecotoxicological effects of virgin and contaminatedmicroplastics,
using the Mediterranean mussel M. galloprovincialis as model
marine organism. Although the selected level of microplastics
(10 mg/L) appears higher than environmental data, it is worthy
to note that a direct comparison between experimental and
field values is not necessarily appropriate. Reported seawater
concentrations are typically referred to microplastics >200µm,
while natural levels are still unknown for smaller particles, like
those used in the present study (20–25µm), which represent
the size range preferentially ingested by filter feeding organisms.
Considering the need to characterize the ecotoxicological
potential of such biologically relevant microplastics, at the
present state of knowledge, concentrations of fewmg/L are still in
an ecologically relevant range to evaluate in laboratory conditions
the disturbance of cellular pathways, possibly involved in long-
term responses to small microplastics.

Our results revealed that microplastics can act as efficient
vehicles of chemical pollutants. Bioaccumulation analyses
showed a marked and rapid enhancement of BaP concentrations
in digestive gland of mussels exposed to LDPE-BaP, reaching

a steady state after 7 days and values comparable to those
observed in BaP treated mussels. This result corroborates the
hypothesis of a marked release of BaP from microplastics and an
elevated bioconcentration process in tissues under physiological
gut conditions, as previously suggested by other authors (Teuten
et al., 2009; Bakir et al., 2014; Avio et al., 2015). A slightly different
trend was observed for bioaccumulation of BaP in gills: LDPE-
BaP treated mussels exhibited only a moderate increase during
the initial phases of exposure, reaching tissue concentrations
similar to those observed in BaP exposed mussels only after
28 days. While a rapid uptake in gills can be explained by the
direct contact of this tissue with the chemical dissolved in water
(Banni et al., 2017), the slower accumulation from contaminated
microplastics may, at least partly derive from primary desorption
of BaP in digestive tissues and a secondary transfer of this
chemical to gills.

The possibility that BaP measured in LDPE-BaP treated
organisms can reflect the presence of still un-excreted particles
more than a real tissue accumulation, can be considered as
negligible. Concentrations higher than 15 and 30 ng/g were
measured in gills and digestive glands, respectively; assuming
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FIGURE 6 | Transcriptional responses in the digestive glands of mussels exposed for 7, 14, and 28 days to various treatments (CTRL, control; LDPE, virgin low

density polyethylene; BaP, benzo(a)pyrene alone; LDPE-BaP, benzo(a)pyrene-contaminated polyethylene). cat, catalase (A); gst-pi, pi-class glutathione S-transferase

(B); Se-gpx, selenium-dependent glutathione peroxidase (C); aox1, acyl-CoA oxidase, isoform 1 (D); hsp70, heat shock protein 70 (E). Data are expressed as mean

values ± standard error, n = 4; different letters indicate significant differences between groups of means within the same time of exposure (post-hoc Newman-Keuls

comparison).

that all the measured BaP was still adsorbed on microplastics,
we should expect at least 1mg of particles for each gram of gill
tissue (corresponding to 2.34 ∗ 105 particles), and at least 2mg
(4.68 ∗ 105 particles) for each gram of digestive gland. A similar
assumption is excluded by histological analyses that confirmed
the presence of particles in those tissues, but with much more
limited numbers, particularly in gills where only a few and sparse
microplastics were observed.

Uptake and tissue distribution of microplastics has already
been investigated in marine bivalves such as the mussels
Mytilus edulis and M. galloprovincialis exposed to virgin and
contaminated polyethylene and polystyrene (Browne et al., 2008;
Von Moos et al., 2012; Avio et al., 2015). Although these studies
used extremely high concentrations of microplastics (up to three
order of magnitude greater than in the present work), they were
important in demonstrating the initial uptake of particles at the
gill’s surface throughmicrovilli activity and endocytosis, while via
ciliae movement in the stomach, intestine and digestive tubules
are responsible for a second pathway mediated by accumulation
within the lysosomal compartment (Von Moos et al., 2012). Our
observations almost reflected the above mechanisms of uptake,
with aggregates of particles observed within intestinal lumen and
digestive tissues, lower occurrence in gills, and some particles
noticed also inside hemocytes, as previously documented in
other experiments (Browne et al., 2008; Von Moos et al., 2012).
Histological analyses were of qualitative nature, but no marked
differences in the amount of microparticles were visible for
various treatments and times of exposure, thus supporting a short
retention time of such particles in mussels, as reported in fish
exposed to microbeads (Grigorakis et al., 2017).

Significant immunological effects were observed on
hemocytes lysosomal membrane stability, phagocytosis, and
granulocytes/hyalinocytes ratio. The impairment of immune
system has already been measured in marine organisms exposed
to microplastics by several authors (Von Moos et al., 2012;
Avio et al., 2015; Paul-Pont et al., 2016). Lysosomes, beside
representing major sites for intracellular sequestration and
detoxification of xenobiotics, have been also demonstrated as
sensitive organelles toward micro- and nano-plastics (Regoli,
1992; Petrović et al., 2004; Moore et al., 2006; Canesi et al.,
2012; Avio et al., 2015; Nardi et al., 2017). The destabilization
of lysosomal membrane caused by LDPE or BaP alone, was
synergistically enhanced in mussels exposed to LDPE-BaP,
particularly after 7 days and, to a lower extent, 14 days of
exposure. Effects of various treatments were observed also
for phagocytosis which initially increased in mussels exposed
to LDPE and BaP, while decreasing at longer periods as a
consequence of BaP, virgin, and contaminated LDPE: similar
effects might be due to an overload of sequestering capacity of
hemocytes by microplastics, and to the well-known inhibitory
action of PAHs on this function (Wootton et al., 2003; Hannam
et al., 2010). Interestingly, LDPE and LDPE-BaP did not affect the
granulocytes/hyalinocytes ratio that was statistically increased
only by BaP until 14 days. The changes of immune parameters
observed in this study are not a surprise given the characteristics
of plastic particles, and the physical stress that potentially induce
in hemocytes, further modulated with a chemical challenge in
mussels exposed to LDPE-BaP.

Our results did not reveal significant effects on AChE
activity neither in hemolymph nor in gills, although both the
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FIGURE 7 | Multivariate PCA analysis on biomarker data in mussels exposed to various microplastics treatments: CTRL, control; LDPE, virgin low density

polyethylene; BaP, benzo(a)pyrene alone; LDPE-BaP, benzo(a)pyrene-contaminated polyethylene.

tissues exhibited after 7 days a clear trend toward reduced or
enhanced values, respectively. The only moderate and temporary
modulation of AChE may reflect the low exposure period.
However, cholinesterasic effects of microplastics still deserve
scientific attention due to the abundance of these particles in
the marine environment and their suggested role in influencing
various physiological and behavioral responses controlled by
neurological mechanisms (Oliveira et al., 2013; Avio et al., 2015;
Mattsson et al., 2017; Ribeiro et al., 2017).

No variations were measured on levels of DNA strand
breaks in organisms exposed to microplastics (both virgin and
contaminated) or to BaP. A high DNA fragmentation had
been previously measured in mussels exposed to polyethylene
microplastics (Avio et al., 2015), but the more elevated amount
of particles used in those treatments (1.5 vs. 0.01 g/L of this
study) can explain the different results. Similarly, the lack of
DNA fragmentation in BaP treated mussels might reflect the low
experimental concentration as compared to those frequently used
for assessing ecotoxicological effects of BaP in mussels (Pan et al.,
2009; Banni et al., 2017): in this respect, no formation of DNA
adducts or strand breaks was observed in mussels exposed to 300
ng/L of BaP for 24 days (Ching et al., 2001).

Some authors have suggested that microplastics ingestion can
potentially cause pseudo-satiety in mussels, thus lowering fatty
acids metabolization (Kühn et al., 2015). The AOX, one of the
enzymes involved in fatty acid oxidation (Cajaraville et al., 1997;
Bilbao et al., 2009) did not show significant effects neither at
catalytic nor at transcriptional levels. Content of neutral lipids
tended to increase in mussels exposed to BaP and LDPE-BaP,
confirming a typical effect of this chemical in inducing lipidosis

in digestive gland ofmussels (Livingstone and Farrar, 1984; Gorbi
et al., 2008).

Treatments with virgin and contaminated microplastics did
not affect the oxidative status of mussels, and only minor
fluctuations of a few enzymes (glutathione S-transferases and
glutathione reductase) were observed, without clear trends as
a function of treatment or time of exposure. Responses of
antioxidant systemwere investigated also atmolecular level, since
transcriptional changes might be more sensitive than enzymatic
biomarkers, despite more useful in revealing “exposure” rather
than functional “effects” at cellular level (Giuliani et al., 2013;
Regoli and Giuliani, 2014). Also these analyses exhibited minor
and not significant variations, allowing to exclude an oxidative
challenge, as further supported by the lack of effects on the
total antioxidant capacity and peroxidation processes in mussels
exposed to virgin and contaminated LDPE. The lower levels of
particles used in this study, might explain the different results
on oxidative effects in comparison to other studies in which
mussels exposed to microplastics exhibited significant changes
of antioxidant defenses (Avio et al., 2015; Paul-Pont et al., 2016;
Détrée and Gallardo-Escárate, 2017; Ribeiro et al., 2017).

A transient upregulation of hsp70 was observed only after
14 days in mussels exposed to virgin LDPE, suggesting a
response toward the physical disturbance caused by the ingestion
of such particles. Enhanced levels of these proteins are a
generic biomarker of stress, acting in mussels as a first line of
defense to cope with environmental challenges (Franzellitti and
Fabbri, 2005; Heindler et al., 2017). The effects of contaminated
microplastics were more similar to those of BaP, with lack of
statistical changes and a trend toward lower values of hsp70,
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FIGURE 8 | Weighted elaboration of bioaccumulation and biomarkers data in mussels exposed for 7, 14, 28 days to LDPE, BaP, and LDPE-BaP. The assigned

classes of hazard are given. Treatments: LDPE, virgin low density polyethylene; BaP, Benzo(a)pyrene alone; LDPE-BaP, Benzo(a)pyrene-contaminated polyethylene.

supporting a limited responsiveness of these proteins to the
prevalence of a chemical stress.

The overall evaluation of biomarker results by multivariate
PCA provided a clear separation between times and typologies
of exposure, highlighting a shift from a physical to a chemical
stress. After 7 days, the main effects were those induced
by microplastics (possibly reflecting a physical challenge),
followed at 14 days by those combined of microplastics
with BaP, while at longer exposure conditions effects of
BaP prevailed on those induced by microplastics (chemical
impact). The multivariate analysis indicated that the majority of
observed immunological, lysosomal, and cholinesterasic effects
were influenced by polymer (LDPE), while genotoxicity and
antioxidant defenses were mostly related to BaP. The impact
of LDPE-BaP appeared more biologically relevant with time
of exposure, suggesting that energy resources were initially
directed to activate primary mechanisms of defense toward
the physical stress of particles, while later the chemical stress
assumed the major role in biological disturbance. A similar
delay of chemical-induced toxic effects was previously observed
in fish Pomatoschistus microps exposed to microplastics and
organic compounds, where these particles acted as a transitory
mechanism of protection toward chemical insult (Oliveira et al.,
2013).

The overall data were elaborated according to the weighted
criteria of the Sediqualsoft model to synthesize the biological
significance of bioaccumulation results and cellular responses
in mussels exposed to virgin and contaminated microplastics.

The bioavailability of BaP was classified as Severe for both the
chemical dosed alone and for LDPE-BaP, since concentrations
increased from 15- to 60-folds in tissues of exposed mussels
compared to controls. On the other hand, the toxicological
hazard calculated from the number, magnitude and biological
importance of biomarkers was typically Slight for all the
treatments, raising to Moderate only in BaP exposed mussels
after 14 days. The combination of chemical and cellular hazards
provided a WOE index Slight for mussels exposed to virgin
LDPE, and Major for those exposed to BaP and LDPE-BaP
for all the periods. Considering the similarity of biological
effects observed after 28 days, it is quite obvious that the final
evaluation of the risk caused by virgin and contaminated LDPE
was greatly influenced by the marked accumulation of BaP,
further corroborating the still unexplored possibility of indirect,
long-term consequences of released chemicals.

In conclusion, this study confirmed that microplastics can
transfer adsorbed organic contaminants like BaP to tissues
of marine organisms, providing an additional experimental
evidence to the role of these particles as source of chemical
bioaccumulation. Both virgin and contaminated microplastics
did not induce marked ecotoxicological effects at molecular
and cellular levels after 28 days of exposure. However, the
observed susceptibility of the immune system, the accumulation
of BaP and the probable shift from physical to chemical
challenge, suggest that the toxicological risk of microplastics for
marine organisms is probably low, but not negligible. Additional
studies are needed to elucidate conditions of chronic exposure
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and whether interactions of particles with other stressors may
provoke long term, subtle effects on organisms’ health status.
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• Selected Wastewater Treatment
Plant (WWTP) removes the 84% of
microplastics (MPs).

• 160,000,000MPs were released daily by
selected WWTP.

• 3,400,000,000MPswere deposited daily
in 30 tons of sludge by selected WWTP.

• WWTPs are a source of MPs in both
aquatic and terrestrial environment.
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The emerged threat of microplastics (MPs) in aquatic ecosystems is posing a new challenges in environmental
management, in particular the civil Wastewater Treatment Plants (WWTPs) which can act both as collectors of
MPs from anthropic use and as a source to natural environments. In this study, MP fate was investigated in
one of the biggest WWTPs of Northern Italy, built at the beginning of the 2000s and which serves a population
equivalent of about 1,200,000, by evaluating their presence at the inlet (IN), the removal efficiency after the set-
tler (SET) and at the outlet (OUT), and their transfer to sludge. Sampleswere collected in three days of aweek and
plastic debris was characterized in terms of shape, size and polymer composition using the Fourier Transform In-
fraredMicroscope System (μFT-IR). The number of detected MPs was 2.5 ± 0.3 MPs/L in the IN, 0.9 ± 0.3 MPs/L
after the SET and 0.4 ± 0.1 MPs/L in the OUT, indicating a total removal efficiency of 84%. However, considering
that thisWWTP treats about 400,000,000 Lwastewaters/day, the potential release ofMPs to the receiving aquatic
system would be approximately 160,000,000 MPs/day, mainly polyesters (35%) and polyamide (17%). Further-
more, a great amount of MPs removed from wastewater was detected in the recycled activated sludge, with
113± 57MPs/g sludge dryweight, corresponding to about 3,400,000,000MPs deposited in the 30 tons of sludge
daily produced by thisWWTP. Given the possible re-use ofWWTP sludge in fertilizers for agriculture, our results
highlight that WWTPs could represent a potential source of MPs also to agroecosystems.

© 2018 Elsevier B.V. All rights reserved.
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1. Introduction

Plastic materials have a pivotal role in the modern society and syn-
thetic polymer production increased worldwide in the last decades,
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reaching 330 million tons in 2016 (PlasticEurope, 2017). Microplastics
(MPs), particles smaller than 5 mm in size, are now recognized as an
emergedworldwide issue in bothmarine and freshwater environments
(Cole et al., 2011; Eerkes-Medrano et al., 2015; Avio et al., 2017).
Ubiquitary distributed and with degradation periods of hundreds of
years (Thompson et al., 2004), MPs are easily ingested and have the po-
tential to accumulate in both biota (Browne et al., 2008; Avio et al.,
2015a; Paul-Pont et al., 2016; Magni et al., 2018; Pittura et al., 2018)
and aquatic food web (Avio et al., 2017; Carbery et al., 2018; Nelms
et al., 2018).

Primary MPs, as plastic pellets, are produced directly with micro-
scopic size to be used in air blasting technology, or as abrasive agents
in personal care products (PCPs; Cole et al., 2011); their use in cosmetics
has been recently banned or limited in some countries such as US, UK
and Canada (Conkle et al., 2018). The large majority of environmental
MPs are of secondary origin, deriving fromdegradation of plastic wastes
(Cole et al., 2011) or from synthetic cloth washing (Napper and
Thompson, 2016).

Land sources contribute to 80% of global MP pollution (Andrady,
2011), and debris collected from urban areas are expected to be treated
by civilWastewater Treatment Plants (WWTPs; Prata, 2018),with some
exceptions during periods of heavy rainfall for areas with combined
sewers. However, WWTPs, being designed to remove organic matter
and nutrients from wastewaters, are not efficient in the removal of
other contaminants as pharmaceuticals, illicit drugs, heavy metals
(Binelli et al., 2014, 2015; Magni et al., 2015) and also MPs that might
be discharged in the aquatic environmentwith potential adverse effects
on aquatic organisms (Magni et al., 2016, 2017, 2018). In this context,
despite the toxic mechanisms of MPs need clarifications, especially on
freshwater species, some studies reported the alteration of the oxidative
status, neuro- and energy-related enzyme activity modulation, as well
as intestinal damage in aquatic organisms after MP exposure (Avio
et al., 2015b; Barboza et al., 2018; Lei et al., 2018; Magni et al., 2018).

The presence of MPs has been reported in the outlet of WWTPs in
United States (Estahbanati and Fahrenfeld, 2016; Mason et al., 2016;
Michielssen et al., 2016; Dyachenko et al., 2017), Australia (Browne
et al., 2011; Ziajahromi et al., 2017), Finland (Talvitie et al., 2017a,
2017b; Lares et al., 2018), Germany (Mintenig et al., 2017),
Netherlands (Leslie et al., 2017), Sweden (Magnusson and Norén,
2014) andUK(Murphy et al., 2016). Evenwhen the efficiency ofMPs re-
moval is very high (72–98%;Murphy et al., 2016; Leslie et al., 2017), due
to the great volumeof treatedwastes, aWWTPwith a population equiv-
alent of 650,000may be responsible for a daily release of 65,000,000MP
debris (Murphy et al., 2016). Consequently, the presence of MPs has
been reported in aquatic systems in Europe (Faure et al., 2012; Imhof
et al., 2013; Sadri and Thompson, 2014; Wagner et al., 2014; Lechner
and Ramler, 2015; Fischer et al., 2016; Guerranti et al., 2017; Imhof
et al., 2018; Sighicelli et al., 2018), America, Asia and Africa (Free et al.,
2014; Su et al., 2016; Wang et al., 2016, 2017; Anderson et al., 2017;
Di and Wang, 2018; Nel et al., 2018).

In addition to the discharge of MPs in inland waters, WWTPs pose
another potential threat for the high percentage of MPs (up to N90%)
which settle on the bottom of WWTP tanks, accumulating in the
recycled activated sludge (Carr et al., 2016). This aspect poses a poten-
tial threat also for terrestrial pollution, considering that sewage sludge
is widely re-used in agriculture as fertilizer worldwide (Mahon et al.,
2017) with a request of 50% of the total sludge production in Europe
and America, and approximately 125–850 tons of MPs/million inhabi-
tants added every year in European soils (Nizzetto et al., 2016).

To provide other information regarding MP input in the European
inland waters from WWTPs, the aim of our study was to evaluate the
abundance and physical/chemical characteristics of MPs in one of the
main WWTPs of Northern Italy, characterizing these particles in waste-
waters at different treatment steps, as well as in the recycled activated
sludge. To our knowledge, this is the first study aimed to identify the
fate of MPs through the entire waste treatment process from an Italian

WWTP, to evaluate the efficiency of various treatments in removing
these particles, and to assess the overall release of such emerging
contaminants.

2. Materials and methods

2.1. Wastewater and sludge sampling

The WWTP is located in Northern Italy and it represents one of the
biggest station and more recent Italian plants, built at the beginning of
the 2000s and receiving waters from combined sewers. It serves about
1,200,000 population equivalent and it is equipped with pre-, primary,
secondary and tertiary treatments, articulated in screening, grit and
grease removal stages, biological treatment, sedimentation (with
recycled activated sludge), sand filter treatment and disinfection. The
average inlet flow rate of the plant is of about 400,000,000 L/day (the
same value of the outlet flow rate), with an average dry weather flow
rate of about 18,000,000 L/h and a maximum flow rate in wet weather
conditions of 54,000,000 L/h.

To assess the presence, removal efficiency and release of floating
MPs in the plant, wastewaters were sampled at three different treat-
ment steps: inlet (IN), after the settler (SET), and outlet (OUT). In addi-
tion, since MPs can settle on the basis of polymer density (ranging from
0.01–0.05 g/cm3 for the expanded polystyrene, to 2.20–2.30 g/cm3 for
25% glass filled polytetrafluoroethylene; Crawford and Quinn, 2017),
the recycled activated sludge with a concentration of 7.5 g/L dry weight
(dw) was sampled. To reduce the intrinsic variability associated to
weather conditions and/or possible changes in the urban release, the
samplingwas repeated for three days in a springweek, without rainfall,
at the same time (between 9 and 11 a.m.). In detail, 30 L of surface
wastewater were collected every day from each treatment step using
a steel bucket; samples were subsequently filtered in loco with a suite
of steel sieves (ISO 3310-1:2000) with a mesh of 5 mm, 2 mm and 63
μm. Furthermore, 50 mL of recycled activated sludge were collected
using a glass beaker.

2.2. MP separation from collected matrices

Each wastewater filtered and collected sludge were put in glass bot-
tles with 500 mL of sodium chloride (NaCl) hypersaline solution
(1.2 g/cm3) to separateMPs fromparticulatematter, exploiting the den-
sity gradient (Thompson et al., 2004). The use of NaCl hypersaline solu-
tion for MP separation by sediments, similar to sewage sludge, is
recommended by the Marine Strategy Framework Directive (MSFD)
and suggested when a huge number of samples needs to be processed.
Indeed, this method is cheap, widely available and eco-friendly,
despite the extraction performance of high density MPs, as plasticized
polyvinylchloride (1.3–1.7 g/cm3) or polytetrafluoroethylene
(2.1–2.2 g/cm3), could be lower than other synthetic polymers
(Crawford and Quinn, 2017).

Samples were stirred and decanted overnight at 4 °C. Supernatants
were then filtered on 8 μm cellulose nitrate membrane filters
(Sartorius™ 50mm) using a vacuumpump. In the same filtration appa-
ratus we put 500 mL of Milli Q®, to remove salt crystals, which were
then filtered using a vacuum pump across the obtained cellulose mem-
brane filters with collected debris. The organic matter was partially
digested by 15% hydrogen peroxide (H2O2) for three days at room tem-
perature (RT), maintaining the filters under laminar flow hood to avoid
atmospheric contamination by microfibers (Avio et al., 2015a).

2.3. MP quantification and characterization

After the organic matter digestion, wastewaters and sludge filters
were visually examined under a stereomicroscope (SZM-D equipped
with OPTIKAM B5, Optika). All particles suspected to be plastics or par-
ticles whose nature was in doubt, as well as all fibers, were manually
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collected, transferred onto a clean filter and then analyzed, that has
allowed to distinguish between plastic and non-plastic materials. De-
spite a rigorous visual protocol performed by experienced researchers,
an underestimation of smaller particles is possible, especially those be-
tween 30 μm and 10 μm that are more difficult to notice. However, vi-
sual examination of particles prior their chemical characterization
represents a necessary step to isolate particles from filters, on which it
is not possible to completely eliminated organic matter and/or mineral
components, without involving more destructive or expensive
methods. In addition, the validation of the original method on MP-
spiked samples revealed an elevated yield of recovery, ranging from
78% to 98%, depending on the particle size (Avio et al., 2015a).

On the basis of the different origin and abundance ofmicroplastic par-
ticles (MPPs) compared to microplastic fibers (MPFs - ribbon-like shape
with frayed ends; Almroth et al., 2018; Dris et al., 2018), we decided to
consider separately these two types of MPs in the presentation and elab-
oration of results. MPPs were categorized according to the shape (lines -
same thickness in all length with sharp ends, films and fragments;
Fig. 1) and measured (Optika Vision Lite 2.1, Optika) to be classified into
4 size classes (5–1 mm, 1–0.5 mm, 0.5–0.1 mm, 0.1–0.01 mm).

All the collected MPPs and MPFs on membrane filters were charac-
terized using the Fourier Transform Infrared Microscope System
(μFTIR; Spotlight 200i equipped with Spectrum Two, Perkin Elmer) to
confirm their plastic nature and to identify polymer typologies. FT-IR
spectra of individual MPs were acquired in attenuated total reflectance
(ATR) mode (32 scans to produce spectra with wavelengths between
600 and4000 cm−1 and resolution of 4 cm−1), analyzed using Spectrum
10 software and compared with libraries of standard spectra. Similarity
of measured sample and reference spectrumwas accepted only after vi-
sual examination of spectra characteristics and with a Hit Quality Index

(HQI) ≥ 0.7 (Klein et al., 2015; Lusher et al., 2015).

2.4. Contamination prevention during samples processing

To prevent contamination with other MPPs or MPFs, samples were
kept covered asmuch as possible using glass lids; lab coats, cotton cloth-
ing and gloves were worn, both during samplings and laboratory oper-
ations. Work surfaces, equipment and manipulation instruments were
cleaned withMilli Q®water and alcohol, and checked under themicro-
scope before use. All solutions were filtered twice on 1.2 μm glass fiber

Fig. 1.MPPs (line, film and fragment) and MPF (microfiber) extracted from both wastewaters and sludge and observed at μFT-IR.
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filters (Whatman® GF/C 47 mm) to eliminate impurities. In addition, 2
filters were processed as blanks with the same procedure for each ex-
perimental condition; during visual sorting, blanks were left exposed
to the air the same amount of time as the samples. Despite Simon
et al. (2018) presented a mass-based assessment of MPs, a similar ap-
proach (requiring the precise determination of both minor and major
dimensions of irregularly shaped MPs) was considered not reliable in
this study. We thus preferred to express our data as MPs/L, similarly
many other studies (e.g. Magnusson and Norén, 2014; Talvitie et al.,
2015, 2017b; Murphy et al., 2016; Leslie et al., 2017; Mintenig et al.,
2017; Lares et al., 2018).

2.5. Statistical approach

To evaluate the significant differences (*p b 0.05; **p b 0.01) about
MP content between the three different treatment steps (IN, SET and
OUT), we performed the one-way analysis of variance (one-way
ANOVA); each difference, treatment versus treatment, was evaluated
using the Fisher LSD post hoc test. For these analyses we used the
STATISTICA 7.0 software package.

3. Results

3.1. Contamination control

Analyses of blanks showed 1.6 ± 1.0 (mean value ± standard devi-
ation; SD) microfibers of cotton/filter (only natural microfibers were
detected in the blanks), corresponding to 30 L of wastewater and
50 mL of sludge; no MPPs were detected in the blanks. These values
are much lower than 10% of the overall microfibers average throughout
all samples, indicating a good contamination control as suggested by
Lusher et al. (2015).

3.2. MPs in wastewaters

The characterization by μFT-IR has shown that, of all the particles
collected during the visual sorting, the 72% from the IN, the 67% from
the SET and the 55% from the OUT, were plastics. The number, shape
(lines, films, fragments), size (mm), polymer composition (example of
spectra in Fig. S1, Supplementary material) and library matching score
(HQI) of individual MPPs detected in each of the three sampling days
are reported in Table S1 (Supplementary material). The same results
are summarized below as mean value ± SD of the three days.

MPP quantification showed a value of 2.0 ± 0.3 MPPs/L in the IN
wastewaters, reduced to 0.6 ± 0.2 MPPs/L after the SET and 0.3 ±
0.1 MPPs/L in the OUT (Fig. 2A); similarly, MPFs decreased from 0.5 ±
0.1 MPFs/L in the IN, to 0.3 ± 0.2 MPFs/L after the SET and 0.10 ±
0.03 MPFs/L in the OUT (Fig. 2A), for a total amount of detected MPs
of 2.5 ± 0.3 MPs/L in the IN, 0.9 ± 0.3 MPs/L after the SET and 0.4 ±
0.1 MPs/L in the OUT (Fig. 2A, B). In this context, we observed a signifi-
cant effect of treatment steps on MP content in wastewaters (F2,6 =
50.3; p b 0.01), with a significant difference in MP concentration be-
tween IN and SET (p b 0.01) and IN and OUT (p b 0.01; Fig. 2B); no sig-
nificant difference has been observed between SET and OUT (p= 0.07;
Fig. 2B).

The total percentage of MP decrease between IN and OUT was 84%,
with the greater removal (64%) occurring among IN and SET (Fig. 2A).
Since this WWTP treats an average of 400,000,000 L of wastewaters/
day, the daily inlet and release in surface waters would correspond to
about 1,000,000,000 MPs and 160,000,000 MPs respectively. Films
were the main shape of MPPs (73%) which enter in the plant (Fig. 3A),
followed by fragments (21%) and lines (6%). These ratios change during
the wastewater treatments, with more similar percentages of films
(36%), fragments (36%) and lines (28%) after the SET, while a greater
ratio of lines (41%) and films (38%) followed by fragments (21%) was
measured in the WWTP OUT (Fig. 3A). The predominant size range of
MPPs was 0.5–0.1 mm in all samples, accounting for 36% of total
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particles in the IN, 58% after the SET and 52% in the OUT (Fig. 3B). In this
regard, we observed aMP removal, on size basis, of 94% for 5–1mmand
1–0.05 mm MPs, 77% for 0.5–0.1 mm MPs and 65% for 0.1–0.01 mm
MPs.

Table 1 shows that themainMPP classes in the IN were represented
by the co-polymer of acrylonitrile-butadiene (40%), followed by poly-
ethylene (17%) and ethylene-propylene (14%). The other two typolo-
gies of wastewaters revealed a high concentration of polyesters (23%),
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Fig. 3. Percentage of shapes (A; lines, films and fragments) and sizes (B; 5–1 mm, 1–0.5 mm, 0.5–0.1 mm, 0.1–0.01 mm) of detected MPPs in both wastewaters (IN, SET and OUT) and
sludge.

Table 1

Polymer (black labels) and co-polymer (red labels) classes of detected MPPs in both wastewaters (IN, SET and OUT) and sludge expressed as percentage (%), number of MPPs/volume of
sampledwastewater (30 L) or sludge (50 mL) and number of MPPs/L of wastewater andMPPs/g dw of sludge. The results are presented asmean value of the three days of sampling (see
Table S1, Supplementary materials).

MPP polymer class IN

%

SET

%

OUT

%

Sludge

%

IN

MPPs/30L

SET

MPPs/30L

OUT

MPPs/30L

Sludge

MPPs/50mL

IN

MPPs/L

SET

MPPs/L

OUT

MPPs/L

Sludge

MPPs/g

epoxy resin – – 3 – – – 0.33 – – – 0.01 –

polyacrylates – 2 7 3 – 0.33 0.67 0.67 – 0.01 0.02 1.79

polyamide 2 11 17 6 1.33 2.00 1.67 1.33 0.04 0.07 0.06 3.55

polyesters 4 23 35 15 2.67 4.33 3.30 3.33 0.09 0.14 0.11 8.88

polyoxymethylene – – 3 – – – 0.33 – – – 0.01 –

polytetrafluorethylene – – – 2 – – – 0.33 – – – 0.88

polyterpene 2 – 3 – 1.00 – 0.33 – 0.03 – 0.01 –

polyethylene 17 13 10 18 10.00 2.33 1.00 4.00 0.33 0.08 0.03 10.67

polypropylene 4 11 – 9 2.33 2.00 – 2.33 0.08 0.07 – 6.21

polystyrene – – – 5 – – – 1.00 – – – 2.67

polyurethane 3 13 7 3 2.00 2.33 0.67 0.67 0.07 0.08 0.02 1.79

polyvinylchloride – – 3 – – – 0.33 – – – 0.01 –

silicone – – – 2 – – – 0.33 – – – 0.88

acrylonitrile–butadiene 40 9 3 27 24.00 1.67 0.33 6.00 0.80 0.06 0.01 16.00

acrylonitrile–butadiene–styrene – 2 – – – 0.33 – – – 0.01 – –

ethylene–acrylate 7 7 3 5 4.33 1.33 0.33 1.00 0.14 0.04 0.01 2.67

ethylene–propylene 14 – – – 8.33 – – – 0.28 – – –

ethylene–propylene–diene 2 9 – 5 1.33 1.67 – 1.00 0.04 0.06 – 2.67

ethylene–vinylacetate 1 2 – – 0.33 0.33 – – 0.01 0.01 – –

styrene–butadiene–styrene 1 – – – 0.67 – – – 0.02 – – –

styrene–ethylene–butadiene–styrene 3 – – – 1.67 – – – 0.06 – – –

styrene–isoprene – – – 2 – – – 0.33 – – – 0.88

styrene–isoprene–styrene – – 3 – – – 0.33 – – – 0.01 –

styrene–vinyltoluene–butylacrylate 1 – – – 0.33 – – – 0.01 – – –
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polyethylene (13%), polyurethane (13%), polyamide (11%), and poly-
propylene (11%) after the SET, while the main polymers in the OUT
were polyesters (35%), polyamide (17%) and polyethylene (10%).

Regarding microfibers, the ratio of natural microfibers versus MPFs
was 66 and 34% in the IN, 72 and 28% after the SET, 81 and 19% in the
OUT (Table S2, Supplementary material). Natural microfibers were
mainly made of cotton (Table S2, Supplementary material) and were
excluded from the values of MPFs and MPs. Among MPFs, polyesters
represented the main polymer class, accounting for 83% of synthetic
polymers in the IN, 79% after the SET and 89% in OUT; remaining poly-
mers were polyacrylates (12%, 8% and 11% in the three steps) and poly-
amide (5% and 13% in the IN and after the SET respectively; Table 2).

3.3. MPs in recycled activated sludge

The number, shape, size andpolymer composition (example of spec-
tra in Fig. S1, Supplementarymaterial) ofMPPs detected in active sludge
during the three sampling days are individually given in Table S1 (Sup-
plementary material) and presented below as average value ± SD.
Among all the particles collected in the visual sorting phase, the 81% re-
sulted to be plastics after μFT-IR characterization.

The number of observed MPs was 59.5 ± 21.6 MPPs/g sludge dw,
and 53.3 ± 48.9 MPFs/g sludge dw (Fig. 2C), accounting for a total
value of 113± 57MPs/g sludge dw (Fig. 2C, D). Considering that the in-
vestigated WWTP produces about 30 tons/dw of sludge daily, we can
derive an estimate of about 3,400,000,000 MPs accumulating each day
in the sewage sludge.

As reported in Fig. 3A, shapes of MPPs were films (51%), fragments
(34%) and lines (15%), while the main size class was 0.5–0.1 mm
(54%; Fig. 3B). Co-polymers of acrylonitrile-butadiene were the more
abundant chemical typologies detected in the sludge (27%), followed
by polyethylene (18%) and polyesters (15%, Table 1). Looking at the dis-
tribution of polymers among different shapes, acrylonitrile-butadiene
represented 32% of films, 26% of fragments and 10% of lines; for this
last shape, the main polymers were polyesters (60%), while fragments
were mainly constituted by polyethylene (35%; Table 3).

The 65% of the total microfibers collected in the sewage sludge was
synthetic and represented only by polyesters (Table 2); the remaining
35% of microfibers were of natural origin (cotton, Table S2, Supplemen-
tary material), and excluded from the count of MPFs and MPs.

4. Discussion

The pivotal result of this study was to demonstrate that millions of
MPs both in the OUT and sewage sludge can be released in aquatic
and terrestrial ecosystems being used for different purposes such as ir-
rigation and fertilization. These evidences confirm the role ofWWTPs as
collector ofMPs fromanthropic use towards natural environment, as re-
cently observed in other WWTPs around the world (Prata, 2018).

Analyzing step by step the route of MPs through the WWTP, the
mean value of MPs found in the IN (2.5 ± 0.3 MPs/L) was a much
lower than those recently reported at the IN of other European
WWTPs in UK (15.7 ± 5.2 MPs/L; Murphy et al., 2016, sampling per-
formed with a “lower size limit” -LSL- of wastewater filtration at 65
μm, the same size of sieve used in this study) and Finland (57.6 ±
12.4 MPs/L; Lares et al., 2018; LSL of 250 μm). Since the MPs found in

civil wastewaters derive primarily from PCPs and synthetic textiles
(Prata, 2018), different habits, weather and season conditions can con-
tribute to the variability of MP concentration in WWTP inlets in differ-
ent countries. Another explanation to this difference could be the
intentional infiltration of waters, e.g. groundwaters, that enter in the
sewage system thus diluting the MP concentration in the wastewaters.
This phenomenon is particularly present in Italy where this infiltration
can reach the 30% of the entire flow rate: in addition, N70% of the na-
tional sewage system ismade by combined sewages that collect domes-
tic wastes with rainwater runoff and industrial wastewaters all in the
same pipe (Autorità per l'energia elettrica, il gas e il sistema idrico,
2017). On the basis of these evidences, it is important to take into ac-
count that the observed differences in MP concentration can also be re-
lated to the use of different MP detection methods, highlighting the
importance to establish common standardized protocol(s) for MPmon-
itoring, as well as a uniform unit to express MP abundance to facilitate
the data comparison between different sampling sites.

One of the most interesting results of this study was the abundance
of co-polymers entering in the WWTP, in particular acrylonitrile-
butadiene (40% of total MPs; Table 1). This is called nitrile-butadiene
rubber (NBR), it is generally used in automotive seals, gaskets and
pipes, but also in textiles, where its application to woven and non-
woven fabrics improves the finish and waterproofing properties. Char-
acterization of WWTP IN also revealed polyethylene (17%), one of the
most common plastic material, and co-polymer of ethylene-propylene
(14%), mainly used in automobile parts and in the production of pipe

Table 2

Polymer classes of detectedMPFs in bothwastewaters (IN, SET andOUT) and sludge expressed as percentage (%), number ofMPFs/volumeof sampledwastewater (30 L) or sludge (50mL)
and number of MPPs/L of wastewater and MPPs/g dw of sludge. The results are presented as mean value of the three days of sampling (see Table S2, Supplementary materials).

MPF polymer class IN SET OUT Sludge IN SET OUT Sludge IN SET OUT Sludge

% % % % MPPs/30 L MPPs/30 L MPPs/30 L MPPs/50 mL MPPs/L MPPs/L MPPs/L MPPs/g

Polyacrylates 12 8 11 – 1.67 0.67 0.33 – 0.06 0.02 0.01 –

Polyamide 5 13 – – 0.67 1.00 – – 0.02 0.03 – –

Polyesters 83 79 89 100 11.67 6.33 2.67 20.00 0.39 0.21 0.09 53.33

Table 3

Percentage of shapes with the relative polymer (black labels) and co-polymer (red labels)
classes of detected MPPs in sludge. The results are presented as mean value of the three
days of sampling (see Table S1, Supplementary materials).

MPP shape MPP polymer class Detection (%)

Line polymer class (15%) polyamide 20

polyesters 60

silicone 10

acrylonitrile–butadiene 10

Film polymer class (51%) polyacrylates 6

polyamide 6

polyesters 6

polytetrafluorethylene 3

polyethylene 14

polypropylene 15

polystyrene 3

polyurethane 3

acrylonitrile–butadiene 32

ethylene–acrylate 6

ethylene–propylene–diene 6

Fragment polymer class (34%) polyesters 9

polyethylene 35

polypropylene 5

polystyrene 9

polyurethane 4

acrylonitrile–butadiene 26

ethylene–acrylate 4

ethylene–propylene–diene 4

styrene–isoprene 4
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seals (Table 1). To complete the description of MPs entering in the
WWTP, it is important to consider that 83% of MPFs were polyesters
(Table 2), probably released by synthetic cloth washing (Prata, 2018),
since a 6 kg wash load release about 700,000 MPFs (Napper and
Thompson, 2016).

The passage through the oxidative tanks and settler changed the
polymer ratio percentage of MPPs after the SET with a decrease of co-
polymers and an increase of polyesters (23%), polyurethane (13%),
polypropylene (11%) and polyamide (11%); polyesters further in-
creased in the OUT (35%), along with polyamide (17%) and
polyacrylates (7%), used in PCPs and paints as adhesive agents. In this
context, some MP classes, as epoxy resin (3%), polyvinylchloride (3%),
polyoxymethylene (3%) and styrene-isoprene-styrene (3%), were
found only in the OUT wastewaters (Table 1). These results could sug-
gest the equipment used inWWTPprocesses as a potential direct source
of polymers towards the aquatic environment, which should thus be
carefully considered in future assessments of MP generation and fate.
However, this aspect need clarifications considering that the
abovementioned MP classes were detected only in the OUT and at a
very low concentration of 0.01 MPs/L (Table 1). In the OUT, the MP re-
moval efficiency fromwastewaterwas of 84%,with a 94% of removal be-
tween IN and OUT of 5–1 mm and 1–0.5 mmMPs, 77% for 0.5–0.1 mm
MPs and 65% with 0.1–0.01 mm MPs. After such removal efficiency, a
mean value of 0.4 ± 0.1 MPs/L was still detected, corresponding to
160,000,000MPs released daily in the receivingwater-body. In this con-
text, the large release of MPs in surface waters by WWTPs could pro-
voke adverse effects to aquatic species, considering that under
laboratory conditions a mixture of 16,000,000 MPs per tank
(4,000,000 MPs/L) induced a significant alteration of dopamine level
on freshwatermusselDreissena polymorpha (Magni et al., 2018). The re-
lease of MPs observed in this study is within the range reported for
other American and European WWTPs (see Table 3 in Lares et al.,
2018), with the lower value of 0.005 MPs/L observed in Finnish
WWTPs (Talvitie et al., 2017b) and the higher concentration of
91 MPs/L in 7 Dutch WWTPs (Leslie et al., 2017). Relating the quantity
of MPs in the OUT with the population equivalent of the selected
WWTP (1,200,000), we calculated a release of 133 MPs/equivalent in-
habitant (per capita), comparable with that reported by Murphy et al.
(2016) of 100 MPs/equivalent inhabitant. More in detail, it would
seem that the LSL of wastewater filtration influences the quantity of de-
tectedMPs in the effluents of various EuropeanWWTPs: 0.00825MPs/L
were found in Swedish WWTP with a LSL of 300 μm (Magnusson and
Norén, 2014), 1.05 MPs/L in Finnish WWTP with a LSL of 250 μm
(Lares et al., 2018), 0.25 MPs/L in Scottish WWTP with a LSL of 65 μm
(Murphy et al., 2016), 0.1–10.05 MPs/L in German WWTPs with a LSL
of 20 μm (Mintenig et al., 2017), 0.005–13.5 MPs/L in Finnish WWTPs
with a LSL of 20 μm (Talvitie et al., 2015, 2017b), and, lastly, from 9 to
91 MPs/L in Dutch WWTPs with a LSL of 0.7 μm (Leslie et al., 2017).

Also theMP removal efficiency of 84% observed in this study is in the
same order of other European WWTPs, ranging from 72% to 98%
(Murphy et al., 2016; Leslie et al., 2017; Lares et al., 2018). Since the
main removal of MPs occurred in the first steps of treatment (64% of
MP retention from IN and SET), the grease removal and sedimentation
processes are confirmed the pivotal steps involved in the reduction of
floating and settling of MPs from wastewaters respectively (Murphy
et al., 2016). However, also the sand filters at the end of theWWTP con-
tributed to the treatment performance, decreasing by almost 50% the
MP content from the SET (0.9 ± 0.3 MPs/L) to the OUT (0.4 ±
0.1 MPs/L). This is another crucial result in the attempt to define simple
and cost-effective treatments to reduceMPs inwastewaters. In this con-
text, Talvitie et al. (2017b) tested the performance of different final
stage technologies, observing a MP removal of 97% after sand filters,
and a higher activity formembrane bioreactor (99.9%). The great perfor-
mance of sand filters should, however, be further validated in future
studies, since the daily washing water is generally carried in counter-
flow, potentially recirculating also MPs.

The description of the MP route through the WWTP cannot ignore
the recycled activated sludge produced between IN and SET. The MPs
density is not the only factor driving their sedimentation, since also
low-density polymers were found in the sludge, as shown for polysty-
rene (density from 0.01 to 1.05 g/cm3; Crawford and Quinn, 2017).
Fouling by bacteria and other physical/chemical processes canmodulate
the mechanism of MP floating/sedimentation. In particular, for
granular-like MPs, the sedimentation process could be explained by
the Stokes law, considering the regime of wastewater flow (laminar or
turbulent) around the particles, described by the Reynolds number
(Re); for larger MPs with high Re, the shape seems the main factor
influencing the sedimentation (Khatmullina and Isachenko, 2017).
Also flocculation phenomena are not negligible in wastewaters,
explaining the high presence in the collected sludge of lowdensity poly-
mers and MPs without granular sizes; on the other hand, the aggrega-
tion, coupled with the potential occlusion of 63 μm mesh sieve during
wastewater filtration, can justify the detection of MPs with
0.1–0.01 mm size. The value of 113 ± 57 MPs/g dw
(3,400,000,000 MPs/day) observed in the recycled activated sludge is
comparable to other European WWTP sludges, with 8.2–301.4 MP/g
dw (Leslie et al., 2017), 186.7 MP/g dw (Talvitie et al., 2017a) and
4.2–15.4 MP/g dw (Mahon et al., 2017) in Dutch, Finnish and Irish
WWTPs respectively. Worthy to note, 47% of MPs detected in sludge
were characterized by MPFs (53.3 ± 48.9 MPFs/g dw). A recent study
(Sillanpää and Sainio, 2017) calculated an annual emission of 154,000
polyester MPFs by washing machines with a number of polyester
MPFs released in the first wash that varies from 2.1 × 105 to 1.3 × 107.
The release of MPs from the washing machines will be one of the
main challenges in the early future to decrease fibers in domestic
wastes. Since the ban of production and use of synthetic clothes
would be utopic, considering the pivotal role of non-disposable plastics
in our lifestyle, there are already feasible solutions based on the use of
filters for MPF retention in the washing machines (Napper and
Thompson, 2016), the recourse to the labelling that certify the good
practice in the clothes manufacture and the use of laundry soaps, soft-
eners and the washing cycles more conservative. As previously ob-
served in wastewater samples, also the sludge revealed the presence
of MPs polymer classes not detected in the IN wastewaters, reinforcing
the hypothesis of the possible release of some polymers, as polystyrene,
directly by WWTP structures.

On the basis of these results, we observed a surplus of
2,560,000,000 MP/day from the final concentration balance:
[(160,000,000 MP/day release by final effluent +
3,400,000,000 MP/day deposited in the sludge)− 1,000,000,000 MPs/-
day in the inlet]; this difference could be related to the intrinsic variabil-
ity of wastewaters, to the relatively low volume (30 L) of filtered
wastewaters, or to other unaccounted sources like fragmentation of
MPs in smaller particles or environmental deposition of MPFs from air.

The sludge is re-used in agriculture in many countries as fertilizer,
and detection of MPs poses a potential threat for terrestrial environ-
ments. The use of sludge in agriculture is actually banned if they contain
high levels of toxic pollutants, as heavy metals, but neither European
(EU 86/278/EEC) nor U.S. (Code 503) legislations put limits for MPs
(Nizzetto et al., 2016). Considering the adverse effects reported for
MPs on earth worms (Huerta Lwanga et al., 2016), degradation from
micro- to nanoplastics, and their leaching to groundwater (Hurley and
Nizzetto, 2018), results obtained in this study highlight the need of fu-
ture evaluations of economic and ecological costs of sludge fate. An ad-
ditional problem associated to release of MPs in the soils could be their
re-translocation in freshwater and marine environment, partially nulli-
fying the WWTP activity.

5. Conclusions

Our results highlight that, despite the high MP removal efficiency of
selected WWTP of 84%, its contribution to MPP and MPF pollution of
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freshwaters is worrisome, in accordance with results of other European
WWTPs. MPs were removed from wastewaters probably mainly in the
grease and sedimentation processes, but also the advanced final stage
treatments with sand filters significantly contributed to MP retention.
Unfortunately, MPs were not completely eliminated by the final efflu-
ent, considering that 160,000,000MPs are released daily in freshwaters
by selected WWTP, and their route towards the sludge, a matrix often
re-used in agriculture in which we calculated a daily deposition of
3,400,000,000MPs, provides newelements for regulation of the biosolid
disposal in the environment. Future studies are necessary to deeper in-
vestigate the distribution, removal and release of MPs byWWTPs in the
aquatic environment, considering that the links among physical/chem-
ical behavior of these pollutants and efficiency of various treatment
steps still remain to be fully elucidated.

Supplementary data to this article can be found online at https://doi.
org/10.1016/j.scitotenv.2018.10.269.
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Figure S1: Some spectra of detected MPs (PP - polypropylene, PEST - polyester, PU - polyurethane, PA - polyamide).  



 

 

Tratment step Sampling day Shape Size (mm) Polymer class Abbreviation Library search score (HQI )

IN First film 3.26 acrylonitrile-butadiene NBR 0.80

film 1.47 polyethylene PE 0.90

film 0.23 polyethylene PE 0.76

film 0.13 ethylene-propylene-diene EPDM 0.73

film 2.87 polyethylene PE 0.95

film 2.81 acrylonitrile-butadiene NBR 0.83

film 0.39 ethylene-propylene EPR 0.88

fragment 2.23 polyethylene PE 0.72

film 3.80 acrylonitrile-butadiene NBR 0.83

film 2.34 acrylonitrile-butadiene NBR 0.73

fragment 0.11 acrylonitrile-butadiene NBR 0.87

fragment 0.29 polypropylene PP 0.96

fragment 0.09 styrene-ethylene-butadiene-styrene SEBS 0.95

film 1.09 ethylene-propylene-diene EPDM 0.76

film 0.46 polyterpene - 0.93

film 4.71 ethylene-acrylate - 0.89

fragment 2.84 ethylene-propylene-diene EPDM 0.84

film 0.45 acrylonitrile-butadiene NBR 0.84

film 0.65 polyethylene PE 0.77

fragment 2.83 polyethylene PE 0.79

film 0.95 acrylonitrile-butadiene NBR 0.80

line 4.11 polyester PEST 0.97

line 0.29 polyester PEST 0.92

line 0.68 polyester PEST 0.94

film 0.57 polyethylene PE 0.75

film 2.95 ethylene-propylene EPR 0.80

line 0.35 polyester PEST 0.78

line 0.17 polyester PEST 0.80

fragment 0.10 polyethylene PE 0.90

film 0.19 acrylonitrile-butadiene NBR 0.65

film 0.14 acrylonitrile-butadiene NBR 0.81

film 2.88 ethylene-propylene EPR 0.82

film 0.31 ethylene-propylene EPR 0.77

film 0.22 acrylonitrile-butadiene NBR 0.86

film 0.70 ethylene-propylene EPR 0.75

film 4.00 acrylonitrile-butadiene NBR 0.85

film 1.18 acrylonitrile-butadiene NBR 0.76

film 1.38 acrylonitrile-butadiene NBR 0.85

fragment 1.60 polyurethane PU 0.70

line 1.57 polypropylene PP 0.96

line 3.92 polypropylene PP 0.97

film 3.48 ethylene-propylene EPR 0.82

film 2.21 acrylonitrile-butadiene NBR 0.84

film 2.01 ethylene-propylene EPR 0.74

fragment 0.26 polyterpene - 0.72

fragment 0.56 polypropylene PP 0.96

fragment 0.16 ethylene-acrylate - 0.89

fragment 1.26 acrylonitrile-butadiene NBR 0.90

film 0.21 acrylonitrile-butadiene NBR 0.76

line 0.23 polyester PEST 0.83

film 0.20 acrylonitrile-butadiene NBR 0.79

Second film 4.27 acrylonitrile-butadiene NBR 0.79

film 4.38 acrylonitrile-butadiene NBR 0.81

film 4.79 acrylonitrile-butadiene NBR 0.77

film 4.91 polyethylene PE 0.76

film 1.23 polyethylene PE 0.83

fragment 1.09 polyethylene PE 0.88

fragment 0.29 polyurethane PU 0.82

fragment 0.25 polyurethane PU 0.79

film 0.06 polyethylene PE 0.96

film 0.08 ethylene-vinylacetate EVA 0.85

line 0.42 acrylonitrile-butadiene NBR 0.82

film 1.48 acrylonitrile-butadiene NBR 0.82

film 1.05 acrylonitrile-butadiene NBR 0.79

film 1.35 acrylonitrile-butadiene NBR 0.81

film 0.34 polyethylene PE 0.90

film 0.11 acrylonitrile-butadiene NBR 0.78

film 0.26 acrylonitrile-butadiene NBR 0.79

film 0.36 acrylonitrile-butadiene NBR 0.82

film 0.55 ethylene-propylene EPR 0.81

film 0.32 ethylene-propylene EPR 0.77

film 0.08 acrylonitrile-butadiene NBR 0.83

film 0.59 ethylene-acrylate - 0.85

film 1.59 ethylene-acrylate - 0.81

film 0.20 acrylonitrile-butadiene NBR 0.83

film 0.37 polyethylene PE 0.80

fragment 0.36 polyethylene PE 0.80

film 0.51 acrylonitrile-butadiene NBR 0.82

film 0.51 acrylonitrile-butadiene NBR 0.80

film 0.43 acrylonitrile-butadiene NBR 0.77

line 0.28 acrylonitrile-butadiene NBR 0.72

film 0.11 styrene-ethylene-butadiene-styrene SEBS 0.83

fragment 0.10 acrylonitrile-butadiene NBR 0.78

fragment 0.09 styrene-ethylene-butadiene-styrene SEBS 0.76

film 0.14 polyester PEST 0.92

film 0.03 styrene-ethylene-butadiene-styrene SEBS 0.76

fragment 0.08 polyurethane PU 0.76

fragment 0.10 polyurethane PU 0.70



 

 

film 0.07 styrene-butadiene-styrene SBS 0.81

film 0.63 ethylene-propylene EPR 0.86

film 0.30 polyamide PA 0.75

film 0.93 ethylene-acrylate - 0.91

film 2.62 polyethylene PE 0.96

film 2.83 acrylonitrile-butadiene NBR 0.78

film 0.65 ethylene-acrylate - 0.82

film 0.58 ethylene-acrylate - 0.92

film 1.03 ethylene-acrylate - 0.77

film 0.37 acrylonitrile-butadiene NBR 0.84

film 0.35 acrylonitrile-butadiene NBR 0.82

film 0.10 acrylonitrile-butadiene NBR 0.79

film 1.48 ethylene-propylene EPR 0.83

film 0.50 acrylonitrile-butadiene NBR 0.79

film 0.70 acrylonitrile-butadiene NBR 0.78

film 0.39 ethylene-propylene EPR 0.73

film 1.23 ethylene-propylene EPR 0.74

film 4.16 acrylonitrile-butadiene NBR 0.79

film 0.68 polyethylene PE 0.79

film 1.17 acrylonitrile-butadiene NBR 0.80

line 1.36 polyamide PA 0.60

fragment 0.17 acrylonitrile-butadiene NBR 0.80

film 0.10 acrylonitrile-butadiene NBR 0.73

film 0.09 acrylonitrile-butadiene NBR 0.81

film 0.12 polyurethane PU 0.77

film 0.39 ethylene-propylene EPR 0.85

film 0.16 acrylonitrile-butadiene NBR 0.77

film 0.58 ethylene-propylene EPR 0.85

film 2.43 ethylene-propylene EPR 0.81

film 1.35 acrylonitrile-butadiene NBR 0.83

fragment 0.69 acrylonitrile-butadiene NBR 0.78

film 0.75 acrylonitrile-butadiene NBR 0.84

film 0.98 ethylene-acrylate - 0.81

film 0.42 polypropylene PP 0.96

Third fragment 0.02 polyethylene PE 0.42

fragment 0.06 polyterpene - 0.78

film 0.55 styrene-butadiene-styrene SBS 0.81

film 1.15 acrylonitrile-butadiene NBR 0.77

film 2.48 polyethylene PE 0.79

film 1.40 polyethylene PE 0.79

film 2.04 acrylonitrile-butadiene NBR 0.83

film 2.27 polyethylene PE 0.90

film 0.71 polyamide PA 0.79

film 0.28 polyamide PA 0.71

film 3.66 acrylonitrile-butadiene NBR 0.71

film 3.41 acrylonitrile-butadiene NBR 0.73

film 5.00 acrylonitrile-butadiene NBR 0.72

film 4.47 acrylonitrile-butadiene NBR 0.70

film 2.47 ethylene-propylene EPR 0.72

film 2.89 ethylene-propylene EPR 0.73

film 1.41 acrylonitrile-butadiene NBR 0.77

film 0.21 acrylonitrile-butadiene NBR 0.80

film 0.24 acrylonitrile-butadiene NBR 0.82

film 0.28 acrylonitrile-butadiene NBR 0.82

film 0.26 acrylonitrile-butadiene NBR 0.82

film 0.14 ethylene-propylene EPR 0.82

fragment 0.33 ethylene-propylene EPR 0.73

film 3.56 acrylonitrile-butadiene NBR 0.76

film 0.71 ethylene-acrylate - 0.75

film 1.20 polyethylene PE 0.94

film 2.56 ethylene-acrylate - 0.74

film 1.32 acrylonitrile-butadiene NBR 0.72

film 1.69 acrylonitrile-butadiene NBR 0.81

film 0.28 acrylonitrile-butadiene NBR 0.78

film 0.85 acrylonitrile-butadiene NBR 0.79

film 0.61 ethylene-propylene EPR 0.74

film 0.23 ethylene-propylene EPR 0.82

film 0.71 ethylene-propylene EPR 0.79

fragment 0.08 ethylene-propylene-diene EPDM 0.77

film 0.03 ethylene-propylene EPR 0.75

fragment 0.16 polyethylene PE 0.89

film 0.29 polyethylene PE 0.70

fragment 0.28 polyethylene PE 0.70

fragment 0.28 acrylonitrile-butadiene NBR 0.76

fragment 0.23 acrylonitrile-butadiene NBR 0.72

film 0.61 polyethylene PE 0.89

film 0.64 acrylonitrile-butadiene NBR 0.84

film 0.60 acrylonitrile-butadiene NBR 0.78

film 0.89 ethylene-acrylate - 0.76

film 0.19 ethylene-acrylate - 0.74

film 0.18 acrylonitrile-butadiene NBR 0.81

fragment 0.22 polypropylene PP 0.85

film 1.37 polyethylene PE 0.70

fragment 0.13 ethylene-propylene EPR 0.79

film 0.44 acrylonitrile-butadiene NBR 0.82

fragment 0.12 polyester PEST 0.76

film 0.94 polyethylene PE 0.89

fragment 0.39 styrene-ethylene-butadiene-styrene SEBS 0.76

fragment 0.08 polypropylene PP 0.94



 

 

fragment 0.10 styrene-vinyltoluene-butylacrylate - 0.79

fragment 0.08 acrylonitrile-butadiene NBR 0.81

fragment 0.08 polyethylene PE 0.70

SET First fragment 0.09 polyethylene PE 0.80

fragment 0.14 ethylene-propylene-diene EPDM 0.70

film 0.12 polypropylene PP 0.87

film 1.53 ethylene-acrylate - 0.75

line 1.37 polypropylene PP 0.86

line 2.27 polytrimethyleneterephthalate PTT 0.83

film 0.51 polyamide PA 0.72

film 0.98 polyester PEST 0.85

line 0.53 polyamide PA 0.84

fragment 0.54 polyester PEST 0.73

fragment 0.48 ethylene-propylene-diene EPDM 0.82

fragment 0.12 acrylonitrile-butadiene NBR 0.73

fragment 0.18 acrylonitrile-butadiene NBR 0.87

fragment 0.15 acrylonitrile-butadiene NBR 0.73

film 0.35 acrylonitrile-butadiene NBR 0.78

fragment 0.50 polyuretane PU 0.80

fragment 0.21 polyethylene PE 0.95

line 0.18 polyester PEST 0.97

line 0.36 polyester PEST 0.95

film 2.96 ethylene-acrylate - 0.86

film 0.50 polypropylene PP 0.93

Second line 0.34 polyester PEST 0.98

fragment 0.16 polyurethane PU 0.83

film 0.06 polyurethane PU 0.78

film 0.08 polyethylene PE 0.90

fragment 0.38 polyurethane PU 0.83

fragment 0.33 polyethylene PE 0.97

film 0.20 polyethylene PE 0.75

fragment 0.14 ethylene-acrylate - 0.70

fragment 0.33 ethylene-propylene-diene EPDM 0.86

fragment 0.12 ethylene-propylene-diene EPDM 0.70

line 2.42 ethylene-vinylacetate EVA 0.71

line 0.95 polyester PEST 0.94

film 0.08 polyester PEST 0.96

fragment 0.12 polypropylene PP 0.95

film 0.12 polyurethane PU 0.72

line 0.34 polyester PEST 0.93

film 0.19 ethylene-acrylate - 0.72

fragment 0.14 polypropylene PP 0.98

line 1.10 polyester PEST 0.92

fragment 0.45 polyurethane PU 0.74

fragment 0.36 polyurethane PU 0.80

Third line 3.00 polyamide PA 0.80

line 2.45 polyamide PA 0.76

line 0.25 polyester PEST 0.91

film 0.15 polyethylene PE 0.72

film 0.24 polypropylene PP 0.88

line 0.46 polyester PEST 0.98

film 0.26 acrylonitrile-butadiene-styrene ABS 0.74

line 1.01 ethylene-propylene-diene EPDM 0.70

line 1.24 polyamide PA 0.99

film 0.15 polyacrylate PAK 0.74

fragment 0.05 acrylonitrile-butadiene NBR 0.87

film 0.15 polyethylene PE 0.94

film 2.38 polyamide PA 0.75

OUT First film 0.09 polyvinylchloride PVC 0.88

film 0.08 ethylene-acrylate - 0.89

line 0.68 polyamide PA 0.88

film 0.13 styrene-isoprene-styrene SIS 0.71

line 0.16 polyester PEST 0.80

line 1.10 polyester PEST 0.96

fragment 0.09 polyethylene PE 0.90

line 4.14 polycyclohexanedimethanolterephthalate PCT 0.94

line 1.76 polyester PEST 0.89

film 0.18 polybutylmetacrylate PBMA 0.97

fragment 0.23 polymethylmethacrylate PMMA 0.90

Second film 0.21 polyoxymethylene POM 0.97

line 0.68 polyterpene - 0.81

fragment 0.17 polyurethane PU 0.86

fragment 0.23 epoxy resin - 0.84

fragment 0.06 acrylonitrile-butadiene NBR 0.70

fragment 0.14 polyurethane PU 0.81

line 0.12 polyester PEST 0.89

film 0.12 polyamide PA 0.83

line 0.18 polyester PEST 0.79

line 0.23 polyamide PA 0.65

Third line 0.18 polyester PEST 0.85

film 0.14 polyethylene PE 0.70

film 0.07 polyethylene PE 0.71

film 0.09 polyamide PA 0.70

film 0.07 polyester PEST 0.98

line 0.41 polyester PEST 0.81

film 0.08 polyamide PA 0.84

line 1.44 polyester PEST 0.83

Sludge First film 1.55 acrylonitrile-butadiene NBR 0.71

film 1.30 polypropylene PP 0.83



 

Table S1: Detected MPPs in 30 L (90 L in the three different days of sampling) of wastewater (inlet 

- IN, after the settler - SET and outlet - OUT) and in 50 mL (150 mL in the three different days of 

sampling) of sludge. 

film 0.57 polypropylene PP 0.97

film 4.40 ethylene-acrylate - 0.88

film 0.57 polyethylene PE 0.75

film 0.50 polyethylene PE 0.87

film 2.19 acrylonitrile-butadiene NBR 0.79

film 3.45 polyamide PA 0.85

film 1.22 polyethylene PE 0.93

fragment 0.30 ethylene-acrylate - 0.73

film 0.60 polyester PEST 0.94

fragment 0.13 styrene-isoprene SIR 0.71

line 0.91 silicone - 0.78

fragment 0.22 acrylonitrile-butadiene NBR 0.77

fragment 0.14 polyethylene PE 0.81

Second line 0.20 polyester PEST 0.86

fragment 0.10 polyethylene PE 0.95

fragment 0.14 polyester PEST 0.89

film 0.14 polytetrafluorethylene PTFE 0.98

film 0.08 polyurethane PU 0.70

line 0.49 polyester PEST 0.70

fragment 0.12 polyethylene PE 0.96

film 0.23 acrylonitrile-butadiene NBR 0.78

film 0.30 polyethylene PE 0.87

fragment 0.08 acrylonitrile-butadiene NBR 0.83

fragment 0.04 polypropylene PP 0.76

fragment 0.19 acrylonitrile-butadiene NBR 0.77

film 0.10 ethylene-propylene-diene EPDM 0.79

fragment 0.27 acrylonitrile-butadiene NBR 0.84

fragment 0.29 polyester PEST 0.94

film 0.68 acrylonitrile-butadiene NBR 0.70

film 0.42 acrylonitrile-butadiene NBR 0.72

film 0.14 polypropylene PP 0.88

fragment 0.07 polystyrene PS 0.75

fragment 0.05 polyethylene PE 0.86

line 0.26 polyester PEST 0.95

fragment 0.08 polystyrene PS 0.96

fragment 0.03 polyethylene PE 0.76

fragment 0.09 acrylonitrile-butadiene NBR 0.72

film 0.03 polystyrene PS 0.74

line 0.26 acrylonitrile-butadiene NBR 0.84

film 0.15 polyethylene PE 0.75

film 0.11 polypropylene PP 0.80

film 0.18 ethylene-propylene-diene EPDM 0.72

film 0.09 polyacrylate PAK 0.70

fragment 0.10 ethylene-propylene-diene EPDM 0.79

Third film 0.41 ethylene-acrylate - 0.85

film 0.46 acrylonitrile-butadiene NBR 0.79

film 0.84 acrylonitrile-butadiene NBR 0.83

line 0.47 polyamide PA 0.90

film 0.06 polypropylene PP 0.72

line 0.11 polyester PEST 0.88

fragment 0.08 polyethylene PE 0.72

film 0.13 polyester PEST 0.95

line 0.43 polyester PEST 0.85

fragment 0.26 polyurethane PU 0.88

fragment 0.05 polyethylene PE 0.70

fragment 0.13 polypropylene PP 0.95

film 0.13 polyacrylate PAK 0.82

line 0.68 polyester PEST 0.98

film 0.47 polyamide PA 0.70

line 0.32 polyamide PA 0.71

fragment 0.35 acrylonitrile-butadiene NBR 0.75

film 0.22 acrylonitrile-butadiene NBR 0.76

film 2.40 acrylonitrile-butadiene NBR 0.78

film 0.38 acrylonitrile-butadiene NBR 0.75

film 0.34 acrylonitrile-butadiene NBR 0.79



 

 

Table S2: Detected microfibers (natural microfibers and MPFs) in 30 L (90 L in the three different 

days of sampling) of wastewater (inlet - IN, after the settler - SET and outlet - OUT) and in 50 mL 

(150 mL in the three different days of sampling) of sludge. Natural microfibers of cotton, viscose, 

cashmere and flax were excluded from the MPF count. 

    

Number of detected natural microfibers Number of detected MPFs

Sampling cotton viscose cashmere flax polyesters polyacrylates polyamide

First

IN 16 11 3 2

SET 30 1 11 2

OUT 9 1 4

Sludge 3 4

Second

IN 25 2 12 2

SET 18 4 3

OUT 19 3

Sludge 10 16

Third

IN 35 2 12

SET 14 4

OUT 9 1 1

Sludge 19 40
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