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A B S T R A C T

Per- and polyfluoroalkyl substances (PFAS) are synthetic chemicals that are recognized for their environmental 
persistence and potential toxicity. As regulatory pressure increases on legacy PFAS, emerging alternatives are 
being increasingly used. However, their environmental toxicological profiles remain poorly understood. The 
present study compares the biochemical effects of legacy (PFOS, PFOA, and PFNA) and emerging (GenX, PFBA, 
PFBS, and PFHxS) PFAS on the mussel species Mytilus galloprovincialis, using in vitro exposures of digestive gland 
(DG) and gills (G) tissues. The results highlighted tissue-specific responses, with greater biochemical variability 
observed in the DG. This was particularly evident under exposure to emerging PFAS, which appeared to induce 
oxidative stress disturbances and detoxification pathways, as indicated by increased acetylcholinesterase (AChE) 
and glutathione S-transferases activities and reduced total antioxidant capacity (TAC) levels. In contrast, the G 
showed a strong inhibition of both AChE and carboxylesterases activities and decreased TAC levels, possibly due 
to neurotoxic effects and compromised redox homeostasis. These findings suggest that emerging PFAS induce 
diverse and pronounced effects in the DG, whereas legacy PFAS generally cause less divergent biochemical re
sponses. Further research into intra-group variability, especially among emerging PFAS, is essential for under
standing their ecological risks and developing targeted regulatory frameworks.

1. Introduction

In recent years, growing recognition within the scientific and public 
health communities has highlighted the widespread environmental 
contamination caused by synthetic chemicals (Li et al., 2024). Per- and 
polyfluoroalkyl substances (PFAS) are among the most concerning 
substances, comprising a large group of 15,000 human-made chemicals 
(USEPA, 2022) that have been detected worldwide in water (Crone 
et al., 2019; Kurwadkar et al., 2022), soil (Brusseau et al., 2020; Brus
seau and Guo, 2022), wildlife (Bangma et al., 2022; Evich et al., 2025), 
and even human blood (Bangma et al., 2022; Göckener et al., 2020; 
Poothong et al., 2020). These substances are synthetic organofluorine 
compounds characterized by carbon chains in which all (perfluoroalkyl) 
or some (polyfluoroalkyl) hydrogen atoms are replaced by fluorine 

atoms. These carbon–fluorine bonds are among the strongest known 
single covalent bonds, contributing to the chemical and thermal stability 
of PFAS (Buck et al., 2011; Glenn et al., 2021; Wang et al., 2017). Their 
pervasive and potentially hazardous nature has led to their categoriza
tion as one of the most pressing environmental health concerns of the 
21st century (Ng et al., 2021).

Since the 1940s, PFAS have been widely used in industrial and 
consumer products for their thermal stability, resistance to degradation, 
and hydrophobic and oleophobic properties (Cousins et al., 2019; 
Gaines, 2023; Malik et al., 2024). These substances, known as ‘forever 
chemicals’, resist natural degradation, making them difficult to detoxify 
or metabolize in biological systems (Manojkumar et al., 2023; Pelch 
et al., 2019). Consequently, these substances can accumulate and remain 
in the human body for approximately 3.8, 5.4 and 8.5 years for 
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perfluorooctanoic acid (PFOA), perfluorooctane sulfonate (PFOS), and 
perfluorohexanesulfonic acid (PFHxS), respectively, which underscores 
their potential for long-term bioaccumulation and associated health 
risks even after exposure has ceased (Olsen et al., 2007). These prop
erties have rendered them indispensable in different products, ranging 
from non-stick cookware to water-repellent textiles and firefighting 
foams (Podder et al., 2021). As a result, significantly high concentrations 
of PFAS have been found in different consumer items. Concentrations of 
perfluorohexanoic acid (PFHxA) ranging from < limit of detection 
(LOD) to 16,662 ng/g were found in smartwatch straps made from flu
oroelastomers (Wicks et al., 2024). These results underscore concerns 
regarding dermal exposure, a pathway that has received comparatively 
less attention than ingestion or inhalation. In cosmetics, PFAS are 
employed due to their water-repellent and film-forming properties. 
Whitehead et al. (2021) detected fluorine in over 52 % of waterproof 
masks, 63 % of liquid lipsticks, and 47 % of foundations, with PFAS 
concentrations between 22 and 10,500 ng/g. Additionally, menstrual 
hygiene products, such as tampons and sanitary pads, have received 
comparatively minimal attention in terms of their potential as sources of 
PFAS exposure. A study by Good and Charbonnet (2024) found PFAS in 
all tested menstrual underwear, including nonmenstrual organic cotton, 
with concentrations up to 1.69 ng/g. The highest PFAS levels were in 
outer crotch layers, with inner gussets also containing PFAS, indicating 
potential exposure routes.

The widespread use of PFAS in industrial and consumer products has 
led to their extensive release into various environmental compartments, 
including water sources. According to Podder et al. (2021), PFAS con
centrations in surface water systems have increased over the years 
worldwide (ng/L), with the predominance of perfluoroheptanoic acid 
(PFHpA) in Asia and China, while PFOA and PFOS are more prevalent in 
Europe and North America, respectively. In drinking water, PFAS have 
been detected across different countries worldwide (Heo et al., 2014; Li 
et al., 2021; Podder et al., 2021; Schwanz et al., 2016; Sörengård et al., 
2022; Sun et al., 2016), with concentrations ranging from 1.6 ng/L of 
PFOS in France (Schwanz et al., 2016) to 324 ng/L of perfluorobutane 
sulfonic acid (PFBS) in Cape Fear River, North Carolina, United States 
(Sun et al., 2016). Estimated average daily intakes of PFOS and PFOA 
through drinking water consumption are approximately 0.17 to 0.21 ng/ 
kg body weight per day, respectively (Gellrich et al., 2013). Also, in 
rivers, PFAS have been reported globally (An et al., 2023; Boiteux et al., 
2017; Lorenzo et al., 2016; Möller et al., 2010; Pétré et al., 2022), with 
concentrations ranging from 2.5 ng/L - PFOA in the Jiulong River and 
Xiamen Bay, China (An et al., 2023) to 742.9 ng/L – perfluorobutanoic 
acid (PFBA) in the Guadalquivir River, Spain (Lorenzo et al., 2016). 
Being seawater the ultimate global destination for PFAS, compounds 
such as PFBA, PFOA, perfluorononanoic acid (PFNA), and PFOS are 
generally the most prevalent. Reported concentrations of total PFAS in 
seawater (Chen et al., 2016; Hung et al., 2020; Muir and Miaz, 2021; 
Wang et al., 2019; Zhang et al., 2019) ranged from 660 pg/L in the 
northwest Atlantic margin (Zhang et al., 2019) to 99.8 ng/L in the Bohai 
Sea, China (Chen et al., 2016). In estuarine environments, concentra
tions ranged from 39.9 ng/L in the Maribyrnong River, Australia 
(Ackerman Grunfeld et al., 2024), to 209 ng/L in the Shuangtaizi Es
tuary, China (Shao et al., 2016). The accumulation of PFAS in aquatic 
organisms is a growing concern due to their persistence, bio
accumulation, and potential impact on wildlife and human health via 
the food web. Studies have reported PFAS levels in bivalves and fish 
across various regions (Cunha et al., 2005; Fair et al., 2019; Giari et al., 
2023; Young et al., 2022). For instance, the highest concentration re
ported was 126.4 ng/g PFOS in bleak (Alburnus alburnus), a sentinel 
species for quality control of rivers, from the river Po in Italy (Giari et al., 
2023), while the lowest was 4 μg/kg, reported for the sum of 20 PFAS 
(Σ20PFAS) in clams collected from the Washington, DC metropolitan 
area, which can be consumed by the human population, increasing the 
risk of bioaccumulation and toxicological effects (Young et al., 2022).

As PFAS are increasingly detected globally and in consumer 

products, regulatory frameworks are being introduced to address their 
widespread contamination, driven by growing awareness of their envi
ronmental persistence and potential health risks (Alazaiza et al., 2025). 
In the United States, the Environmental Protection Agency (USEPA) has 
introduced stringent measures under the Toxic Substances Control Act 
(TSCA) and the Safe Drinking Water Act (SDWA). The USEPA finalized 
the National Primary Drinking Water Regulation (NPDWR) in April 
2024, which mandates a maximum contaminant level (MCL) in drinking 
water for PFOS and PFOA at 4 ng/L. Additionally, MCLs have been set 
for four other PFAS compounds: ammonium perfluoro(2-methyl-3- 
oxahexanoate) (GenX - 10 ng/L); perfluorobutanesulfonic acid (PFBS - 
2 μg/L); PFNA - 10 ng/L; and PFHxS - 10 ng/L (USEPA, 2024). Before the 
implementation of the NPDWR, the USEPA had only regulated PFOS and 
PFOA, without establishing specific limits for other PFAS compounds or 
the total concentration of PFAS (USEPA, 2022). In contrast, the Euro
pean Union (EU) has set a regulatory standard that mandates partici
pating countries do not exceed a sum of 20 PFAS (Σ20PFAS) 
concentration of 500 ng/L in drinking water. Each of the 20 individual 
PFAS [PFBA; PFPeA, PFHxA; PFHpA; PFOA; PFNA; PFDA; PFUnDA; 
PFDoDA; PFTriDA; PFBS; PFPeS; PFHxS; PFHpS; PFOS; PFNS; PFDS; 
PFUnDS; PFDoDS and PFTrDS] must not exceed 100 ng/L (European 
Commission, 2024). The European Chemicals Agency (ECHA) has pro
posed a comprehensive ban on all PFAS by 2025, further emphasizing its 
commitment to addressing these chemicals. Additionally, the EU also 
introduced environmental quality standards for PFOS at 0.65 ng/L and 
PFOA at 1.1 ng/L in surface waters to protect aquatic ecosystems (ECHA, 
2024). Globally, Canada monitors and regulates PFAS emissions through 
the Environmental Protection Act, with a limit of 30 ng/L for the sum of 
25 PFAS (Σ25PFAS) and individual guidelines of 600 ng/L for PFOS and 
200 ng/L for PFOA. Australia’s National PFAS Position Statement sets 
action levels at 560 ng/L for PFOA and 70 ng/L for PFOS and GenX 
(Australia, 2024). Japan and Taiwan set drinking water limits for PFOS 
and PFOA at 50 ng/L, with Taiwan also establishing a 70 ng/L limit for 
GenX. As dietary intake is a primary PFAS exposure route, the European 
Food Safety Authority (EFSA) has updated its safety thresholds based on 
new scientific evidence. Initially, in 2008, EFSA established provisional 
tolerable daily intakes (TDIs) of 150 and 1500 ng⋅kg− 1 bw⋅day− 1 for 
PFOS and PFOA, respectively, based primarily on subchronic toxicity 
data from Cynomolgus monkeys (EFSA, 2008). However, as human 
epidemiological data availability increased, EFSA has re-evaluated these 
values. In 2018, new tolerable weekly intakes (TWIs) were proposed: 13 
and 6 ng⋅kg− 1 bw⋅week− 1 for PFOS and PFOA, respectively (Knutsen 
et al., 2018). Subsequently, in 2020, EFSA further consolidated these 
limits, establishing a combined TWI of 4.4 ng⋅kg− 1 bw⋅week− 1 for the 
sum of PFOS, PFOA, PFNA, and PFHxS, reflecting updated risk assess
ments and a more conservative approach to long-term health protection 
(Schrenk et al., 2020; Sinclair et al., 2020). As a consequence of public 
awareness and increasing legislation, the phase-out of legacy PFAS, such 
as PFOS and PFOA, has driven the adoption of alternative short-chain 
compounds, often referred to as emerging PFAS (e.g., GenX, PFBS, 
PFBA, PFHxS), which were designed to be less persistent in the envi
ronment (Ateia et al., 2019). However, research on these newer PFAS 
remains limited, and regulatory frameworks are still insufficient (Dean 
et al., 2020). Additionally, only a small proportion of the total PFAS 
released into the environment is routinely monitored (Dasu et al., 2022). 
Regulatory measures have led to a shift from long-chain to short-chain 
PFAS, which have fewer than seven carbon atoms. While short-chain 
PFAS are less bioaccumulative due to higher water solubility, their 
persistence in aquatic systems and potential for widespread dispersion 
raise concerns about long-term environmental and health impacts 
(Gewurtz et al., 2019; Mumtaz et al., 2019). For instance, PFBA has been 
used as a substitute for PFOA (Wang et al., 2024), and PFBS has replaced 
PFOS (Olsen et al., 2007, 2009) due to its shorter half-life in the envi
ronment. These compounds have been extensively detected in drinking 
water, sediments, sewage sludge, and even polar ice (Cai et al., 2012; 
Möller et al., 2010; Sun et al., 2016; Yan et al., 2012; Zhou et al., 2013). 
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In Xiaolangdi, China, short-chain PFAS accounted for up to 89 % of the 
total PFAS present in the aquatic environment, highlighting their 
prevalence (Zhao et al., 2016). Moreover, certain short-chain PFAS, like 
perfluorohexanoic acid (PFHxA) and PFHpA, may pose toxicological 
risks similar to PFOA (Apelberg et al., 2007; Du et al., 2015; Li et al., 
2020). Their lower adsorption and high mobility in groundwater and 
soils lead to persistent environmental contamination. The ECHA pro
posed adding PFHxA to Article 57 of Regulation 1907/2006, high
lighting its persistence despite mobility. While regulatory guidelines for 
short-chain PFAS are still developing, their widespread presence and 
concerning properties call for prompt action (Brendel et al., 2018).

Due to their widespread presence and potential risks, short-chain 
PFAS, though marketed as safer, may still pose environmental and 
toxicological threats, underscoring the need for deeper biological un
derstanding. Therefore, this study aimed to compare the biochemical 
impacts induced by emerging (PFBA, PFBS, GenX, PFHxS) and classic 
(PFOA, PFOS, PFNA) PFAS, using S9 subcellular fractions (containing 
cytosolic enzymes) derived from the digestive gland and gills of mussels 
Mytilus galloprovincialis. Gills and digestive gland are commonly selected 
in biomonitoring studies with mussels, as they represent key target tis
sues for pollutant uptake and bioaccumulation, respectively, reflecting 
both immediate exposure and chronic effects. This research aims to 
compare the toxicological profiles of PFAS, assess their potential to 
disrupt enzymatic processes, and explore their environmental implica
tions, contributing to the growing body of knowledge and informing 
regulatory strategies.

2. Materials and methods

2.1. Chemicals

The following PFAS compounds were acquired from SIGMA 
(Table 1): Emerging - heptafluorobutyric acid (PFBA, CAS number 
375–22-4), nonafluorobutane-1-sulfonic acid (PFBS, CAS number 
375–73-5), ammonium Perfluoro (2-methyl-3-oxahexanoate) (GenX, 
CAS number 62037–80-3) and perfluorohexanesulfonic acid (PFHxS, 
CAS number 355–46-4). These substances are classified as emerging due 
to their recent development and introduction as alternatives to tradi
tional PFAS, primarily because of their shorter carbon chain lengths, 
which are assumed to reduce bioaccumulation and environmental 
persistence. Legacy - perfluorooctane sulfonic acid (PFOS, CAS number 
1763-23-1), perfluorooctanoic acid (PFOA, CAS number 335–67-1), and 

perfluorononanoic acid (PFNA, CAS number 375–95-1). These com
pounds were widely used in the past but have been largely phased out 
due to their persistence in the environment and potential toxicological 
risks. However, they may still be of limited use and may still be present 
in legacy products and in the environment.

To prepare the primary stock solutions, each PFAS was dissolved in 
methanol, except for PFBA and PFBS, which were dissolved in distilled 
water. The stock solutions were made at a concentration of 200 mg/L 
and then diluted 10× with distilled water. Then, further serial dilutions 
were performed to obtain final concentrations of 1000, 100, 10, and 1 
μg/L for use in the reaction mixtures, as described in section 2.2. The 
concentrations used in these tests (0.1; 1.0; 10.0 and 100.0 μg/L) were 
chosen considering several factors: European Union guidelines for 
drinking water quality (100–500 ng/L) as referenced by Dettori et al. 
(2022), environmental levels previously detected in monitoring studies 
(Bonato et al., 2020; Brusseau and Guo, 2022; Paige et al., 2024; Pétré 
et al., 2022; Sinclair et al., 2020; Zarębska et al., 2024), and concen
trations demonstrated to impact marine invertebrates under controlled 
laboratory conditions (Bernardini et al., 2021; Copeto et al., 2024; 
Fabbri et al., 2014; Liu and Gin, 2018). A solvent control was included to 
ensure that the final methanol concentration did not affect the biological 
responses, confirming that biochemical changes were due solely to PFAS 
exposure. According to OECD guidelines, the methanol concentration in 
the test medium should be kept below 0.01 %. However, a single con
centration of 0.05 % was tested, as it was required for preparing the 100 
μg/L solution (OECD, 2019).

2.2. In vitro assays

Specimens of the mussel’s species Mytilus galloprovincialis (shell 
length: 60.0 ± 3.0 mm; width: 33.0 ± 2.3 mm) were collected in the Ria 
de Aveiro coastal lagoon (Portugal) in September 2024. Afterwards, 
mussels were transported to the laboratory and maintained under 
controlled conditions (17 ± 1 ◦C and 30 ± 1 salinity) for two weeks to 
facilitate acclimation and depuration. During this period, mussels were 
fed daily with a mixture of three algae (Phaeodactylum sp., Tetraselmis sp. 
and Isochrysis galbana 1:1:1). M. galloprovincialis was selected for this 
study due to its well-established role as a sentinel species in environ
mental monitoring. It has been extensively utilized in ecotoxicological 
research as a bioindicator of various classes of pollutants, including 
trace metals, organic contaminants, and emerging substances (Chahouri 
et al., 2023; Chiarelli and Roccheri, 2014; Kanduč et al., 2011; 

Table 1 
Overview of Per- and Polyfluoroalkyl Substances (PFAS) Tested and Corresponding Chemical Specifications. For each PFAS compound, the following information is 
shown: short name, Chemical Abstracts Service (CAS) number, molecular formula, number of fully fluorinated carbon atoms and chemical structure.

Compound Short name CAS Molecular formula Fluorinated carbons Chemical structure

Heptafluorobutyric acid PFBA 375–22-4 C3F7COOH 3

Nonafluorobutane-1-sulfonic acid PFBS 375–73-5 C4F9HF9O3SH 4

Ammonium Perfluoro(2-methyl-3-oxahexanoate) GenX 62,037–80-3 C6H4F11NO3 5

Perfluorohexanesulfonic acid PFHxS 355–46-4 C6F13SO3H 6

Perfluorooctane sulfonic acid PFOS 335–67-1 C8F17SO3H 8

Perfluorooctanoic acid PFOA 376–06-7 C8HF15O2 7

Perfluorononanoic acid PFNA 375–95-1 C8F17COOH 8
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Tresnakova et al., 2023). After acclimation, mussels were dissected, and 
the digestive gland (DG) and gills (G) of 40 individuals were harvested, 
yielding eight tissue pools (four pools of 10 DG and four pools of 10 G). 
Subsequently, these pools were homogenized with phosphate buffer 
(K2HPO4, 0.1 M, pH 8.2) at a 1:2 (w/v) ratio using a Potter Elvehjem 
homogenizer. The homogenates were then centrifuged at 10,000 g for 
20 min at 4 ◦C, and the resulting supernatants (S9 fractions, which 
contain cytosolic enzymes) were collected, aliquoted, and stored at 
− 80 ◦C for further analysis. Before in vitro exposures, the protein (PROT) 
concentration was determined to prevent enzyme saturation and ensure 
precise enzyme kinetics. The S9 fractions were diluted to 1 mg/mL PROT 
(obtained by diluting the supernatants in 0.1 M K2HPO4, pH 8.2), 
following OECD No. 319B guidelines (OECD, 2018), except for tests 

assessing total antioxidant capacity (TAC) and lipid peroxidation (LPO) 
levels. For these parameters, the samples were not standardized to PROT 
concentration, as they reflect contents rather than enzyme activity. S9 
fractions of DG and G tissues were isolated, and four replicates of each 
pool of tissue were exposed to four concentrations of each PFAS (0.1; 
1.0; 10.0 and 100.0 μg/L) in addition to the control (CTL – without 
PFAS) and the solvent control (CTL methanol) for 30 min. After the 30 
min exposure at 25 ± 1 ◦C on an orbital shaker (1200 rpm), biochemical 
measurements were performed as described in section 2.3 and in 
Table 2. The incubation conditions (PROT concentration, duration, and 
temperature) were chosen based on prior research (Giannessi et al., 
2023; Vieira Sanches et al., 2023), which indicated that these conditions 
are effective for evaluating enzymatic activity in in vitro models. These 

Table 2 
The Biochemical parameters evaluated, the respective function, the methodology applied, spectrophotometric readings, extinction coefficient/standard, the expression 
units and the respective reference.

Biochemical 
Parameter

Function Methodology applied Spectrophotometric 
readings (nm)

Extinction 
coefficient 
(M− 1 cm− 1) / 
Standard

Expression Units Reference

PROT Structural component 
/ Energy reserve

The biuret assay was performed using bovine 
serum albumin (BSA) as the standard. In this 
technique, copper(II) ions in the Biuret reagent 
interact with peptide bonds in amino acids 
under alkaline conditions to form a 
coordination complex. This reaction results in a 
colour change from blue to purple, indicating 
the presence of proteins.

540 - / 0–40 mg/L mg/g FW Robinson and 
Hogden, 1940

SOD Antioxidant enzyme This assay is based on the ability of Cu–Zn SOD 
to inhibit pyrogallol autoxidation.Under 
alkaline conditions (pH 8.2) and in the presence 
of EDTA, approximately 50 % of pyrogallol 
undergoes autoxidation.The extent of inhibition 
by SOD serves as a quantitative indicator of 
enzymatic activity, reflecting its role in 
superoxide radical dismutation.

560 – U/mg PROT, 
U represents a 
inhibition of 50 % 
of pyrogallol 
autoxidation

Magnani et al., 
2000

CAT Antioxidant enzyme The CAT activity assay is based on the enzyme’s 
ability to catalyze the decomposition of H₂O₂ 
into H₂O and O₂. After the addition of 30 mM 
H₂O₂, the reaction is monitored 
spectrophotometrically by measuring the 
decrease in absorbance during 2 min. The rate 
of absorbance reduction directly correlates with 
the activity of CAT.

240 43.5 / - U/mg PROT, 
U represents the 
μmol of H2O2 
consumed per min

Aebi, 1984

TAC Antioxidant 
content

The TAC levels is a method of measuring the 
antioxidant capacity by assessing its ability to 
reduce ferric ions (Fe3+) to ferrous ions (Fe2+). 
This reduction process leads to the formation of 
a blue-coloured complex, known as the ferrous- 
tripyridyltriazine, which can be measured 
quantitatively using spectrophotometry.

593 0–1000 μM / - μmol/g FW Benzie and Strain, 
1996 and adapted 
by Hagger et al., 
2005

CbEs Phase I 
biotransformation

P-nitrophenyl butyrate (pNPB) was utilized as 
the substrate for this reaction. The hydrolysis 
rate of pNPB was measured over a 5 min period 
in order to ascertain CbEs enzyme activity.

405 18,000 nmol/min/mg 
PROT

Hosokawa and 
Satoh, 2001 and 
adapted by Solé 
et al., 2018

GSTs Phase II 
biotransformation

In this protocol, GSTs catalyze the conjugation 
of 1-chloro-2,4-dinitrobenzene (CDNB) with the 
thiol group of reduced glutathione (GSH), 
resulting in the formation of a thioether. The 
increase in absorbance is monitored for 5 min, 
with the rate of absorbance change directly 
proportional to the GSTs activity.

340 9600 nmol/min/mg 
PROT

Habig et al., 1974
adapted by 
Carregosa et al., 
2014

LPO Cellular damage Thiobarbituric acid reactive substances 
(TBARS), formed through the interaction of 
LPO by-products, specifically malondialdehyde 
(MDA), with 2-thiobarbituric acid (TBA), were 
utilized to spectrophotometrically assess the 
levels of LPO.

532 156,000 nmol MDA/g FW Ohkawa et al., 
1979

AChE Neurotransmission Acetylthiocholine iodide (ATChI) was utilized 
as the substrate in the enzymatic reaction, 
resulting in the production of thiocoline. Upon 
the addition of Ellman’s reagent (DTNB), the 
dianion of 5-thio-2-nitrobenzoic acid (TNB) is 
generated.

412 13,600 nmol/min/mg 
PROT

Ellman et al., 
1961 and adapted 
by Mennillo et al., 
2017
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studies identified that a 30 min exposure at 25 ◦C with 1 mg of PROT 
resulted in the highest enzyme activity and substrate transformation 
rates. Moreover, these studies showed no significant differences in the 
analyzed parameters when comparing exposure times of 30 and 60 min.

2.3. Biochemical parameters

To evaluate the biochemical alterations triggered in mussels’ organs 
following exposure to seven PFAS (PFBA, PFBS, GenX, PFHxS, PFOS, 
PFOA and PFNA), a set of biochemical parameters was employed as 
biomarkers (Table 2). These parameters encompassed: i) antioxidant 
enzyme activities, specifically superoxide dismutase (SOD) and catalase 
(CAT) activities and total antioxidant capacity (TAC); ii) biotransfor
mation enzyme activities, such as carboxylesterases (CbEs) and gluta
thione S-transferases (GSTs); iii) cellular damage, measuring levels of 
lipid peroxidation (LPO) and iv) neurotransmission, by measuring the 
activity of the enzyme acetylcholinesterase (AChE). The quantification 
of PROT content to a standardized working protein concentration of 1 
mg/mL for in vitro assays was carried out (results expressed in mg/mL).

2.4. Data analysis

2.4.1. Statistical analyses
The statistical analysis of biochemical parameters (SOD, CAT, TAC, 

CbEs, GSTs, LPO and AChE) for all replicates (n = 4, 10 mussels per 
replicate, tissue, and PFAS concentration) was performed using a non- 
parametric permutational multivariate analysis of variance (PERMA
NOVA). This analysis was conducted with the PRIMER v7 software, 
incorporating the PERMANOVA extension (Anderson et al., 2008). 
Initially, the data were square root transformed, followed by the crea
tion of a resemblance matrix based on euclidean distances, chosen to 
accommodate the different units in the biochemical measurements. The 
matrix was analyzed using type III sums of squares with unrestricted 
permutation of the raw data across 9999 permutations. A p-value of 
<0.05 was considered statistically significant and the following three 
null hypotheses were tested for each organ: i) no significant differences 
among different concentrations of each PFAS in each organ (if rejected, 
significant differences are highlighted with lower case letters in figures); 
ii) no significant differences compared to control condition (if rejected, 
significant differences are highlighted with an asterisk in figures); iii) no 
significant differences among PFAS for each concentration (if rejected, 
significant differences are highlighted by bold p-values in supplemen
tary material (SM) Tables 1 and 2.

2.4.2. Integrated biological response (IBR) index
The Integrated Biomarker Response index, version 2 (IBR v2), was 

employed to integrate the data from all measured biochemical param
eters and to illustrate the overall biochemical response patterns in S9 
fractions of M. galloprovincialis DG and G subjected to different PFAS 
(PFBA; PFBS; GenX; PFHxS; PFOS; PFOA; PFNA) at different concen
trations (0.1; 1; 10; 100 μg/L). This approach, originally developed by 
Beliaeff and Burgeot (2002) and later adapted by Sanchez et al. (2013), 
was used to compare biochemical variations between mussels’ organs 
exposed to different concentrations of PFAS, relative to the control (CTL) 
group (0 μg/L). To normalize the data and reduce variability, a loga
rithmic transformation (Yi) was applied using the formula Yi = log(Xi / 
X0), where Xi represents the biomarker value for a given treatment, and 
X0 denotes the average value from the CTL group. The transformed data 
were then standardized using Zi = (Yi – μ) / σ, with μ and σ corre
sponding to the overall mean and standard deviation of Yi, respectively. 
A deviation index (A = Zi – Z0) was calculated to center the data around 
zero, thereby emphasizing deviations relative to the CTL condition. The 
final IBR score was obtained by summing the absolute values of A (IBR 
v2 = Σ|A|), with results visually presented in Figs. 5 and 6, where the bar 
graph was used to show the final IBR score for all treatments and the 
radar plots illustrate the contribution of each biomarker to the overall 

IBR score.

2.4.3. Non-metric multidimensional scaling (nMDS)
The biochemical data for each concentration for each PFAS was used 

to calculate the average for each PFAS and then analyzed using ordi
nation techniques, specifically Non-metric Multidimensional Scaling 
(nMDS), carried out using PRIMER v7 software. A distance matrix was 
created using Euclidean distance, which was then normalized for the 
analysis. The resulting two-dimensional plot (with horizontal and ver
tical axes) included a stress value that reflects the accuracy of the 
multidimensional representation (Clarke et al., 2001). A stress value 
below 0.10 indicates a very good fit, while values above 0.30 suggest 
that the plot does not accurately represent the distance matrix (Clarke 
et al., 2001). Vectors from biochemical data were included in the nMDS 
analysis by Pearson correlation that had a correlation value exceeding 
0.25.

3. Results

3.1. Biochemical parameters

3.1.1. Antioxidant defenses
In digestive gland (DG), for each PFAS, significant differences in SOD 

activity among concentrations were found for all PFAS except for PFHxS 
and PFOA. At 1 μg/L, PFBA and GenX showed significantly lower ac
tivity compared to the remaining concentrations, while PFBS, PFOS, and 
PFNA showed significantly reduced activity at 10 and 100 μg/L, 
compared to the remaining concentrations. In gills (G), among concen
trations in each PFAS, at 1 μg/L of PFBS and GenX, at 10 and 100 μg/L of 
PFBA and PFNA and at 100 μg/L of PFOS there was a significantly lower 
activity compared to other concentrations (Fig. 1A). Compared to CTL in 
DG, PFBS at 0.1 and 1 μg/L induced significantly higher SOD activity, 
while PFBA (0.1 μg/L), GenX (1 μg/L), PFOS (100 μg/L), PFNA (10 and 
100 μg/L), PFHxS and PFOA at all concentrations showed significantly 
lower activity (Fig. 1A). In G, SOD activity was significantly lower than 
CTL across all concentrations of PFHxS, PFOS, PFOA, and PFNA, 
whereas PFBA induced a significant increase regardless of the concen
tration tested (Fig. 1A). In DG, at each concentration, comparisons be
tween PFAS, showed a significant increase in SOD activity for PFBS, 
compared to the other PFAS (Table 1SM). For G, SOD activity was 
significantly higher in PFBA and GenX across all concentrations, espe
cially in comparisons against PFHxS, PFOS, and PFOA (Table 2SM).

Regarding CAT activity in DG, significantly lower and higher activ
ities compared to other concentrations were observed at 100 μg/L for 
GenX and 10 μg/L for PFBS, respectively. In G, PFBS showed signifi
cantly higher CAT activity at 10 μg/L, whereas significantly lower ac
tivity was detected for PFHxS (10 μg/L) and PFOS (1, 10, 100 μg/L) 
(Fig. 1B). Compared to CTL, for each PFAS and concentration, signifi
cantly higher activity was found in DG only at 10 μg/L for PFNA and in G 
at 100 μg/L for GenX (Fig. 1B). Comparisons between PFAS for each 
concentration in DG, at 10 and 100 μg/L, significantly higher activity 
was detected for PFNA in comparison with PFBA and GenX (Table 1SM). 
In G, in general, significantly higher activity of CAT was observed at 
higher concentrations (10 and 100 μg/L), particularly in PFBS and GenX, 
compared to PFHxS and PFOS (Table 2SM).

The levels of TAC, in DG, showed a significant decrease for PFOA at 
concentrations of 10 and 100 μg/L, while no significant differences were 
observed for other PFAS across concentrations. In G, no significant dif
ferences were found among concentrations, regardless of the PFAS 
(Fig. 1C). Compared with the CTL values in DG, PFBA, PFBS, and GenX 
showed significantly lower levels regardless of the concentration, while 
in the G, no significant differences were found compared to the CTL 
(Fig. 1C). Comparing PFAS at different concentrations, TAC levels were 
significantly lower in PFBA, especially at lower concentrations, when 
compared to PFOS, PFOA and PFNA. Moreover, in DG, at the higher 
concentrations (100 μg/L), PFOA demonstrated a significant decrease in 
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Fig. 1. A: Superoxide Dismutase (SOD) activity; B: Catalase (CAT) activity; C: Total Antioxidant Capacity (TAC) of S9 Mytilus galloprovincialis digestive gland and 
gills exposed to different treatments (CTL; PFBA; PFBS; GenX; PFHxS; PFOS; PFOA and PFNA) at different concentrations (0.1; 1.0; 10 and 100ng/L). Results are 
reported as mean + SD. Significant differences (p < 0.05) among different concentrations of the same PFAS are indicated by different letters and compared to the CTL 
by an asterisk (*). N = 4, corresponding to 10 mussels per pool per tissue.
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TAC in comparison with PFOS and PFNA (Table 1SM). In G, there were 
no significant differences in TAC across all treatments and concentra
tions (Table 2SM).

3.1.2. Detoxification enzyme activities
In DG, the activity of CbEs showed no significant differences among 

concentrations, regardless of the PFAS. In G, PFBS showed significantly 
higher activity at 100 μg/L compared to 1 and 10 μg/L (Fig. 2A). In DG, 
compared to the CTL, no significant differences were found regardless of 
the PFAS and concentration tested, while in G, significantly lower ac
tivity was detected for PFBA and PFHxS concentrations, and higher 
activity for GenX concentrations (Fig. 2A). Comparing different PFAS at 
each concentration, in the DG, CbEs activity showed a significant inhi
bition of PFHxS and PFOA at the higher concentration compared to 
PFNA (Table 1SM). In G, significantly lower activity in PFBA and PFHxS 
was observed at the lower concentrations (0.1 and 1 μg/L) compared to 
the remaining PFAS, and a significantly higher activity in GenX across 
all PFAS at each concentration (Table 2SM).

In relation to the activity of GSTs, no significant differences were 
observed among concentrations, regardless of the organ and the PFAS 
(Fig. 2B). In DG, compared to CTL with each PFAS concentration, PFHxS 
at 0.1 and 100 μg/L and PFNA at 0.1, 1, 100 μg/L showed significantly 
lower activity, and the same trend was detected in G for PFOS at 1, 10 
and 100 μg/L and PFNA at 1 μg/L (Fig. 2B). Comparing the concentra
tions of different PFAS in DG, PFBS exhibited significantly higher ac
tivity compared to PFHxS, PFOA and PFNA (Table 1SM). The results 
demonstrated that G exhibited significantly higher GSTs activity in the 

presence of PFBA in comparison to PFOS and PFNA, regardless of the 
concentration (Table 2SM).

3.1.3. Cellular damage
In DG and G, there were no significant differences in the LPO levels 

among concentrations regardless of the PFAS (Fig. 3). For each PFAS, 
comparing each concentration with CTL, no significant differences were 
observed in DG. Conversely, in G, PFOA showed significantly lower 
levels regardless of the concentration (Fig. 3). Comparisons between 
PFAS at each concentration, in DG, the LPO levels showed significantly 
higher levels in PFOS in comparison with GenX, PFHxS and PFOA 
(Table 1SM). In G, all tested concentrations of PFOA exhibited signifi
cantly lower LPO levels in comparison with the remaining PFAS. 
Furthermore, mussels exposed to GenX showed significantly higher LPO 
levels than mussels exposed to PFBA and PFHxS, regardless of the con
centration tested (Table 2SM).

3.1.4. Neurotransmission
The activity of AChE, in DG, for each PFAS among concentrations 

was significantly higher for GenX, PFOS and PFNA at 10 μg/L, PFHxS at 
10 and 100 μg/L and for PFOA at 100 μg/L, while in PFBS at 1 μg/L the 
activity was significantly lower. In G, for each PFAS among concentra
tions, PFBA at 100 μg/L, PFHxS at 1, 10 and 100 μg/L and PFNA at 10 
and 100 μg/L showed significantly lower activity (Fig. 4). For each 
PFAS, comparing all concentrations compared with CTL, in the DG, the 
activity of AChE was significantly lower in PFBS at 1 μg/L and PFOS at 
0.1 and 1 μg/L and significantly higher in PFBA, GenX at 10 μg/L, PFOS 

Fig. 2. A: Carboxylesterase (CbEs) activity; B: Glutathione S-transferases (GSTs) activity of S9 Mytilus galloprovincialis digestive gland and gills exposed to different 
treatments (CTL; PFBA; PFBS; GenX; PFHxS; PFOS; PFOA and PFNA) at different concentrations (0.1; 1.0; 10 and 100ng/L). Results are reported as mean + SD. 
Significant differences (p < 0.05) among different concentrations of the same PFAS are indicated by different letters and compared to the CTL by an asterisk (*). N =
4, corresponding to 10 mussels per pool per tissue.
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at 10 μg/L, PFOA at 0.1, 1 and 10 μg/L and PFNA at 10 μg/L. In G, 
significantly lower activity was found in PFBA at 1 μg/L, GenX at all 
concentrations, PFHxS at 100 μg/L, while significantly higher activity 
was found in PFNA at 1 μg/L (Fig. 4). In DG, comparing different PFAS 
for each concentration, PFHxS and PFOS at lower concentrations (0.1 
and 1 μg/L) showed significant inhibition in comparison with PFBA and 
PFOA. At the highest concentration, PFOA exhibited a significant in
crease in AChE activity in comparison to the remaining PFAS 
(Table 1SM). In G, AChE activity was significantly lower across con
centrations between PFAS, with GenX and PFBA frequently differing 
from PFOS, PFHxS, PFOA, and PFNA, especially at 10 and 100 μg/L 
(Table 2SM).

3.1.5. Solvent control
Among the biochemical parameters, 0.05 % methanol exhibited no 

significant differences in the DG and G compared to the CTL 
(Table 3SM).

3.2. Multivariate analysis

3.2.1. Integrated biomarker response (IBR) index
According to the IBR v2, DG exposed to emerging PFAS – PFBA, 

PFBS, GenX and PFHxS - achieved the highest values corresponding to 
5.9, 4.5, 5.4 and 4.8, respectively. This indicates a more pronounced 
effect of DG in the presence of emerging PFAS compared to legacy, 
PFOS, PFOA and PFNA, which achieved lower IBR v2 values corre
sponding to 3.5, 4.2 and 4.3, respectively (Fig. 6). From the radar plot, 
higher IBR values in emerging PFAS were due to the increase of the 
activities of AChE, SOD (especially PFBA), CAT (especially PFBS and 
PFHxS), GSTs (especially PFBS), and a decrease of TAC and LPO 
(especially for GenX and PFHxS) levels. For legacy PFAS, the score was 
due to an increase in AChE activity in the presence of PFOS and PFOA, 
an increase in CAT and CbEs activities in PFOS and PFNA, and an in
crease in LPO levels in PFOS (Fig. 5). In G, IBR v2 values were similar 
among PFAS (IBR v2 between 4.9 and 5.5), except for PFBS, which 

Fig. 3. Lipid peroxidation (LPO) levels of S9 Mytilus galloprovincialis digestive gland and gills exposed to different treatments (CTL; PFBA; PFBS; GenX; PFHxS; PFOS; 
PFOA and PFNA) at different concentrations (0.1; 1.0; 10 and 100ng/L). Results are reported as mean + SD. Significant differences (p < 0.05) among different 
concentrations of the same PFAS are indicated by different letters and compared to the CTL by an asterisk (*). N = 4, corresponding to 10 mussels per pool per tissue.

Fig. 4. Acetylcholinesterase (AChE) activity of S9 Mytilus galloprovincialis digestive gland and gills exposed to different treatments (CTL; PFBA; PFBS; GenX; PFHxS; 
PFOS; PFOA and PFNA) at different concentrations (0.1; 1.0; 10 and 100ng/L). Results are reported as mean + SD. Significant differences (p < 0.05) among different 
concentrations of the same PFAS are indicated by different letters and compared to the CTL by an asterisk (*). N = 4, corresponding to 10 mussels per pool per tissue.
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Fig. 5. Integrated Biomarker Response (IBR v2) index for each PFAS in comparison to control considering all biochemical parameters used on S9 Mytilus gallo
provincialis digestive gland after in vitro exposure to different concentrations (0.1; 1; 10; 100 μg/L). The biomarker quantified for uncontaminanted digestive gland 
(control treatment) was considered for the reference line. SOD = Superoxide dismutase activity; CAT = Catalase activity; TAC = Total Antioxidant Capacity; CbEs =
Carboxylesterases activity; GSTs = Glutathione S-transferases activity; LPO = Lipid peroxidation levels and AChE = Acetylcholinesterase activity. The black dashed 
line corresponds to control while the different dashed patterns relate to each concentration in each IBR related PFAS.
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showed the lowest value (IBR v2 = 1.8). The radar plot revealed that 
PFBS exhibited a pronounced inhibition of AChE activity, a trend that 
was also observed for PFBA and GenX. However, an increase in activity 
was only noted in PFHxS at a concentration of 0.1 μg/L. Furthermore, 
PFBA demonstrated an increase in SOD activity, a decrease in TAC levels 
and CbEs activity, a similar effect to that observed for PFHxS, while 
GenX showed an induction of CbEs activity (Fig. 7). Concerning legacy 
PFAS, the graphical representation obtained demonstrated a similar 
pattern between PFOS, PFOA and PFNA. This pattern included an in
crease in CbEs activity, an increase in AChE activity, especially in PFOA 
and PFNA, an inhibition of GSTs activity, especially in PFOS and PFNA, 
and an increase and decrease in LPO levels, respectively, in PFNA and 
PFOA (Fig. 6).

3.2.2. Non-metric multidimensional scaling (nMDS)
The nMDS provided a two-dimensional ordination of experimental 

results, highlighting 2 main clusters, one with emerging and ther with 
legacy PFAS. In DG, a more pronounced dispersion was detected for 
emerging PFAS compared to the G, with PFHxS and PFBS furthest apart 
and PFBA and GenX closest together, thus showing a greater variability 
of responses than in the G. In contrast, this pattern was not observed in 
the G, where the emerging PFAS exhibited a more clustered distribution, 
suggesting lower variability in their effects. Conversely, legacy PFAS 
displayed a smaller difference in dispersion between the DG and G, 
indicating a more consistent mode of action across both organs (Figs. 7A 
and B).

The nMDS results for the DG showed that CTL, PFOS, PFNA, PFHxS, 
PFBS, and PFOA, GenX, PFBA, are on the positive and negative, 
respectively, side of the nMDS1 axis. In the axis of the nMDS2, GenX, 
PFBS, PFOS, PFNA, and PFBA, PFOA, PFHxS, and CTL are located on the 
positive and negative sides, respectively (Fig. 7A). A positive correlation 
with the negative axis of nMDS1 was associated with the SOD and AChE 
activities and PFBA and GenX. Conversely, PFBS and GSTs activity 
exhibited a positive correlation along the positive axis of the nMDS2, 
while PFHxS and this enzyme demonstrated a positive correlation along 
the negative axis of the nMDS2. Furthermore, it is evident that PFNA (a 
legacy PFAS), as well as TAC and CAT activity, demonstrated a positive 
correlation placed in the positive axis of nMDS1. In contrast, PFOS, CbEs 
activity and LPO levels showed a positive correlation that was placed on 
the positive axis of nMDS2 (Fig. 7A).

Regarding G, PFBA, PFBS, CTL, GenX, and PFHxS, PFOA, PFOS, and 
PFNA are on the positive and negative, respectively, sides of the nMDS1 
axis. In respect of nMDS2, PFOS, PFOA, PFHxS, PFBA, GenX, and PFBS, 
PFNA, CTL are on the positive and negative sides, respectively, of the 
axis (Fig. 7B). The activity of SOD and PC levels exhibited a positive 
correlation, situated on the positive axis of nMDS2 with PFBA. 
Conversely, GSTs activity and GenX demonstrated a positive correlation, 
positioned on the positive axis of nMDS1. The activity of CAT and CbEs 
showed a positive correlation on the positive axis of nMDS1 with PFBS, 
while LPO and TAC levels showed a positive correlation with CTL on the 
negative axis of nMDS2. The legacy PFAS (PFOA, PFOS and PFNA) and 
AChE activity demonstrated a strong correlation, situated on the nega
tive axis of nMDS1 (Fig. 7B).

4. Discussion

This study addressed critical knowledge gaps by employing in vitro 
assays to compare the biochemical interactions of legacy and emerging 
PFAS in the digestive gland (DG) and gills (G) of Mytilus galloprovincialis, 
a sentinel species widely used in environmental toxicology. The findings 
provide novel evidence of the capacity of both PFAS groups to disrupt 
key mechanisms involved in oxidative stress response, detoxification, 
and cellular homeostasis. These insights enhance the current under
standing of PFAS toxicity and highlight the relevance of tissue-specific 
analyses in evaluating the environmental risks posed by structurally 
diverse PFAS compounds.

4.1. Legacy and emerging PFAS: Toxicological profiles

The present study revealed significant differences in the toxicological 
effects of legacy (PFOS, PFOA, PFNA) and emerging (GenX, PFBA, PFBS, 
PFHxS) PFAS in both tissue types under study. Multivariate analysis 
results revealed two distinct groups of PFAS: one including the emerging 
compounds (GenX, PFBA, PFBS, PFHxS) and another one, the legacy 
compounds (PFOS, PFOA, PFNA). This grouping is particularly evident 
for DG, where the IBR v2 index indicates markedly higher biological 
disturbance for several emerging compounds, particularly PFAS. The 
multivariate analysis further revealed a greater dispersion of emerging 
PFAS compared to legacy compounds in DG. This pattern suggests that 
emerging PFAS elicit more variable and pronounced biochemical re
sponses in this tissue. Conversely, such differentiation between PFAS 
types is less pronounced in the G. In this organ, the IBR v2 values 
demonstrate greater homogeneity across both emerging and legacy 
compounds, suggesting a more uniform biological impact. Similarly, the 
multivariate analysis conducted with the G responses demonstrated a 
reduced degree of dispersion among PFAS treatments, thereby indi
cating that both groups elicit more analogous biochemical response 
profiles in this organ. This discrepancy between tissues may be attrib
uted to differences in physiological roles, exposure pathways, or meta
bolic capacities. The DG, as a central organ responsible for the processes 
of detoxification and metabolism, may exhibit greater specificity and 
sensitivity to the chemical nature of PFAS, resulting in a more diverse 
range of responses. Conversely, the G, being in direct contact with the 
external aquatic environment, may respond more uniformly regardless 
of PFAS class, possibly due to consistent exposure dynamics or limited 
metabolic differentiation among compounds. Comparable patterns were 
reported by Pereira et al. (2025) and Giannessi et al. (2023), where in 
vitro exposures of S9 subcellular fractions of M. galloprovincialis G and 
DG to pharmaceutical compounds (gentamicin/diclofenac and veteri
nary fluoroquinolones, respectively) demonstrated that the DG exhibi
ted a broader and more heterogeneous response profile across different 
contaminants and concentrations, as evidenced by principal coordinate 
ordination (PCO) analyses.

4.2. Tissue-specific biochemical responses to emerging and legacy PFAS

In this study, the discussion of PFAS-induced biochemical effects is 
structured according to the functional relevance and susceptibility of the 
analyzed tissues. The DG is addressed first, as it plays a central role in 
metabolism and detoxification processes and is often recognized as a 
primary and legacy target of environmental contaminants. Subse
quently, the focus shifts to the G, a key interface tissue involved in gas 
exchange and directly exposed to the surrounding aquatic environment. 
This sequential approach allows for a clearer understanding of the 
tissue-specific nature of PFAS toxicity and facilitates a comparative 
interpretation of the observed biochemical responses.

4.2.1. Digestive gland
In the DG, the present study has demonstrated that exposure to 

emerging PFAS was associated with an increase in acetylcholinesterase 
(AChE) activity. This general upregulation suggests that these sub
stances may interfere with cholinergic signaling pathways beyond the 
nervous system, potentially impacting physiological processes within 
the digestive tissues. Although AChE is traditionally recognized for its 
role in terminating synaptic transmission by hydrolyzing acetylcholine 
in neuronal tissues, its presence and regulation in non-neuronal sites, 
such as DG, are increasingly understood to be involved in modulating 
cell proliferation, differentiation, and immune or digestive functions 
(Faggio et al., 2018). Among the emerging PFAS tested, PFBA, GenX, 
and PFHxS induced particularly marked elevations in AChE activity, 
implying a strong perturbation of cholinergic-like mechanisms or 
cellular signaling pathways within the tissue. This response may be 
indicative of a compensatory or adaptive mechanism triggered by PFAS- 
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Fig. 6. Integrated Biomarker Response (IBR v2) index for each PFAS in comparison to control considering all biochemical parameters used on S9 Mytilus gallo
provincialis gills after in vitro exposure to different concentrations (0.1; 1; 10; 100 μg/L). The biomarker quantified for uncontaminated gills (control treatment) was 
considered for the reference line. SOD = Superoxide dismutase activity; CAT = Catalase activity; TAC = Total Antioxidant Capacity; CbEs = Carboxilesterases 
activity; GSTs = Glutathione S-transferases activity; LPO = Lipid peroxidation levels and AChE = Acetylcholinesterase activity. The black dashed line corresponds to 
control while the different dashed patterns relate to each concentration in each IBR related PFAS.
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induced cellular stress, particularly oxidative stress, which is known to 
influence the expression of various enzymes, including AChE. Further
more, the upregulation of AChE in the DG may indicate a disruption in 
the homeostasis of acetylcholine, which plays an important role in non- 
neuronal cell signaling and can influence inflammatory and metabolic 
pathways. It is hypothesized that the increased AChE activity in the DG 
may affect the regulation of digestive enzyme production, secretory 
processes, and immune responses. This dysregulation has the potential 
to compromise digestive efficiency and immune competence, thereby 
reducing the organism’s overall fitness and resilience to environmental 
stressors. Cruz et al. (2023) reported an increase in AChE activity in the 
DG of M. galloprovincialis following pharmaceutical exposures. The 
findings of the present study align with the results obtained, as the au
thors associated this effect with a short-term compensatory response 
aimed at counteracting the neurotoxic effects of the contaminants. 
However, it was also emphasized that AChE responses may vary 
depending on the specific contaminant and the duration of exposure. 
This is supported by the study conducted by Vieira Sanches et al. (2023), 
in which an in vitro exposure of mussel DG tissues to ionic liquids 
revealed that the activity of AChE was inhibited. These findings rein
force previous evidence that AChE activity is influenced by the specific 
chemical structure of the contaminant.

In terms of oxidative stress, the present study showed that the total 
antioxidant capacity (TAC), which reflects the overall ability of non- 
enzymatic cellular antioxidants, such as glutathione, vitamins C and E, 
and other small molecules, to neutralize reactive oxygen species (ROS), 
was inhibited in the DG following exposure to emerging PFAS, including 
GenX, PFBA, and PFHxS. This reduction is indicative of a diminished 
capacity to maintain redox homeostasis, thus suggesting a convergent 
oxidative stress response as a key toxicological mechanism. This decline 
may result from an accelerated consumption of antioxidant molecules 
due to increased ROS production, or from impaired biosynthesis and 
regeneration of these antioxidants, ultimately reflecting a sustained 
disruption of the tissue’s non-enzymatic antioxidant defenses. Similarly, 
a study conducted by Pereira et al. (2025) reported that exposure of 
mussel DG tissues to pharmaceutical drugs resulted in a reduction in 

TAC, thus corroborating our findings. Regarding PFBS, its position close 
to the glutathione S-transferases (GSTs) vector in the nMDS and higher 
values in the IBR v2 aligns with a pronounced induction of this group of 
enzymes in the DG. Glutathione S-transferases represent a key family of 
phase II detoxification enzymes that catalyze the conjugation of reduced 
glutathione (GSH) to a variety of electrophilic xenobiotics, facilitating 
their solubilization and excretion (Mazari et al., 2023; Vaish et al., 
2020). The significant upregulation of GSTs activity observed in 
response to PFBS suggests an intensified cellular effort to detoxify this 
compound or its potentially reactive metabolites. Although PFBS is a 
short-chain PFAS often considered less bioaccumulative than its long- 
chain counterparts, its biochemical impact indicates a capacity to 
elicit oxidative or electrophilic stress. The activation of GSTs may thus 
reflect a protective mechanism aimed at preserving redox homeostasis 
and preventing cellular damage, highlighting the compound’s ability to 
engage cellular defense pathways despite its emerging classification. 
This is consistent with the findings of Vieira Sanches et al. (2023), who 
also reported an increase in GSTs activity in the DG of mussels exposed 
to ionic liquids. In contrast, distinct biochemical effects were observed 
for PFHxS, particularly evident through the inhibition of GSTs and 
carboxylesterases (CbEs) activities. These enzymes are crucial compo
nents of the detoxification system. Carboxylesterases are a class of phase 
I detoxification enzymes that play a key role in the hydrolysis of ester- 
containing xenobiotics and endogenous lipids, contributing to both 
detoxification and lipid metabolic processes (Solé and Sanchez- 
Hernandez, 2015). On the other hand, GSTs are phase II detoxification 
enzymes that catalyze the conjugation of the tripeptide GSH to a wide 
variety of electrophilic compounds, facilitating their solubilization and 
excretion. The inhibition of these enzymes indicates a potential 
impairment of phase I and phase II biotransformation pathways and may 
reflect the early onset of metabolic disturbance, potentially compro
mising the body’s ability to effectively process and eliminate xenobiotic 
compounds. A study conducted by Solé and Sanchez-Hernandez (2018)
also reported inhibition of CbEs activity following in vitro exposure of 
DG of mussels to human pharmaceuticals and personal care products 
(PPCPs). Together with the previously noted decrease in TAC, these 

Fig. 7. Non-metric multidimensional scaling (nMDS) based on biochemical markers in S9 Mytilus galloprovincialis digestive gland (A) and gills (B) exposed to 
different concentrations (0.1; 1; 10; 100 μg/L). For nMDS, pearson correlation vectors are superimposed as supplementary variables, namely biochemical data (r >
0.25). SOD = Superoxide dismutase activity; CAT = Catalase activity; TAC = Total Antioxidant Capacity; CbEs = Carboxylesterases activity; GSTs = Glutathione S- 
transferases activity; LPO = Lipid peroxidation levels and AChE = Acetylcholinesterase activity.
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findings point toward a compromised cellular defense system, wherein 
both conjugative detoxification and non-enzymatic antioxidant re
sponses are suppressed. This dual impairment positions PFHxS as a 
potentially disruptive contaminant capable of undermining multiple 
biochemical pathways involved in detoxification and redox regulation. 
The absence of observable cellular damage in the DG following exposure 
to the emerging PFAS may be attributed to several interrelated factors. 
Unlike legacy PFAS, these compounds may possess lower bio
accumulative potential, limiting their intracellular concentration and 
thus reducing their capacity to exert direct cytotoxic effects (Chambers 
et al., 2021). Additionally, emerging PFAS may exhibit diminished pro- 
oxidant activity, thereby generating lower levels of ROS and oxidative 
stress. Furthermore, despite the observed inhibition of key detoxifica
tion enzymes such as CbEs activity and TAC levels, the maintenance of 
cellular integrity suggests the presence of compensatory or alternative 
antioxidant pathways. These defense mechanisms may effectively 
neutralize ROS and mitigate oxidative damage, preserving cellular 
structure and function even in the face of biochemical disruptions.

Similar to emerging PFAS, exposure to PFOA among the legacy PFAS 
resulted in increased AChE activity in the DG, suggesting potential 
disruption of cholinergic pathways or cellular regulatory processes in 
non-neuronal tissues. This response may reflect an early cellular adap
tation to chemical stress, possibly linked to alterations in metabolic or 
immune-related pathway mechanisms. In contrast, PFOS exposure 
resulted in a marked increase in lipid peroxidation (LPO) levels, indi
cating significant oxidative damage likely due to an imbalance in anti
oxidant defenses. Studies conducted by Liu et al. (2014) also observed 
that mussels of the Perna viridis species exposed to different concentra
tions (0.1, 1, 10, 100, and 1000 μg/L) of PFOS showed high levels of 
DNA damage, using the comet assay. High LPO levels were supported by 
a decrease in CAT activity, suggesting a reduced ability to degrade 
hydrogen peroxide, thereby contributing to ROS accumulation. At the 
same time, the increase in CbEs activity may reflect a compensatory 
detoxification effort in response to PFOS-induced stress, whereas in the 
case of emerging PFAS, a decrease in CbEs activity was observed, 
potentially due to different interaction mechanisms with metabolic 
pathways, which might limit the activation of detoxification processes 
or indicate a shift in enzymatic regulation in response to these com
pounds. For instance, following prolonged exposure (7, 14, and 21 days) 
of M. galloprovincialis to PFOS, an increase in GSTs activity in hepato
pancreas was observed at 14 and 21 days, suggesting that the duration of 
exposure influences the temporal dynamics of enzymatic responses 
(Gülsever and Parlak, 2018). The combination of impaired ROS scav
enging (via CAT) and increased detoxification activity (via CbEs) likely 
contributes to the elevated LPO levels observed, emphasizing the potent 
pro-oxidative and membrane-damaging effects of PFOS. In a study car
ried out by Bi et al. (2022), an increase in malondialdehyde (MDA) 
levels was observed in the visceral mass of Corbicula fluminea following 
28 days of exposure to varying concentrations of PFOS, indicating 
enhanced LPO levels. However, in the present study, PFOS induced 
oxidative damage at almost all tested concentrations, suggesting that 
PFOS may have a broader toxicological effect across a range of exposure 
levels compared to long-chain PFAS and with the emerging ones. On the 
other hand, PFNA did not induce LPO but, instead, increased the activity 
of both CAT and CbEs. This combined increase suggests an antioxidant 
and detoxification response aimed at reducing oxidative stress without 
causing significant lipid damage. Interestingly, the PFNA profile in the 
MDS analysis was close to that of the CTL group, indicating a more 
moderate biochemical effect compared to the other PFAS tested.

Overall, emerging PFAS, including PFBA, GenX, and PFHxS, pre
dominantly result in significant elevations in AChE activity, indicating 
potential disruption of cholinergic signaling pathways, particularly in 
non-neuronal tissues such as the DG. These substances also lead to a 
reduction in TAC, signifying the induction of oxidative stress, although 
they do not elicit the same degree of oxidative damage as legacy PFAS 
like PFOS, which promotes increased LPO levels. Emerging PFAS 

generally activate detoxification enzymes such as GSTs as part of a 
cellular defense response, while legacy PFAS, especially PFOS, inhibit 
both GSTs and CbEs activities, suggesting an impairment of detoxifica
tion mechanisms. In summary, in the DG, while emerging PFAS appear 
to induce less oxidative damage, they may still interfere with cellular 
processes, whereas legacy PFAS, notably PFOS, induce more pro
nounced toxic effects across multiple biochemical pathways.

4.2.2. Gills
In bivalves, the G perform critical physiological functions, primarily 

in respiration and filter feeding (Frank et al., 2015; Varotto et al., 2013). 
Due to their large surface area, dense vascularization and direct, 
continuous contact with the surrounding aquatic environment, G are a 
major interface for gas exchange and uptake of suspended particles 
(Frank et al., 2015; Varotto et al., 2013). These characteristics make 
them valuable bioindicators in ecotoxicological research as they are 
particularly susceptible to the accumulation of contaminants of aquatic 
origin, including trace metals (Liu et al., 2011), rare earth elements 
(Pinto et al., 2025), pharmaceuticals (Pereira et al., 2025) and persistent 
organic pollutants such as PFAS (Copeto et al., 2024). Exposure to the 
emerging PFAS compounds PFBA, GenX and PFHxS resulted in a pro
nounced inhibition of both TAC levels and CbEs activity in the G tissues. 
The decrease in TAC reflects a compromised ability to counteract ROS, 
increasing the risk of oxidative damage, while the suppression of CbEs 
suggests impaired phase I detoxification. This similar biochemical 
pattern was already observed in the DG. The parallel disruption of 
antioxidant defenses and biotransformation pathways in the G and DG 
highlights a common toxicological profile for PFBA, GenX and PFHxS, 
suggesting that these emerging PFAS may compromise mussel health by 
targeting fundamental detoxification and oxidative stress response sys
tems across multiple organs. Studies conducted by Solé and Sanchez- 
Hernandez (2018) have also observed an inhibition of CbEs in human 
pharmaceuticals and personal care products, in the G and DG of 
M. galloprovincialis. In particular, after a short exposure to pharmaceu
ticals in G, Pereira et al. (2025) already observed a reduction in TAC 
levels. A marked inhibition of AChE activity was consistently observed 
in the G tissues following exposure to all emerging PFAS, with GenX 
exhibiting the most pronounced effect. Given the direct exposure of the 
G to the aquatic environment, the suppression of AChE in this tissue 
suggests a vulnerability to neurotoxic-like mechanisms potentially 
triggered by these compounds. AChE in mussel G is thought to play roles 
beyond classical neurotransmission, including involvement in cell-cell 
communication, regulation of ion transport and epithelial function. Its 
inhibition could therefore affect these essential physiological processes 
and contribute to tissue dysfunction. Studies conducted by Vieira 
Sanches et al. (2023) also reported a reduction in AChE activity in the G 
following exposure to ionic liquids. A contrasting response was observed 
in the DG, where AChE activity increased, particularly in response to 
PFBA and GenX. This indicates that AChE may be subject to tissue- 
specific modulation and that its role in mussel physiology may differ. 
The strong AChE inhibition exhibited by GenX in G tissues underscores 
its potential for neurotoxicity and suggests a targeted disruption of 
cholinergic-like signaling at the primary interface of the organism with 
its environment.

Among legacy PFAS, an intriguing observation pertains to the posi
tioning of PFNA, which is located close to the CTL group on the nMDS for 
the G tissues, a finding that has previously been observed in the DG. This 
observation suggests a relatively minor disturbance in the profile of the 
biomarkers evaluated. However, the biochemical responses reveal spe
cific effects associated with each compound. Notably, both PFOA and 
PFNA were shown to inhibit SOD activity, indicating a decreased ca
pacity to scavenge superoxide radicals and potentially impairing the 
organism’s primary antioxidant defense mechanism. In contrast, 
emerging PFAS, particularly PFBA, did not exhibit this inhibitory effect 
on SOD activity, suggesting a different mechanism of action with respect 
to antioxidant defense. Similarly, during longer exposure periods (14 
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days), Pinto et al. (2025) also reported a reduction in SOD activity in 
mussels G following exposure to different concentrations of the rare 
earth element yttrium. However, Copeto et al. (2024) reported an in
crease in SOD activity in M. galloprovincialis adults following 28 days of 
exposure to PFOA, highlighting a potential adaptive antioxidant 
response over time, however, in the present study, a short-term exposure 
of 30 min resulted in SOD inhibition, suggesting that antioxidant re
sponses may vary significantly depending on exposure duration. The 
consistency of these findings, despite differences in exposure duration 
and contaminant type, indicates that SOD is a sensitive biomarker of 
oxidative stress in mussels, susceptible to inhibition under both acute 
and chronic exposure conditions, depending on the nature and intensity 
of the stressor. Interestingly, similar to GenX, PFNA also induced a sig
nificant increase in CAT and CbEs activities, reflecting a comparable 
response observed in the DG. This suggests a compensatory activation of 
alternative antioxidant and detoxification pathways in response to the 
oxidative challenge. Furthermore, among legacy compounds PFOS, 
PFOA and PFNA consistently suppressed total antioxidant capacity TAC 
in the G, reflecting a generalized reduction in the tissue’s ability to 
counteract ROS. Pereira et al. (2025) after in vitro and in vivo experi
ments observed and inhibition of TAC levels in G of M. galloprovincialis 
exposed to diclofenac and gentamicin. In addition, PFOS and PFNA have 
been observed to inhibit GSTs, suggesting a possible impairment in 
phase II detoxification and reduced conjugation of xenobiotics with 
glutathione. In chronic exposure assays to PFOS lasting 7 (Liu et al., 
2020) and 28 days (Bi et al., 2022), a reduction in GSTs activity was also 
observed in the whole tissue and G, respectively, of C. fluminea. Overall, 
these results suggest that despite their different overall effects as re
flected by nMDS aggregation, legacy PFAS exert significant pressure on 
key enzymatic defenses in the G, disrupting both antioxidant and 
conjugation functions. However, no significant evidence of cellular 
damage was detected. This finding suggests that short-term exposure 
may not be sufficient to induce membrane disruption and raises the 
possibility that mussels have developed compensatory defense mecha
nisms capable of mitigating ROS generation or preventing their inter
action with membrane lipids. Corroborating these findings, Amraoui 
et al. (2018) demonstrated that after 7 days exposure to PFOS in the 
freshwater mussel Unio ravoisieri resulted in elevated LPO levels in both 
tissues (G and DG), indicating oxidative damage after prolonged expo
sure compared to the present study. Additionally, Xu et al. (2022)
observed an increase in LPO levels in the G of the marine mussel Perna 
viridis after 7 days of exposure to varying concentrations of PFOS (10, 
100, and 1000 μg/L).

Overall, emerging PFAS (PFBA, GenX, PFHxS) primarily impair 
antioxidant defenses in G by inhibiting TAC and CbEs activities and 
suppressing AChE, particularly with GenX, inducing oxidative stress 
without significant oxidative damage. Conversely, legacy PFAS (PFOS, 
PFOA, PFNA) cause more pronounced disruptions, including inhibition 
of SOD, TAC, and GSTs, resulting in oxidative damage. The DG exhibited 
greater sensitivity, showing broader biochemical alterations such as 
modulation of AChE, TAC, GSTs, and CbEs activities. Increased AChE 
activity in the DG following exposure to emerging PFAS suggests 
disruption of cholinergic signaling, potentially linked to oxidative or 
metabolic stress. In contrast, G, as the primary environmental interface, 
showed AChE inhibition and impaired antioxidant defenses but no overt 
oxidative damage, indicating possible compensatory mechanisms. These 
results highlight tissue-specific and compound-specific responses, with 
the DG being the most responsive tissue for biomonitoring PFAS expo
sure. Similarly, Zhang et al. (2025) emphasize that PFAS toxicity affects 
both long- and short-chain compounds in invertebrates, underscoring 
that short-chain PFAS, often regarded as safer alternatives, can still pose 
significant ecological risks.

4.3. Intra-group variability and ecological implications

An interesting observation from this study was the intra-group 

variability within the emerging PFAS group, underscoring the limita
tions of treating them as a homogeneous class. Compounds like GenX 
and PFBA exhibited highly distinct biochemical profiles compared to 
PFHxS and PFBS, suggesting divergent modes of action despite struc
tural similarities highlighted by IBR v2 index and nMDS analysis. These 
findings support the growing consensus that the toxicological behavior 
of emerging PFAS cannot be generalized and must be evaluated on a 
compound-specific basis. Similar to our observations, Liu et al. (2023)
reported distinct, compound-specific effects of PFOA and GenX on 
zebrafish development and gene expression. In contrast, legacy PFAS 
displayed more consistent biochemical responses, particularly in the DG. 
The clustering of legacy PFAS in the nMDS plots and their relatively 
uniform IBR v2 values suggest conserved mechanisms of action and 
predictable toxicokinetics, making these compounds easier to regulate. 
This consistency, while facilitating regulation, does not diminish their 
ecological persistence or toxicity. Interestingly, the tissue-specific 
response patterns highlight the role of organ function in modulating 
PFAS effects. In the G, legacy PFAS showed more variable responses, 
whereas PFHxS and PFBS induced more uniform alterations. These 
contrasting profiles may result from differences in bioavailability, 
membrane permeability, and tissue-specific enzyme expression.

Overall, the results confirm that legacy PFAS, particularly PFOS, 
emerged as the most potent disruptors of biochemical homeostasis, 
exerting strong pro-oxidant effects and broad enzymatic suppression. 
These patterns are consistent with their known bioaccumulation and 
toxicity profiles in aquatic organisms (Amraoui et al., 2018; Liu et al., 
2014; Xu et al., 2022). Although emerging PFAS such as GenX and 
PFHxS interfered with key enzymatic systems, they induced less oxida
tive damage and were often associated with adaptive or reversible re
sponses. However, despite generally subtler effects, they exhibited 
compound- and tissue-specific disruptions that should not be over
looked. Their capacity to impair detoxification and signaling mecha
nisms warrants caution, particularly under chronic exposure conditions 
or in combination with other environmental stressors. These findings 
support the growing recognition of the need to evaluate the toxicological 
impacts of emerging PFAS, as emphasized by Wang et al. (2025), who 
highlight significant knowledge gaps regarding their behavior and ef
fects in marine environments.

5. Conclusion

This study revealed distinct toxicological profiles between legacy 
and emerging PFAS in Mytilus galloprovincialis. Emerging PFAS such as 
PFBA, GenX, and PFHxS triggered more variable and often stronger 
biochemical responses, particularly in the digestive gland (DG), 
including AChE upregulation, antioxidant capacity inhibition, and GSTs 
or CbEs modulation. Legacy compounds like PFOS and PFOA showed 
more consistent oxidative stress markers, notably lipid peroxidation and 
altered enzyme activity. Tissue-specific differences underscore the DG’s 
greater sensitivity compared to the gills (G). Given its broad and sensi
tive biochemical reactivity, the DG tissues should be prioritized in up
coming environmental monitoring and risk assessment protocols 
addressing PFAS contamination. Together, these findings underscore the 
biochemical potency and complexity of emerging PFAS, challenging the 
perception that newer alternatives are inherently safer. They also 
highlight the tissue-specific nature of PFAS toxicity and the importance 
of integrating multiple biomarkers to capture the nuanced effects of 
these persistent contaminants. The evidence presented reinforces the 
need for continued ecotoxicological monitoring and regulatory scrutiny 
of both legacy and emerging PFAS, especially given their environmental 
persistence and capacity to disrupt critical physiological functions in 
aquatic organisms.
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Solé, M., Sanchez-Hernandez, J.C., 2018. Elucidating the importance of mussel 
carboxylesterase activity as exposure biomarker of environmental contaminants of 
current concern: An in vitro study. Ecol. Indic. 85, 432–439. https://doi.org/ 
10.1016/j.ecolind.2017.10.046.
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